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Abstract: A decline in soil quality is a major factor contributing to the degradation of forest ecological
function. Vegetation plays a vital role in maintaining soil quality; however, the influence of plantation
length on soil quality remains unclear. In this study, we collected soil samples in Northern China using
a space-for-time substitution method. Soil were collected from control grassland; a clear-cutting site;
16-year-old (young, first, and second generation), 28-year-old (immature, first, and second generation),
and 44-year-old (mature, first generation) Larix principis-rupprechtii Mayr stands in May, July, and
September 2016. We measured soil physical and chemical properties, microbial communities, and
enzymatic activities. We selected soil bulk density, non-capillary porosity, volume humidity, soil
organic carbon and activity of polyphenol oxidase to calculate a soil quality index (SQI) for each site.
Our data indicated that clear-cutting greatly decreased soil quality of Larix principis-rupprechtii
forests but returning the harvesting residues to the forest floor could reduce the negative impact of
clear-cutting on soil quality. The soil quality improved significantly by prolonging the cultivation
cycle and it took about 39 years for the first-generation forest to restore soil quality to the level of the
control plot. Our study confirms that SQI provides a comprehensive measurement of soil quality with
the identification of a minimum data set. Comparing SQI with other soil quality indicators would
help us to optimize the method for assessing soil quality.

Keywords: soil quality; successive planting; generation; stand age; clear-cutting; Larix
principis-rupprechtii Mayr

1. Introduction

Soil degradation is a global problem in the 21st century [1]. Declining soil quality leads to the
disruption of normal ecosystem functions and a reduction in ecosystem services [2]. From 1950 to 2010,
soil ecosystem services were degraded by 60% [3], and accelerated soil degradation was reported to
globally affect around 33% of the earth’s land surface [4]. One potential cause of soil degradation is
plantation forestry since repeated harvest and successive replanting can result in the depletion of soil
nutrients [5,6]. The high nutrient demands of some tree species [7,8] may eventually lead to a decrease
in soil quality [9]. Therefore, to maintain the productivity of forests, urgent action is needed to assess
the impact of successive cultivation of timber forests on soil quality.
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The selection of soil quality indicators should be based on the comprehensive evaluation of
soil functions and ecological services [10]. Some studies have evaluated soil quality with soil
chemistry [11–13], in particular, soil organic carbon (SOC) and nitrogen content [14]. Some other works
have assessed soil quality only in terms of biological properties, such as microarthropod communities,
without regarding chemical or physical properties or both [15–17]. These studies only reflect the
limited aspects of soil quality. Ideally, soil quality indicators should take physical properties, chemical
properties, biological communities, enzyme activities, and the interactions among these indicators
into account [18]. A more comprehensive and easy-to-understand soil quality index (SQI) has been
proposed for quantifying the combined physical, chemical, and biological properties of soil and their
response to soil management practices [19].

Soil quality and forest stand management can affect each other [20]. The impact of forest growth
on soil quality has been extensively studied in fast-growing plantation forests [6]. However, soil quality
changes in successive rotations have been rarely investigated in timber forests with long growth cycles.
The contribution of soil quality to ecosystem services is closely linked to forest management activities.
In some situations, forest management results in complex interactive effects on soil properties [21].
Many works have evaluated the effects of clear-cutting on soil quality [22–25]; however, few studies
have reported the SQI approach by considering forest stand growth (stand age and forest generation),
human management (afforestation and clear-cutting), afforestation-stand growth-timber harvest,
continuous variation of forest land.

Larix principis-rupprechtii is one of the main afforestation species in China due to its wide ecological
plasticity, rapid growth, high-quality wood products, and strong stress resistance. We explored
the application of the SQI approach to evaluate the effects of forest plantation management on
soil health in Northern China. We quantified a suite of soil properties and evaluated the SQI of a
reference grassland and a series of Larix principis-rupprechtii forest plantations, including first-generation
16-year-old (young), 28-year-old (immature) and 44-year-old (mature) forests, a clear-cutting site,
and second-generation 16-year-old (young) and 28-year-old (immature) forests. The changes in
soil quality were investigated by measuring the physical and chemical properties, the microbial
communities, and the extracellular enzyme activity of soil. We aimed to advise forest management
planning to maintain soil health and sustainability. We expected (1) that the soil quality would improve
with an increase in stand age; (2) that the soil quality would decline by the change of successive forest
generations; and (3) that clear-cutting would decrease soil quality.

2. Materials and Methods

2.1. Study Area

This experiment was carried out in Saihanba National Forest Park (SNFP), Weichang Manchu
and Mongolian Autonomous County, Hebei Province, China (E 116◦51′–117◦39′, N 42◦02′–42◦36′).
The elevation of the study sites was from 1600 to 1800 m. The area has a semi-arid monsoon climate
and is located in the cool temperate zone with a mean annual temperature of −1.5 ◦C, a maximum
annual temperature of 29.7 ◦C, and a minimum annual temperature of −38.7 ◦C. The mean annual
rainfall is 433 mm, concentrated from June to August. Study sites are characterized as mainly gray
forest soils, predominantly consisting of sand, since about 65% of the soils are sand silt. The carbon
(C): nitrogen (N) ratio is 8.9 ± 0.3, and the soil parent materials are eluvium, saprolite, and alluvium;
the thickness of the surface organic layer of each stand was about 3–8 cm [26]. Larix principis-rupprechtii
is the dominant tree species in the coniferous forest belt of Northern China [27], and the plantation
area accounts for 77.1% of the total plantation area in SNFP.

2.2. Experimental Design and Sampling

The experimental site was originally native grassland dominated by Maianthemum bifolium
and Saussurea japonica. A reference grassland plot (abbreviated as CG) represented the sites on
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which the forest plantations of Larix principis were established. The forest plantations included the
first-generation 16-year-old (young, abbreviated as 1G-16YR), 28-year-old (immature, abbreviated as
1G-28YR), and 44-year-old (mature, abbreviated as 1G-44YR) stands; the second-generation 16-year-old
(young, abbreviated as 2G-16YR) and 28-year-old (immature, abbreviated as 2G-28YR) stands; and a
clear-cutting site (CC) where a mature, i.e., 44-year old, first-generation plantation was harvested in
45 years. The CG plot had never been planted with any trees and had no human disturbance. The
2G-16YR and 2G-28YR were plots where 3-year-old Larix principis-rupprechtii seedlings were planted
after clear-cutting of mature plantations 13 and 25 years earlier respectively. The woodland was plowed
the year before afforestation; in the year of afforestation, the woodland was excavated by a tree planting
digger, and the seedlings were planted. The first five years after afforestation, workers used a mower
to cut grass in the woodlands. After clear-cutting, we also employed a tracked grab wood machine to
remove the timber from the woodland. Unfortunately, no 44-year-old second-generation stands were
available in the SNFP. All the sites used in the present study were located in similar soil and landscape.

In May 2015, five 20 m × 20 m quadrats were established in a grid within each of the seven types
of plots, totaling 35 plots. More information is provided in Table 1.

Table 1. Stand characteristics of Larix principis-rupprechtii plantations of seven types of plots.

Samples Aspect
Angle of the

Slope (◦)
Slope

Position
Canopy
Density

Age (YR) Altitude (m)
Mean DBH

(cm)
Mean Tree
Height (m)

Control grassland North 1◦ Above - - 1657.50 - -
1G-16YR South 3◦ Below 0.80 16 1666.20 8.80 9.40
1G-28YR - - 0.50 28 1702.40 23.90 15.68
1G-44YR North 5◦ Middle 0.70 44 1712.00 35.50 20.50

Clear-cutting forest land - - - - 1672.00 - -
2G-16YR - - 0.90 16 1696.00 7.70 6.90
2G-28YR South 2◦ Middle 0.90 28 1692.20 11.00 9.60

Notes: DBH indicates the diameter at breast height.

In May, July, and September 2016, the soils from the top 0–10 cm, 10–20cm and 20–30 cm layers
were collected from the study sites in one day. Ten soil cores were collected at randomly selected
points from each plot with a 3.6-cm-diameter soil auger, and the samples from different depths at the
same location were mixed together as a composite sample, thereby totaling ten composite samples.
Stones and roots were removed from the soil samples by hand, and the samples were sieved through
2-mm sieves. Five soil samples were stored at 4 ◦C to analyze the soil microbial biomass and enzyme
activity, and the remaining samples were oven-dried at 105 ◦C to reach a constant dry weight for
chemical analysis.

2.3. Physical Analysis

Soil bulk density (SBD) was determined by the intact core method [28,29], and soil capillary
porosity (CP) was subsequently calculated using Equation (1) [30]. Soil non-capillary porosity (NCP)
was also assessed by employing Equation (2) [31]. Moreover, Equation (3) was utilized to quantify
total soil porosity (TP) based on NCP and CP [32], and soil ventilation (SV) was measured by Equation
(4); Equation (5) estimated volume humidity (VH). Soil water content (SWC) and saturated soil water
content (SSWC) were also measured according to the gravimetric method [33]. Capillary water capacity
(CWC) was characterized by the method of Rowell [34], and field capacity (FC) was analyzed using a
pressure plate apparatus [35,36].

CP = CWC× SBD
v
× 100 (1)

NCP =
SSWC−CWC

SBD
(2)

TP = NCP + CP (3)

SV = VH− TP (4)
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VH = SWC× SBD (5)

where CP (%), CWC (%), SBD (g cm−3), V (cm3), and NCP (%) represent capillary porosity, capillary
water capacity, the soil bulk density, the volume of the soil core, and non-capillary porosity, respectively;
SSWC (%), TP (%), SV (%), VH (%), and SWC (%) stand for the saturated soil water content, the soil
total porosity, the soil ventilation, volume humidity, and the soil water content, respectively.

2.4. Chemical Analysis

The soil pH was measured in deionized water by a Delta320 pH-meter using a slurry having a soil
to water ratio of 2:5 (Mettler-Toledo Instruments, Shanghai Co., Ltd., Shanghai, China). The SOC was
also evaluated using Walkley and Black wet oxidation method as outlined in Bao’s work [37]. Moreover,
the total nitrogen (TN) of the soil was digested by concentrated sulfuric acid (98% H2SO4), and the
available phosphorus (AP) extracted from soil by employing hydrochloric acid-ammonium fluoride
(HCl +NH4F) was determined by AA3 HR AutoAnalyzer (Seal Analytical Ltd., Southampton, UK).
The total potassium (TK) of the soil was extracted using concentrated sulfuric acid (98% H2SO4) and
measured by Lumina3300 (Aurora Biomed Inc., Vancouver, BC, Canada).

2.5. Microbial Properties

Soil samples for soil microorganism analysis were passed through a 1-mm sieve and stored in
a ziplock bag at 4 ◦C. The soil microbes were assessed using dilution plate counting [38], and five
replicates were performed on each sample. Bacteria were cultured in a medium of beef-extracted
peptone agar. Actinomycetes and fungi were respectively cultured using a modified Gaussian medium
and Martin’s agar medium; the culture temperature was 28 ◦C. The bacteria and actinomycetes were
cultured for 3–5 days and the fungi were cultured for 5–7 days.

2.6. Soil Enzyme Activity

The activity of catalase and polyphenol oxidase (PPO) activities were measured by potassium
permanganate titration and pyrogallol colorimetry according to Waldrop et al. [39]. Soil urease activity
was also assessed by sodium phenol colorimetry according to Kandeler and Gerber [40].

2.7. Statistical Analysis

The SQI was calculated according to Andrews and Carroll [18], and three steps were involved
in the elaboration of the quality index: (1) the identification of a minimum data set (MDS), (2) the
assignment of a score to each indicator by linear scoring functions, and (3) the data integration into
an index.

Three steps were used to identify the MDS. (1) Data screening: one-way analysis of variance
(ANOVA) was performed on the physical, chemical, and biological properties and the enzyme activities
of the soil. Then, the variables exhibiting significant differences among treatments (p < 0.05) were
chosen for the next step. (2) Selection of representative variables: the principal component analysis
(PCA, see Supplementary Material, Table S1) was performed on the variables chosen from step (1).
Only the principal component (PC) explained greater than 5% and eigenvalues ≥ 1 were examined.
Within each PC, only the factors weighted with absolute values within 10% of the highest weight
were retained for the MDS. (3) Redundancy reduction: multivariate correlation coefficients were
used to determine the strength of the relationships among the variables. Highly correlated variables
(correlation coefficient > 0.70) were considered redundant and nominated to be eliminated from the
data set. To choose variables within the well-correlated groups, we summed the absolute values of the
correlation coefficients for these variables. It was assumed that the variable with the highest correlation
sum represents the group best. Any uncorrelated, highly weighted variable was considered important
and retained in the MDS.
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Linear scoring was applied in this study following the approach of Andrews and Carroll [18].
The linear scoring function (Equation (6)) was used to convert the measured values to the scored values
as follows [41]:

Sij =
Vij −Vimin

Vimax −Vimin
(6)

where Sij is the score of soil variable i of sample j, and Vij represents the observed variable value of
sample j; Vimax and Vimin stand for the highest value of variable i and the lowest value of variable i,
respectively. The scores of the indicators in the MDS (Table 2) were integrated into an SQI (Equation (7))
according to the work of Andrews et al. [42], as follows:

SQI =
n∑

i=1

(Si ×Q(xi)) (7)

where Si is the score assigned to indicator i, and Q(xi) denotes the scoring result of each soil quality
factor; n represents the number of indicators included in the MDS.

Table 2. Soil quality indicator scores (mean ± standard error) for the soil samples taken from the Larix
principis-rupprechtii plantations.

CG 1G-16YR 1G-28YR 1G-44YR CC 2G-16YR 2G-28YR

SBD 0.76 ± 0.04 a 0.29 ± 0.04 c 0.36 ± 0.04 bc 0.49 ± 0.01 b 0.48 ± 0.04 b 0.27 ± 0.06 c 0.28 ± 0.04 c

NCP 0.48 ± 0.02 b 0.25 ± 0.11 b 0.33 ± 0.07 b 0.75 ± 0.11 a 0.42 ± 0.03 b 0.37 ± 0.06 b 0.44 ± 0.13 b

VH 0.46 ± 0.05 cd 0.33 ± 0.09 d 0.59 ± 0.03 bc 0.67 ± 0.03 b 0.90 ± 0.04 a 0.33 ± 0.03 d 0.43 ± 0.05 d

SOC 0.24 ± 0.04 c 0.39 ± 0.06 bc 0.43 ± 0.04 b 0.71 ± 0.09 a 0.36 ± 0.01 bc 0.43 ± 0.02 b 0.47 ± 0.02 b

PPO 0.47 ± 0.02 bc 0.43 ± 0.06 c 0.58 ± 0.09 ab 0.63 ± 0.02 a 0.43 ± 0.01 c 0.25 ± 0.02 d 0.45 ± 0.01 bc

Notes: SBD: soil bulk density; NCP: non-capillary porosity; VH: volume humidity; SOC: soil organic carbon; and
PPO: polyphenol oxidase. In rows, the values with different letters are significantly different (p < 0.05).

One-way analysis of variance (ANOVA) was utilized to judge the significant differences among
the physical, chemical, and biological properties of the soil, among the enzyme activity of the soil, and
among the SQI of these treatments for the seven types of the forest lands. First, Shapiro-Wilk test and
Levene test were used to respectively verify the assumptions of the normality and homogeneity of
variance of the data on each variable; Duncan test was then used for a multiple comparison analysis.
All the statistics calculation was conducted using PASW Statistics 18 (IBM, Armonk, NY, USA) with
the level of significance set at p < 0.05. A p-value smaller than 0.05 indicates that the possibility of
assumption is greater than 95%, and a p-value less than 0.01 in the following denotes that the possibility
of assumption is greater than 99%. All the figures were also generated using Origin 8 (Origin Lab,
Northampton, MA, USA).

3. Results

3.1. Soil Physical Properties

3.1.1. Soil Bulk Density

As shown in Figure 1, SBD was significantly higher in CG plot (1.39 g cm−3) among the seven
types of plots. After the initial afforestation, the sample SBD dropped significantly, i.e., the SBD of
1G-16YR was 1.12 g cm−3. The SBD of the first-generation forest was enhanced with an increase in
stand age. The SBD of the mature forest wood (1.24 g cm−3) was also higher than that of the other
stands. Moreover, there was no significant difference in SBD before and after clear-cutting. The SBD
of the 2G-16YR plot (1.10 g cm−3) was significantly lower than that of CC plots. The SBD of the
second-generation forest still rose with an increase in stand age, but the SBD of CC was significantly
dropped by 11.85% compared to CG. In this study, the difference in the SBD of the soils of the seven
types of plots was significant (p < 0.01).
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Figure 1. Soil bulk density in the successive Larix principis-rupprechtii plantations. CG indicated the
control grassland; 1G-16YR indicated the 16-year 1st generation forest; 1G-28YR indicated the 28-year
1st generation forest; 1G-44YR indicated the 44-year 1st generation forest; CC indicated clear-cutting
forest; 2G-16YR indicated the 16-year 2nd generation forest, and 2G-28YR indicated the 28-year 2nd
generation forest. Soil bulk density (SBD) values with the same letter are not significantly different at
p < 0.05. Error bars indicate the standard error; n = 15.

3.1.2. Soil Porosity

TP and NCP generally improved with a rise in stand age synchronously, and the values (60.73%
and 11.99%) in 1G-44YR were higher compared to the other stand types (Figure 2). The TP of 1G-16YR
was significantly increased by 9.62% compared with that of CG, but the NCP of 1G-16YR was 20.46%
lower than that of CG. The TP and NCP of the samples in the plot were not significantly different
before and after the second afforestation (p > 0.05). Caused by clear-cutting, NCP fell by 23.61% in
the 1G-44YR plot. CP and SV also decreased with the increase of stand age. The values of forest CP
(51.72%) and SV (43.61%) appeared in 1G-16YR were higher than those of the other stands. The CP
and SV of 1G-16YR were 1.82% and 9.67% higher than that of CG, respectively, whereas the difference
was not significant (p < 0.05). Also, the CP and SV of 2G-16YR significantly grew respectively by 2.63%
and 106.62% compared to that of CC (p < 0.01); however, the SV of CC was significantly lower than
that of CG by 49.77%. Except for CP (p = 0.15), the other soil porosity indicators were significantly
different among the seven types of the plots (p ≤ 0.05).
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Figure 2. Soil porosity in the successive Larix principis-rupprechtii plantations. (a) Total porosity;
(b) Non-capillary porosity; (c) Capillary porosity; (d) Soil ventilation. CG indicated the control
grassland; 1G-16YR indicated the 16-year 1st generation forest; 1G-28YR indicated the 28-year 1st
generation forest; 1G-44YR indicated the 44-year 1st generation forest; CC indicated clear-cutting forest;
2G-16YR indicated the 16-year 2nd generation forest, and 2G-28YR indicated the 28-year 2nd generation
forest. Soil porosity values with the same letter are not significantly different at p < 0.05. Error bars
indicate the standard error; n = 15.

3.1.3. Soil Water Content

The trend of SWC was the same as VH trend (Figure 3a,e). As stand age rises, a significant decline
was seen in SWC and VH after afforestation, but an opposite trend was noticed after clear-cutting.
SWC (30.97%) and VH (29.14%) in the CC plots were significantly higher than those of the other stands.
The CWC and FC of the first-generation forest dropped with an increase in stand age. Nevertheless,
no significant difference was seen in CWC and FC between the two stand ages of the second-generation
forest. The values of CWC (46.39%) and FC (44.62%) appeared in 1G-16YR (Figure 3c,d) were higher
compared to the other stand types, and CWC and FC were upgraded either by afforestation or by
clear-cutting. The value of SSWC was significantly higher in 1G-16YR (49.97%) than in the CC plots
(41.76%, Figure 3b). Compared with CG, SWC and VH significantly rose by 78.83% and 82.96% in the
CC plots, respectively. Except for SSWC, the soil moisture indices were significantly different among
the seven types of the plots (p < 0.05).
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Figure 3. Water in soil in the successive Larix principis-rupprechtii plantations. (a) Soil water content;
(b) Saturated soil water content; (c) Capillary water capacity; (d) Field capacity; (e) Volume humidity.
CG indicated the control grassland; 1G-16YR indicated the 16-year 1st generation forest; 1G-28YR
indicated the 28-year 1st generation forest; 1G-44YR indicated the 44-year 1st generation forest; CC
indicated clear-cutting forest; 2G-16YR indicated the 16-year 2nd generation forest and 2G-28YR
indicated the 28-year 2nd generation forest. Water in soil values with the same letter are not significantly
different at p < 0.05. Error bars indicate the standard error; n = 15.

3.2. Soil Chemical Properties

3.2.1. Soil pH Value

The pH value of the second-generation forest was significantly higher than that of the
first-generation forest (Figure 4); the acidity of the soil was lower in the CG plot (6.36), but the
acidity of 1G-16YR (5.64) soil was higher compared to the other stand types. The pH value of the
first-generation forest increased as the stand age rose, while the second-generation forest showed
an opposite trend. The pH of clear-cut land was also reduced by 1.37%. Moreover, the pH of CC
was significantly lower (9.59%) than that of CG. The pH difference among the plots was significant
(p < 0.01).
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Figure 4. Soil pH value in the successive Larix principis-rupprechtii plantations. CG indicated the control
grassland; 1G-16YR indicated the 16-year 1st generation forest; 1G-28YR indicated the 28-year 1st
generation forest; 1G-44YR indicated the 44-year 1st generation forest; CC indicated clear-cutting forest;
2G-16YR indicated the 16-year 2nd generation forest and 2G-28YR indicated the 28-year 2nd generation
forest. The pH value with the same letter is not significantly different at p < 0.05. Error bars indicate
the standard error; n = 15.

3.2.2. Soil Nutrients

SOC, TN, and TK all were enhanced with an increase in stand age unanimously. After clear-cutting,
SOC, TN, and TK were reduced by 44.44%, 29.85%, and 16.31%, respectively. Afforestation reduced
TN and TK both in the CG plot and the CC plot but increased SOC. The value of SOC in 1G-44YR
(84.27 g kg−1) was significantly higher than that of the other stand types. In addition, the values of TN
(3.90 g kg−1) and TK (3.02 g kg−1) of the CG plots were remarkably higher compared to the other stand
types (Figure 5). However, the TN and TK values of the CC plot were considerably lower than those of
CG plot by 44.97% and 23.65%, respectively. Except for AP, the indicators were markedly different
among the seven types of plots (p < 0.01).
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Figure 5. Soil nutrients in the successive Larix principis-rupprechtii plantations. (a) Soil organic carbon;
(b) Total nitrogen; (c) Available phosphorus; (d) Total potassium. CG indicated the control grassland;
1G-16YR indicated the 16-year 1st generation forest; 1G-28YR indicated the 28-year 1st generation
forest; 1G-44YR indicated the 44-year 1st generation forest; CC indicated clear-cutting forest; 2G-16YR
indicated the 16-year 2nd generation forest and 2G-28YR indicated the 28-year 2nd generation forest.
Soil nutrients with the same letter are not significantly different at p < 0.05. Error bars indicate the
standard error; n=15.

3.3. Soil Biological Properties

3.3.1. Soil Microorganisms

As illustrated in Figure 6, bacteria, actinomycete, and fungi were promoted with the increased
stand age. The value of bacteria in 1G-44YR (60.87 × 106 g−1), the value of actinomycete in 2G-28YR
(11.70 × 106 g−1), and that of fungi in the CG plots (11.83 × 104 g−1) were higher than their counterparts
in the other types of stands. The bacteria of the first-generation forest land were significantly larger
than those of the second-generation forest. The value of the bacteria of 1G-16YR was 2.27 times more
than that of 2G-16YR, and the bacteria value of 1G-28YR was 1.69 times higher than that of 2G-28YR.
Except for fungi (p = 0.06), the other indicators were noticeably different among the plots (p < 0.05).
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Figure 6. Soil microorganisms in the successive Larix principis-rupprechtii plantations. (a) Bacteria;
(b) Actinomycete; (c) Fungi. CG indicated the control grassland; 1G-16YR indicated the 16-year 1st
generation forest; 1G-28YR indicated the 28-year 1st generation forest; 1G-44YR indicated the 44-year
1st generation forest; CC indicated clear-cutting forest; 2G-16YR indicated the 16-year 2nd generation
forest and 2G-28YR indicated the 28-year 2nd generation forest. Soil microorganisms with the same
letter are not significantly different at p < 0.05. Error bars indicate the standard error; n = 15.

3.3.2. Soil Enzyme Activity

The activity of catalase, PPO, and urease was enhanced with the increase of stand age (Figure 7).
The catalase value of the CG plot (0.62 mL g−1) and the values of PPO and urease of the 1G-44YR
plot (0.44 10−2 and 2.67 mg g−1) were higher than those of the other plots. The PPO value of 2G-16YR
was significantly decreased by 32.03% compared with that of the CC plot, while the PPO value was
considerably reduced by 26.39% due to clear-cutting. Also, clear-cutting markedly dropped urease
by 51.94%.
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Figure 7. Soil enzyme activities in the successive Larix principis-rupprechtii plantations. (a) Catalase;
(b) Polyphenol oxidase; (c) Urease. CG indicated the control grassland; 1G-16YR indicated the 16-year
1st generation forest; 1G-28YR indicated the 28-year 1st generation forest; 1G-44YR indicated the
44-year 1st generation forest; CC indicated clear-cutting forest; 2G-16YR indicated the 16-year 2nd
generation forest and 2G-28YR indicated the 28-year 2nd generation forest. Soil enzyme activities with
the same letter are not significantly different at p < 0.05. Error bars indicate the standard error; n = 15.

3.4. Soil Quality Index

Soil variables with significant differences among treatments included SBD, TP, NCP, SV, SWC,
CWC, FC, VH, pH, SOC, TN, TK, bacteria, actinomycete, PPO, and urease. The first four PC’s explained
greater than 5% and eigenvalues ≥ 1. The highly weighted variables under the four PC’s were SBD,
TN, SV, VH, bacteria, PPO, NCP and SOC (see Supplementary Material, Table S1). As illustrated in
Figure 8 and Table S2, 1G-44YR had the greatst soil quality; NCP and SOC were not well correlated
with the other variables and retained for the MDS. SBD and TN were remarkably correlated; SBD had a
higher correlation sum, so it was retained for the MDS. SV and VH were negatively correlated to each
other; VH was retained for the MDS by the higher correlation sum. Bacteria and PPO were noticeably
correlated; PPO had a higher correlation sum and was retained for the MDS. The variables selected to
remain in MDS are SBD, NCP, VH, SOC, and PPO, which are used to calculate SQI.
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Figure 8. Biplots of soil variables and treatments in PC1 and PC2.

As depicted in Figure 9, the SQI of 1G-44YR (0.66) was significantly larger than that of the other
stand types. The SQI of CG (0.47) and that of CC (0.51) were remarkably higher than that of 1G-16YR
(0.34) and that of 2G-16YR (0.33) by 38.24% and 54.55%, respectively. After a stand incubation period
(compare the 1G-16YR with the 2G-16YR), the SQI was decreased by 2.90%, but the improvement was
not significant (p < 0.05).
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Figure 9. Soil quality index in the successive Larix principis-rupprechtii plantations. SQI: soil quality
index; CG indicated the control grassland; 1G-16YR indicated the 16-year 1st generation forest; 1G-28YR
indicated the 28-year 1st generation forest; 1G-44YR indicated the 44-year 1st generation forest; CC
indicated clear-cutting forest; 2G-16YR indicated the 16-year 2nd generation forest and 2G-28YR
indicated the 28-year 2nd generation forest. Soil quality indices with the same letter are not significantly
different at p < 0.05. Error bars indicate the standard error; n = 15.

4. Discussion

4.1. Stand Age

Our observations supported our first hypothesis since all the indicators improved with an increase
in stand age, except for TP, CP, SV, SSWC, CWC, FC, pH, AP, and catalase. The comprehensive analysis
confirmed that the SQI was also significantly increased with an increased stand age. Furthermore,
the results of this study are consistent with the work of Lima et al. [43], whereas they are contrary to
the results of Zhang et al. [6]; this contrast is attributed to the lower temperature of the studied site,
which consequently slowed down the decomposition of soil organic matter. Moreover, tree species are
the main factors affecting microbial community activity and changing soil nutrient dynamics [44], and
the pine needles of Larix principis-rupprechtii returns nutrients to the soil in the form of litter in the
non-growth season. The growth rate of Larix principis-rupprechtii was slower and the demand for soil
nutrients was relatively less. Thus, the cultivation of Larix principis-rupprechtii would improve soil
quality. This study also stated that the average annual growth of the SQI from 28- to 44-year old was
1.27 times larger than that of the SQI from 16- to 28-year old (Figure 9). The older the forest stand is,
the clearer the improvement of the soil quality is. It was speculated that the reason may be as follows:
(1) The forest was gradually closed due to the increase of stand age; lower decomposition and soil
disturbance reduction were found after the canopy closed [14,45,46]. Also, a high litter mass may
contribute to the subsequent increase in SOC stocks in the older stands [47–49]. (2) During the early
stages of plant life, nutrient absorption was kept at a high level, whereas litter production was at a low
level. However, litter production increased, but nutrient absorption fell as the plant became older [50].
Therefore, extending the cultivation cycle of Larix principis-rupprechtii forests is beneficial to improving
soil quality.

122



Forests 2019, 10, 932

4.2. Forest Generation

The results also showed that indicators such as SWC, VH, bacteria and PPO dropped by the
change of forest generation. According to the comprehensive analysis, increasing forest generation
reduced the soil quality in the stand, but the difference was insignificant, which failed to support
our second hypothesis. The results of this study are not consistent with the work of Zhang et al. [6]
on the soil change of the third and fourth generations of eucalyptus forests. It was speculated that
Zhang et al. [6] decreased the disturbance of soil afforestation activities by changing the reclamation
method the after clear-cutting of the third-generation forest and fertilized forest land to supplement
soil nutrients and improve soil quality. In the present study, plowing the forest (creating furrows
and ridges) exposed the soil to air during afforestation. The exposure process promoted the loss of
mineral components and reduced soil quality. In addition to afforestation activities, clear-cutting
also accelerates the decomposition rate of SOC [51,52] and reduces SOC stocks, thereby causing a
considerable decline in the soil quality in the forest land [27]. After clear-cutting, the cutting remains
were not returned to the forest land, further resulting in a remarkable decrease in the soil quality of the
forest land. However, the growth of the first-generation forests for more than 40 years has noticeably
enhanced the soil quality. Therefore, an increase in the forest generation did not significantly reduce
the soil quality of the forest land. Hence, the main reason for the decline of soil quality was artificial
disturbance, including clear-cutting and afforestation. By returning harvesting residues and taking
fertilizing measures, the negative effects of human disturbance, such as clear-cutting and afforestation,
on the soil quality of forest lands would be reduced; delaying deforestation is also helpful in improving
soil quality. Due to the long growth cycle of Larix principis-rupprechtii in Northern China, this study
only focused on the first- and second-generation forests of Larix principis-rupprechtii in Northern China,
and the influence of successive rotations on the soil quality should be continuously observed.

4.3. Clear-Cutting

Our observations demonstrated that a decline in the soil quality is caused by the reduction
in porosity, microbial quantity except catalase, and the enzyme activity of soil with clear-cutting
supporting the third hypothesis. Previous studies have shown that soil quality also declines due to
human disturbance such as clear-cutting [6,53]. They are mutually validated by the present study.
Deforestation negatively impacts on soil physical properties and leads to the loss of soil nutrients [23],
coinciding with our results. Understorey vegetation also provides a better condition for microorganisms
and alleviates rainfall-induced erosion and nutrient leaching [54]. After clear-cutting, dragging wood
away and cutting residues could destroy the understorey vegetation and litter on soil and could expose
a large number of aggregates of soil to air; thus, soil erosion and nutrient leaching occur after heavy
rainfalls [55]. Erosion also damages soil structure and influences the circulation of elements, microbial
populations, and organic compounds in soil [56,57]. While most litter and harvesting residues were
not returned to the forest land, the return of forest nutrients mainly depends on the precipitation
leaching and the decomposition of inorganic nutrients by roots, leading to the remarkable inhibition of
nutrient cycle in the forest ecosystem and a marked reduction in the efficiency of nutrient cycle [58].
Clear-cutting causes the exposure of ridges to air, the decomposition of organic matter, and the massive
loss of soil mineral elements (a maximum loss of N, C, and K+) [24,59–61], which in turn lowers
the number of microorganisms and soil enzyme activity, thereby ultimately reducing the soil quality
and making the soil more barren [22,25]. Therefore, clear-cutting causes exposure of soil to air and
ultimately declines soil quality. In order to alleviate the negative effects of clear-cutting on soil quality,
the use of heavy machinery should be minimized during the clear-cutting process, and the disturbance
of human activities to forest soil should be lessened as well [62], especially the disturbance to forest soil
during the removal of tree stumps. Returning the harvesting residues to the forest land is required to
maintain the coverage of litter and understorey vegetation. Thus, the decomposition of the soil organic
matters, the soil erosion, the changes in soil structure, and the loss of soil nutrients through drenching
would be minimized.
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4.4. Forest Cultivation Cycle and Soil Quality Recovery Time

From planting Larix principis-rupprechtii seedlings to harvesting wood as a cultivation cycle, the soil
quality declined by 2.90% through a forest cultivation cycle. Soil quality declining problems such as
exposure of soil to air and nutrient loss are caused by the distribution of land through planting trees.
As the soil quality in the growing forests gradually recovers, the forests play a role in improving the
soil quality. In this study, due to the use of heavy machinery in the harvesting process and failure
to take measures such as returning the cutting leftovers, the forest soil quality was greatly reduced.
The studies of Selvaraj et al. [52] also support our results. Since the soil quality gradually improved
from 16-year-old to 44-year-old forest stands after planting Larix principis-rupprechtii, the change in
the stand SQI (Figure 9) presumed that it would take about 39 years for the first-generation forest
(calculated by regression analysis, see Supplementary Material, Table S3) and more than 28 years for
the second-generation forest to restore soil quality. Therefore, in order to maintain the soil quality,
the planting cycle of Larix principis-rupprechtii should be longer than 39 years.

SQI is a relatively novel method for soil quality assessment. In this research, five representative
variables were selected among 24 soil variables to define the smallest data set, for SQI calculation.
It provides a more intelligible and comprehensive measurement for soil quality. In future research,
comparsion SQI and other common indicators for soil quality evaluation would be expected for more
accurate variables determinating, to further optimize SQI calculation method.

5. Conclusions

The main findings of this study are as follows:

(1) Extending the cultivation cycle of Larix principis-rupprechtii forest was beneficial to improving
soil quality.

(2) Increasing forest generation did not significantly reduce soil quality.
(3) Clear-cutting could greatly decrease soil quality, and returning the harvesting residues to the

forest land may reduce the negative impact of clear-cutting on soil quality.
(4) In order to maintain soil health and achieve sustainable planting, the planting period of Larix

principis-rupprechtii forests should be more than 39 years.
(5) SQI provided a more intelligible and comprehensive measurement of soil quality with the

identification of a minimum data set. Future studies should compare SQI with other soil quality
indicators to further optimize SQI calculation method.

To better understand the impacts of successive Larix principis-rupprechtii planting on soil quality,
more generations of Larix principis-rupprechtii plantations should be evaluated.
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Abstract: It has been recognized that land use change affects soil organic carbon (SOC) dynamics and
the associated microbial turnover. However, the contribution of microbial residue to SOC storage
remains largely unknown in land use change processes. To this end, we adopted a “space for time”
approach to examine the dynamics of SOC and amino sugars, which was a biomarker of microbial
residue C, in different natural forest conversions. Three typical converted forests were selected:
an assisted natural regeneration (ANR) and two coniferous plantations of Cunninghamia lanceolata
(Lamb.) Hook (Chinese fir) and Pinus massoniana Lamb. (pine) each. All of these were developed at
the same time after the harvest of an old natural forest and they were used to evaluate the effects
of forest conversions with contrasting anthropogenic disturbance on SOC and microbial residue C,
along with the natural forest. Natural forest conversion led to an approximately 42% decrease in SOC
for ANR with low anthropogenic disturbance, 60% for the Chinese fir plantation, and 64% for the
pine plantation. In contrast, the natural forest conversion led to a 32% decrease in the total amino
sugars (TAS) for ANR, 43% for the Chinese fir plantation, and 54% for the pine plantation at a soil
depth of 0–10 cm. The ratios of TAS to SOC were significantly increased following natural forest
conversion, with the highest ratio being observed in the Chinese fir plantation, whereas the ratios
of glucosamine to muramic acid (GluN/MurA) were significantly decreased in the two plantations,
but not in ANR. The contents of SOC, individual amino sugar, or TAS, and GluN/MurA ratios were
consistently higher at a soil depth of 0–10 cm than at 10–20 cm for all of the experimental forests.
Redundancy analysis showed that microbial residue C was significantly correlated with SOC, and
both were positively correlated with fine root biomass, annual litterfall, and soil available phosphorus.
Taken together, our findings demonstrated that microbial residue C accumulation varied with SOC
and litter input, and played a more important role in SOC storage following forest conversion to
plantations with higher anthropogenic disturbance.

Keywords: soil organic carbon; soil microbial residue; forest conversion; natural forest; assisted
natural regeneration; plantation
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1. Introduction

The decomposition, transformation, and stabilization of soil organic carbon (SOC) are the
consequence of microbial growth and activity, which is a process that is associated with proliferation,
metabolism, and mortality of microorganisms. More and more attention has been paid to microbial
residue in recent studies, which demonstrated that senesced microbial biomass may play a much
greater role in the stabilization of soil C pools than that previously considered [1–4]. It is critical to
elucidate the response of soil microbial residue to global change, as well as the underlying mechanisms
driving its transformation, to better understand global biogeochemical cycles and improve current
global C cycle models [5,6]. There are a number of studies exploring the effects of global change on soil
microbial residue. For example, Zhang et al. reported land use effects on amino sugars in soil particle
size fractions [7]. Liang and Balser observed that warming and N deposition reduced microbial residue
contribution to the soil C pool [8]. To the best of our knowledge, studies investigating the effects of
forest conversion on microbial residue contribution to soil C sequestration are lacking.

Space for time substitution is still used as a reasonable method to evaluate the legacy of forest
conversion on ecosystem properties. In general, the reestablished forests, such as plantation forests,
are taken as experimental units and adjacent native forest as a reference. The forest conversions
are usually subjected to different management coupled with anthropogenic disturbances of various
intensity, which alter the structure of the forest ecosystem [9–11]. Consequently, changes in forest
structure and management practices likely lead to the alteration, not only of input rates and organic
matter decomposability, but also of soil moisture and temperature regimes [12,13]. The adaptation of
soil microbial abundance, community composition, and activity following these changes can shift the
soil biogeochemical cycling processes regulated by microorganisms [14,15], eventually affecting the
contribution of microbial residue C to the soil C pool [16].

It is difficult to establish the correlation between living microbial biomass and long-term SOC
sequestration [17] or to directly measure C that is bound in microbial residues. Alternatively, amino
sugars, which are important microbial residue biomarkers in soil [18,19], can represent the legacy of
microbial-derived constituents and be used to estimate the contribution of dead microbial cells to
soil organic C pools [20,21]. Glucosamine (GluN), muramic acid (MurA), galactosamine (GalN), and
mannosamine (ManN) are the most important amino sugars in soils [22,23]. GluN is predominantly
derived from the chitin of fungal cell walls and it is also found in bacterial peptidoglycan [18,24].
MurA is solely derived from bacterial cell walls [19,24]. GalN is generally considered to originate
from bacteria [19]. The concentration and ratios of the above amino sugars can be used to evaluate the
microbial (bacterial versus fungal) contribution to soil C sequestration [18,20,23,25].

Subtropical forests provide an important contribution to global terrestrial ecosystem C storage [26,27].
In southern China, the majority of natural forests were cleared by the late 1970s and first converted
into two coniferous plantations, Chinese fir (Cunninghamia lanceolata (Lamb.) Hook) and pine (Pinus
massoniana Lamb.), to satisfy the high demand for timber, fuel, and other forest products due to
rapid human population growth. The conversion not only has a profound effect on the ecosystem
C budget [11,28,29], but it also leads to other ecological consequences, such as a loss in species
diversity [30–33] and soil erosion [34]. As an alternative to conversion to plantations, forests with
assisted natural regeneration (ANR) have been introduced to China for more than five decades [35,36],
with the goal of protecting and nurturing mother trees and their seedlings that are inherently present
in the area, rather than the establishment of entirely new forest plantations [37]. Our previous study
showed that, when compared to monoculture plantations, ANR significantly increased the plant
biomass and diversity, and more effectively promoted ecosystem services, including the mitigation
of runoff and soil erosion, and the exportation of dissolved organic C [34]. However, the effects of
forest conversions on these forest types with various intensities of anthropogenic disturbance to soil C
dynamics, and, in particular, that of microbial residue, have rarely been assessed and compared.

In the present study, an ANR forest and two dominant plantations (Chinese fir and pine) with
contrasting intensity of anthropogenic disturbance were selected to examine the effects of forest
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conversions on the dynamics of soil microbial residues. All of the selected forests were developed from
a natural forest clearing in subtropical China, with similar soil properties and forest age. Following the
conversion of native forest to plantations or ANR forests, different litter inputs exhibited a remarkable
influence on the response of bacterial and fungal groups [38], which possibly resulted in distinct
microbial residue retention patterns and different microbial functions during SOC accumulation [39,40].
We hypothesize that (1) soil amino sugar concentrations are lower in all of the converted forests than
the native forest, with the lowest concentration in one of the two plantations. Mature and undisturbed
ecosystems have a higher ratio of K-strategists to r-strategists than did young and disturbed ecosystems,
according to the theory of Odum on ecosystem succession and disturbance [41,42]. Furthermore,
a recent meta-analysis showed that converted forests consistently shifted from fungal to bacterial
dominance with increasing land degradation [43]. Thus, we hypothesize that (2) natural forest
conversion leads to a decrease of fungal relative to the bacterial residue C ratios, and these ratios,
in descending order, will be as follows: native forest>ANR> plantations. Previous studies showed that
labile C fractions were sensitive indicators of SOC dynamics that resulted from forest conversion [44],
whereas microbial residue C was incorporated into the recalcitrant C pool [6], which may not respond
equally to environmental change, as does the total soil C. Therefore, we hypothesize that (3) forest
conversions increase the ratios of TAS (total amino sugars) to total SOC, with highest ratio in one of the
two plantations, because of the entirely new forest establishment, resulting in rapid loss of labile C
fractions, whereas a lower ratio than the plantations will occur in the ANR forest.

2. Materials and Methods

2.1. Site Description

This study was conducted in the Chenda Observation Study Site (26◦19′55′′ N, 117◦36′53′′ E,
300 m a.s.l.) of Sanming Forest Ecosystem and Global Change Research Station in Fujian Province,
China. This study site borders the Daiyun Mountains on the southeast and the Wuyi Mountains on
the northwest. A typical maritime subtropical monsoon climate characterizes the study site. The
mean annual temperature (MAT) is 19.1 ◦C with low temperatures occurring in January and high
temperatures occurring in July. The mean annual relative humidity is 81% and the mean annual
precipitation (MAP) is 1750 mm. Approximately 75% of the total precipitation occurs from March
to August. The mean annual potential evapotranspiration is 1585 mm. The soil at the study site is
formed from granite and is classified as red soil according to the China soil classification system and
it is equivalent to Ultisol in the USDA Soil Taxonomy [45]. Soil texture in the natural forest is sandy
with sand (2–0.05 mm), silt (0.05–0.002 mm), and clay (<0.002 mm), being 16.4%, 37.3%, and 46.3%,
respectively, which does not significantly change after forest conversions. The soil depth exceeds 1.0 m.

The natural forest represents an old-growth, evergreen broadleaved Castanopsis carlesii (Hemsl.)
forest in mid-subtropical China, which has been protected for more than 200 years, according to
the record of local forest management department and it is characterized with high biodiversity,
widespread old trees, snags, and downed wood. In addition to Castanopsis carlesii, the overstory
contained other tree species, such as Castanopsis kawakamii Hayata, Schima superba Gardner & Champ.,
Litsea subcoriacea Y.C. Yang & P.H. Huang, and Elaeocarpus decipiens Hemsl. Two types of regeneration
were adopted following the deforestation of the natural Castanopsis carlesii forests in 1975. One was
natural regeneration, in which only the overstory was harvested and the understory and harvest residue
remained. The other was to reestablish entirely new plantations following the forest being clear-cut,
slashed, and burned. In 1976, the soil was prepared by digging holes. Afterwards, one-year-old
seedlings of C. lanceolata or P. massoniana were planted at 3000 trees per hectare. The plantations were
managed with similar practices, such as weeding and fertilization during the first three years and
thinning twice between 10 and 15-years-old. The distances between the selected experimental forests
fell within 1 km. Table 1 presents the general characteristics of the forests.
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Table 1. Forest characteristics in a natural forest of Castanopsis carlesii (Hemsl.) (NF), assisted natural
regeneration (ANR) and two plantation forests of Cunninghamia lanceolata (Lamb.) Hook (Chinese fir,
CF) and Pinus massoniana Lamb. (PM).

Variable NF ANR CF PM

Altitude (m) 315 315 301 303
Slope (◦) 35 28 30 35

Canopy coverage (%) 89 90 65 70
Mean tree height (m) 11.9 10.8 18.2 18.4

Mean tree diameter at breast height (cm) 20.0 14.3 15.6 16.3
Stand density (stem ha−1) 1955 3788 2858 1500

2.2. Soil Sampling, Litterfall, and Fine Root Biomass Measurements

Three replicate plots (20 m × 50 m) were set up for each forest type, and the distance between
plots was kept at 20 m to assess the effects of forest conversion on microbial residue. Soil samples
(0–10 cm and 10–20 soil layer) were collected in April 2017; 15 cores (5 cm in diameter) were randomly
collected from each plot in a plastic bag as a composite sample. After removing the stones, pebbles,
roots, and large pieces of plant residues, the soil was ground and sieved (<2 mm sieve), and then
combined, homogenized, and divided into three subsamples. The first samples were kept at 4 ◦C for
the determination of soil enzyme activity and microbial biomass. The second samples were kept at
−20 ◦C and they were freeze-dried at −80 ◦C, and then ground to pass through a 0.149 mm sieve for the
determination of amino sugar. The third soil samples were air dried for analysis of soil physical and
chemical properties. Five rectangle litter traps (0.5 m × 1.0 m) with 1 mm nylon mesh were randomly
arranged about 0.25 m above the soil surface in each plot. Litterfall was semimonthly collected from
October 2010 to September 2016 using the method that was described by Yang et al. [46]. For the fine
root sampling, 15 soil cores were randomly taken in each plot with a soil corer (5 cm in diameter) in
April of 2017. The thick roots (>2 mm) were carefully removed from the soil samples with forceps and
then the soils were wet-sieved with a mesh size of 0.5 mm. The sieved soils were put into a beaker
with deionized water at a temperature of 1 ◦C and repeatedly stirred to float the fine root segments to
water surface for collection [47]. The fine roots were placed into an oven at a temperature of 65 ◦C for
48 h and then weighed.

2.3. Soil Analysis

Soil pH was measured with a soil:water ratio of 1:2.5. SOC and total N were determined while
using a CN auto analyzer (Elementar Vario MAX, Germany). For nitrate and ammonium analyses, 5 g
of fresh soil from each sample was extracted using a 2 mol/L KCl solution. The solutions were shaken
for 40 min. and then filtered for nitrate and ammonium determination while using a continuous flow
analyzer (SKALAR San++, Breda, The Netherlands). The soil cation exchange capacity (CEC) was
assessed by the ammonium acetate extraction method at pH 7. The soil available phosphorus (P) was
detected while using the ion exchange resin method that Sibbesen developed [48].

2.4. Determination of Soil Amino Sugars

Amino sugar content in soils was detected while using the method of Zhang and Amelung [22].
Briefly, the finely ground soil samples (containing approximately 0.3 mg N) were hydrolyzed with
10 mL 6 M HCl at 105 ◦C for 8 h, and 0.1 mL myo-inositol (internal standard) was added to the
hydrolysate solution, which was filtered through a glass fiber membrane filter (0.45 diameter), dried
using a rotary evaporator, re-dissolved with deionized water, and then transferred into a 50 mL Teflon
tube. The pH of the sample solutions was adjusted to 6.6–6.8 with 1 M KOH and 0.01 M HCl and the
samples were then centrifuged. After the solution was freeze-dried, 5 mL methanol was added to
dissolve the residues, after which the methanol solution was transferred to a vial and dried with N2 at
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45 ◦C. Finally, 1 mL deionized water and 0.1 mL recovery standard (N-methylglucamine) were added
to the residues and freeze-dried.

The freeze-dried residues were dissolved with 0.3 mL derivatization reagent containing 32 mg mL−1

hydroxylamine hydrochloride and 40 mg mL−1 4-dimethylamino-pyridine in pyridine-methanol (4:1 v/v)
were heated at 78 ◦C for 35 min. in a water bath. After cooling, 1 mL acetic anhydride was added and
then reheated to 78 ◦C for 25 min. Next, 1.5 mL dichloromethane and 1 mL 1 M HCl were added to
achieve liquid–liquid separation. After water phase removal, the organic phase was washed three
times with 1 mL deionized water. The remaining organic phase was dried by N2 gas at 45 ◦C. Finally,
0.2 mL ethyl acetate-hexane (1:1) was added to dissolve the derivative for final analysis. The amino
sugar derivatives were separated using an Agilent 6890A gas chromatography (GC, Agilent Tech. Co.
Ltd., USA) that was equipped with DB-1 fused silica column (25 m × 0.32 mm × 0.25 mm) with a
flame ionization detector. The concentrations of individual amino sugars were quantified based on the
internal standard myo-inositol.

2.5. Statistics

Each forest was considered as an experimental unit, and the data were averaged across the
three plots from each forest. Due to using pseudo-replication in this study, all of the standard errors
were pseudo-replication errors as were mean comparisons. Results must be carefully interpreted
and only trends in the data by forest type can be discussed, with an appreciation of the problems
of pseudo-replication.

Before analysis, all the variables were checked for normal distribution (Kolmogorov–Smirnov
test) and homogeneity (Levene test). One-way ANOVA with Tukey’s HSD test was performed to test
for differences of litter mass, fine root biomass, soil physicochemical properties, and soil amino sugars
among forests. Statistical significance was established at the 5% level, unless otherwise mentioned.
Redundancy analysis (RDA) was applied to elucidate the relationships among total amino sugar (TAS),
GluN, GalN, MurA, GluN/MurA, GluN/GalN, the proportion of total amino sugar to total C, and the
corresponding soil environmental variables (total litterfall, fine root biomass, pH, soil organic C, total
N, total P, soil texture) among different forest types. SPSS 18.0 (SPSS, Inc., Chicago, IL, USA) was used
for all statistical analyses, except for RDA, which was performed while using CANOCO software for
Windows 4.5 (Ithaca, NY, USA). Forward selection was based on Monte Carlo permutation (n = 999).
Before RDA, we conducted forward selection of the environmental variables that were significantly
correlated with variations of amino sugars while using the Monte Carlo permutation test (p < 0.05).

3. Results

3.1. Soil Properties

The SOC content was high in the natural forest (51.8 ± 3.0 mg g−1). Following conversion of
the natural forest, there was an approximately 42% reduction in SOC for the ANR forest (30.0 ±
2.7 mg g−1), 60% for the Chinese fir plantation (20.9 ± 1.3 mg g−1 ), and 64% for the pine plantation
(18.6 ± 0.9 mg g−1) at 0–10 cm soil layer, with over 50% reductions at the 10–20 cm soil layer for all
the converted forests. Similarly, the soil N content was 2.75 ± 0.10 mg g−1 at 0–10 cm soil layer in the
natural forest, and there was an approximately 30% reduction in the ANR (1.91 ± 0.12 mg g−1) and an
approximately 50% decrease in the two plantations (1.13 ± 0.09 and 1.29 ± 0.07 mg g−1 for the Chinese
fir and pine plantations, respectively) after forest conversions, as well as more than a 50% decrease at
the 10–20 cm soil layer for all of the converted forests (Table 2). Soil pH was increased for all of the
converted forests (Table 2).

133



Forests 2019, 10, 468

T
a

b
le

2
.

So
il

pr
op

er
ti

es
un

de
r

fo
ur

di
ff

er
en

tf
or

es
tt

yp
es

.

S
o

il
P

ro
p

e
rt

y
0

–
1

0
cm

L
a

y
e

r
1

0
–

2
0

cm
L

a
y

e
r

N
F

A
N

R
P

M
C

F
N

F
A

N
R

P
M

C
F

SO
C

(m
g

g−
1 )

51
.8
±3

.0
A

30
.0
±2

.7
B

18
.6
±0

.9
C

20
.9
±1

.3
bC

27
.0
±1

.4
a

12
.7
±0

.1
b

10
.7
±0

.5
b

11
.7
±0

.7
b

TN
(m

g
g−

1 )
2.

75
±0

.1
0

A
1.

91
±0

.1
2

B
1.

13
±0

.0
9

C
1.

29
±0

.0
7

C
1.

47
±0

.0
3

a
1.

06
±0

.0
3

b
0.

75
±0

.0
1

c
0.

86
±0

.0
5

bc
C
/N

18
.8
±0

.6
A

15
.6
±0

.4
B

16
.5
±1

.1
BC

16
.2
±0

.2
C

18
.3
±0

.8
a

12
.0
±0

.3
b

14
.3
±0

.4
b

13
.7
±0

.2
b

C
EC

(c
m

ol
kg
−1

)
15

.8
±1

.7
A

7.
1
±1

.2
B

6.
7
±0

.6
B

6.
5
±0

.5
B

9.
8
±0

.4
a

5.
5
±0

.2
b

5.
7
±0

.3
b

6.
0
±0

.2
b

pH
4.

08
±0

.0
7

B
4.

44
±0

.0
9

A
4.

47
±0

.0
3

A
4.

52
±0

.0
6

A
4.

10
±0

.0
3

a
4.

28
±0

.0
4

ab
4.

39
±0

.0
2

b
4.

35
±0

.0
2

b
N

H
4+

(m
g

kg
−1

)
27

.3
±0

.8
A

26
.5
±4

.7
A

11
.6
±0

.9
B

12
.8
±1

.0
B

12
.2
±0

.2
a

9.
6
±0

.8
b

6.
4
±0

.1
b

6.
8
±0

.2
b

N
O

3−
(m

g
kg
−1

)
0.

86
±0

.0
9

BC
1.

98
±0

.3
3

A
0.

26
±0

.0
3

C
1.

38
±0

.1
8

A
B

1.
19
±0

.0
4

a
1.

14
±0

.0
6

a
0.

32
±0

.0
3

c
0.

73
±0

.0
5

b
Sa

nd
(2

–0
.0

5
m

m
,%

)
16

.4
±2

.7
A

15
.2
±3

.1
A

11
.1
±0

.3
A

12
.3
±0

.2
A

16
.3
±1

.1
a

17
.5
±3

.0
a

13
.3
±0

.5
b

16
.6
±0

.5
a

Si
lt

(0
.0

5–
0.

00
2

m
m

,%
)

37
.3
±1

.9
A

34
.9
±1

.9
A

39
.0
±1

.6
A

37
.5
±1

.2
A

40
.6
±1

.8
a

36
.6
±1

.8
a

40
.8
±1

.2
a

41
.1
±0

.2
a

C
la

y
(<

0.
00

2
m

m
,%

)
46

.3
±3

.3
A

50
.0
±1

.9
A

50
.0
±1

.9
A

50
.3
±1

.4
A

43
.1
±2

.8
a

45
.8
±1

.7
a

45
.8
±1

.7
a

42
.4
±0

.6
a

A
va

ila
bl

e
P

(m
g

kg
−1

)
5.

47
±0

.4
5

A
6.

55
±0

.5
6

A
2.

57
±0

.5
2

B
3.

46
±0

.3
5

B
1.

10
±0

.1
4

b
1.

96
±0

.2
0

a
1.

17
±0

.1
0

b
1.

22
±0

.0
6

b

T
he

eff
ec

ts
w

er
e

si
gn

ifi
ca

nt
at

p
<

0.
05

;d
iff

er
en

tu
pp

er
ca

se
le

tt
er

s
in

di
ca

te
si

gn
ifi

ca
nt

di
ff

er
en

ce
s

at
0–

10
cm

am
on

g
di
ff

er
en

tf
or

es
ts

,a
nd

di
ff

er
en

tl
ow

er
ca

se
le

tt
er

s
in

di
ca

te
si

gn
ifi

ca
nt

di
ff

er
en

ce
s

at
10

–2
0

cm
am

on
g

di
ff

er
en

tf
or

es
ts

.V
al

ue
s

ar
e

m
ea

ns
±s

ta
nd

ar
d

er
ro

rs
(n
=

3)
.A

N
R

:A
ss

is
te

d
na

tu
ra

lr
eg

en
er

at
io

n;
C

EC
:c

at
io

n
ex

ch
an

ge
ca

pa
ci

ty
;C

F:
C

hi
ne

se
fir

fo
re

st
;

N
F:

N
at

ur
al

fo
re

st
;P

M
:P

in
us

m
as

so
ni

an
a

La
m

b.
fo

re
st

;S
O

C
:S

oi
lo

rg
an

ic
ca

rb
on

;T
N

:T
ot

al
ni

tr
og

en
.

134



Forests 2019, 10, 468

The average annual litterfall from 2011 to 2016 was found to be the highest in the natural forest
(8.04 Mg hm−2), followed by the ANR forest (6.15 Mg hm−2), pine plantation (5.03 Mg hm−2), and
Chinese fir (4.63 Mg hm−2) plantation. The conversion of the natural forest led to a significant decrease
in annual leaf litterfall in the pine and Chinese fir plantations, but not in the ANR, with the lowest
annual litterfall observed in the Chinese fir plantation. Similarly, the conversion of the natural forest
led to a significant decrease in fine root biomass at the 0–10 cm soil layer in all the converted forests,
with the lowest biomass being observed in the pine plantation (Figure 1).

Figure 1. Litterfall and fine root biomass (0–10 cm) under different forest types; different lowercase
letters indicate significant differences among the different forests. Values are means ± standard errors
(n = 3), Natural forest: NF; Natural regeneration forest: ANR; Pinus massoniana Lamb. forest: PM;
Chinese fir forest: CF.

3.2. Concentrations of Amino Sugars in the Different Forests

Conversions of natural forest to either ANR forest or plantations led to significant decreases in
the concentrations of GluN, MurA, and TAS at the 0–10 cm soil layers, whereas, for GalN, significant
decreases were only observed in the pine plantation. The concentration of TAS was high in the natural
forest (1850 mg kg−1), which was reduced by 32% in the ANR forest (1250 mg kg−1), by 43% in the
Chinese fir plantation (1050 mg kg−1), and by 54% in the pine plantation (850 mg kg−1). All of the
individual amino sugar and total amino sugar concentrations were significantly higher at the 0–10 cm
than at the 10–20 cm soil layer for all forest types (Figure 2).

In the converted forests, there were significantly higher concentrations of GluN and TAS at the
0–10 cm soil layer in the ANR forest than in the pine plantation, but there were no significant differences
in the concentrations of individual amino sugars or TAS at the 10–20 cm soil layers (Figure 2).

3.3. Amino Sugar Biomarker Ratios

Following the conversions of the natural forest, there was an approximately 20% decrease in
the GluN/MurA ratios for the two plantations at the 0–10 cm soil layer, but there was no significant
decrease at the 10–20 cm soil layer for all the converted forests (Figure 3).
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Figure 2. The concentration of soil amino sugars at different soil layers in different forest types; different
uppercase letters indicate significant differences at 0–10 cm among the different forests, and different
lowercase letters indicate significant differences at 10–20 cm among the different forests. Values are
means ± standard errors (n = 3), Natural forest: NF; Natural regeneration forest: ANR; P. massoniana
forest: PM; Chinese fir forest: CF.

Figure 3. Ratios of glucosamine (GluN) to muramic acid (MurA) or to galactosamine (GalN) at different
soil layers in different forest types; different uppercase letters indicate significant differences at 0–10 cm
among the different forests, and different lowercase letters indicate significant differences at 10–20 cm
among the different forests. Values are means ± standard errors (n = 3), Natural forest: NF; Natural
regeneration forest: ANR; P. massoniana forest: PM; Chinese fir forest: CF.
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Conversions of the natural forest led to significant decreases in the GluN/GalN ratios for all of the
converted forest types at the 0–10 cm soil layer. At the 10–20 cm soil layer, the natural forest conversion
to pine plantation led to a significant decrease in the GluN/GalN ratio (Figure 3).

3.4. Ratios of TAS to SOC in the Different Forest Type

Conversions of the natural forest led to a significant increase in the ratios of TAS to SOC at the
0–10 cm soil layer, but there was no significant difference among the converted forests. No differences
were observed in the ratios of TAS to SOC following conversions of the natural forest at the 10–20 cm
soil layer, but there was a significantly higher ratio of TAS to SOC in the pine plantation than in the
ANR (Figure 4).

Figure 4. The proportion of total amino sugars to total soil organic carbon (TAS/SOC) in two soil
layers under different forest types; different uppercase letters indicate significant differences at 0–10 cm
among the different forests, and different lowercase letters indicate significant differences at 10–20 cm
among the different forests. Values are means ± standard errors (n = 3), Natural forest: NF; Natural
regeneration forest: ANR; P. massoniana forest: PM; Chinese fir forest: CF.

3.5. Correlation between Amino Sugars and Soil Properties

Redundancy analysis indicated that the environmental factors explained 87.9% of the variance
of soil amino sugars across four different forests, with axis 1 explaining 83.1% and axis 2 explaining
4.8% of the variance (Figure 5). The ordination biplot from RDA was clearly distinguished among the
four forests. Forward selection of factors in the RDA ordinations revealed that variations in soil amino
sugars were closely related to SOC, fine root biomass, litter fall, and available P.
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Figure 5. Correlations of soil amino sugar data to soil environmental factors determined by redundancy
analysis (RDA). The amino sugar data included glucosamine (GluN), galactosamine (GalN), muramic
acid (MurA), total amino sugar (TAS), ratios of glucosamine (GluN) to muramic acid, and proportion of
total amimo sugar to SOC (TAS/SOC). AP, available P; SOC, soil organic carbon, FB, fine root biomass,
LF, litterfall, Natural forest: NF; Natural regeneration forest: ANR; P. massoniana forest: PM; Chinese fir
forest: CF.

4. Discussion

4.1. Effects of Natural Forest Conversion on Concentrations of Soil Total C and Amino Sugars

Although a considerable disagreement remains regarding the effects of land-use change on soil C
stocks [49], it is generally considered that the preservation of natural old-growth forests may be related
to a much higher C sequestration than that by the promotion of forest regrowth in long-term C pools,
in particular, in recalcitrant soil organic matter [50–52]. Our previous studies in the subtropics also
showed a much higher soil C concentration in the older natural forest than in the secondary forests
or plantations [44,53]. Consistent with this finding, in the present study, conversions of old natural
forest result in over 40% decreases in soil C concentration in all of the converted forests (Table 1).
Replacing old-growth forest by young stands will lead to massive soil C losses to the atmosphere,
mainly by reducing the flux into a permanent pool of soil organic matter and by redistributing C
between pools with different turnover times because of the disturbance effects of various intensities [54].
The converted forests had experienced several forest management disturbances before our experiment,
and the present study showed that natural forest conversion has a profound effect on soil C stocks in
the subtropical forest, which cannot be recovered to a pre-harvest level, even after over 40 years of
forest regrowth.

We anticipate that forest conversion may affect not only the SOC dynamics, but also the variation
of microbial residues, because microbial C residues are regarded as a significant contributor to SOC,
owing to their relatively long residence time in soils [19,55–58]. As in hypothesis (1), we observed
a generally significant reduction in the concentration of microbial residues, including GluN, GalN,
MurA, and TAS, in the converted forests, with the lowest decrease of TAS being observed in the ANR
forest and the highest decrease in the pine plantation (Figure 1). These results are consistent with the
results of previous studies, which also show that land use and management substantially affected
amino sugar concentrations [2,59,60]. High temperature and rainfall, steep slopes, and fragile soil
characterize South China. Following natural forest conversion, increases in soil temperature and
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erosion due to less forest cover in the initial forest regrowth generally led to accelerated SOC loss
in the subtropics [44,61]. In particular, increased and intensive anthropogenic disturbance, such as
slash burning and site preparation, contributed to higher SOC reduction in forest plantations [61].
Likewise, these aforementioned factors may also affect microbial residue accumulation in the different
forest types, which the redundancy analysis that showed soil amino sugar concentrations were closely
correlated with SOC and soil available P was confirmed (Figure 5). Most tropical and subtropical
forests occur in highly weathered soil, where the available P is low [62,63]. The soil P availability could
influence the activities, biomass, and compositions of soil microbial communities [64–66], which may
also explain the amino sugar dynamics during the forest conversions.

Further, Liang et al. reported there was a tree species-specific effect on soil microbial residue
accumulation in an old-growth forest ecosystem, with recalcitrant Eastern Hemlock litter making a
relatively lower contribution of microbial residue to the total soil C [67]. When compared with the
plantations, the ANR forest mostly consisted of broad leaf tree species, which, when compared to
coniferous litter, could be conducive to microbial residue retention by increasing soil amino sugars [68].
Correlation analysis showed that soil amino sugar concentrations were positively correlated with fine
root biomass and annual leaf litterfall (Figure 5). These factors could again explain the higher GluN,
GalN, and TAS in the ANR forest than in the pine plantations (Figure 1). Unexpectedly, the absence
of significant differences in all amino sugars was observed between the ANR forest and the Chinese
fir plantation in the present study. This could result from the high fine root biomass in the Chinese
fir plantations, mainly owing to a higher abundance of herbs and shrubs than those in other two
converted forests [69]. The herbs and shrubs are ephemeral, which could lead to high input of fine root
litter and eventually contribute to amino sugar accumulation.

The higher concentration of SOC in surface soil than in deeper soil may support more abundant
microorganisms [70,71]. Thus, larger amounts of microbial residue accumulated at the 0–10 cm than at
10–20 cm soil depth in each forest that was observed in this study (Table 1). This was consistent with
the results of previous studies [68,72,73].

4.2. Amino Sugar Biomarker Ratios

Ratios of GluN/MurA and GluN/GalN are normally used to indicate the contribution of fungal
versus bacterial residues to SOC accumulation [20,23,25,57]. Land use change may affect the formation
of microbial residues [7]. In this study, forest conversions resulted in dramatic declines in all of
the examined amino sugars, including GluN, GalN, and MurA, but at different rates (Figure 1).
The decrease of GluN/MurA ratios in the two plantations indicated a slower recovery of fungal
communities relative to bacteria following natural forest conversion, which is in agreement with
Hedlund et al., who argued that fungi, in particular, mycorrhizal fungi, may have less efficient dispersal
and colonizing abilities after vegetation removal [74]. Among the converted forests, although there
was no difference in TAS, different GluN/MurA ratios (Figure 2) may reflect the effect of land use
intensification on amino sugar partition. Our finding of higher GluN/MurA ratios in the ANR forest
indicated that slight anthropogenic disturbance is conducive to the accumulation of fungal derived
microbial residue, which is in agreement with our hypothesis (2).

When compared to the 0–10 cm soil depth, at 10–20 cm, there was an approximately 40% decrease
in GluN to MurA ratios (Figure 2). The reduction in fungal biomass and residues in subsoil might be
related to the accumulation of less decomposed plant residues with an increasing depth. Moritz et
al. [75] and Liang and Balser [17] observed similar decreases in the GluN to MurA ratio with depth.
These decreases indicated that bacteria are more important in subsoil organic C turnover than are fungi.
Fungi are aerobic organisms that typically utilize fresh litter as their preferred C source and generally
successfully outcompete bacteria in the surface soils, particularly under acidic conditions [76]. With
increasing depth, studies have typically shown a decrease in the relative abundance of fungi [70,75,77].

The absence of a difference in GluN/GalN rather than GluN/MurA ratios between the two soil
depths was observed in this study (Figure 3), which is consistent with the result of Liang et al. [66] and
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Moritz et al. [75]. Liang et al. argued that GluN/MurA and GluN/GalN indicated different aspects of
the relative fungal to bacterial contribution or the relative retention times of various amino sugars in
soil C dynamics [67].

4.3. Contribution of TAS to SOC in the Different Forest Types

Microbial residues are important constituents of SOC and they do not always change in the
same pattern, as does the SOC dynamics [68]. Our previous studies showed a more pronounced loss
of labile C than total SOC following the conversion of natural forest into plantations or secondary
forests [44]. The present study shows a significant increase in the ratios of TAS to total SOC at the
0–10 cm soil depth in the converted forest, whereas no significant difference between the natural forest
and converted forests occurred for the 10–20 cm soil depth (Figure 3). These results indicate the slower
loss of microbial residue C than other soil C fractions following forest conversions, which suggests that
microbial residue, as a refractory C, plays an important role in SOC storage, particularly in the surface
0–10 cm soil. Furthermore, lower increases of the TAS to total SOC ratio in the ANR forest than those in
the two plantations may reflect that microbial residue is of greater importance in soil storage with the
intensity of anthropogenic disturbance. Our findings support hypothesis (3), that forest conversions
increase the ratios of microbial residue C to total C, with the highest increase in the two plantations.

We compared the effects of forest conversions that are based on the experiment of three replicate
plots in each stand, which is not truly replicated. Therefore, our results should be cautiously interpreted
because of an intrinsic error of pseudo-replication [78]. Furthermore, we should be critical of the
scope of possible interpretation due to inevitable temporal and spatial heterogeneity derived from
space for time substitution. It deserves special notice that all mean comparisons were expected to be a
best-case scenario, because the error terms should be larger and mean separations should have a wider
difference to allow for a true separation.

5. Conclusions

In the subtropics, natural forest conversions result in dramatic reductions, not only in SOC, but also
in microbial residue C, which cannot be recovered, even after more than 40 years of forest regrowth.
Microbial residue C accumulation varies with SOC and litter input constrained by forest management
with various anthropogenic disturbances. As a recalcitrant C, microbial residue plays an important
role in soil C storage following forest conversions. When comparing with tree plantations, natural
forest conversion to the ANR forest had a significant effect in maintaining SOC, but not necessarily a
significant effect on microbial residue accumulation.
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Abstract: Soil erosion can affect the horizontal and the vertical distribution of soil carbon at the
landscape scale. The 137Cs tracer technique can overcome the shortcomings of traditional erosion
research and has proven to be the best method to study soil erosion. To understand the responses of
soil organic carbon and nitrogen to soil erosion and forest conversion in the development of slope
economic forests in rocky mountain areas, three representative types of economic forests that were
all formed after clear-cutting and afforestation on the basis of CBF (coniferous and broad-leaved
mixed forests) were selected: CF (chestnut forests) with small human disturbance intensity, AF (apple
forests), and HF (hawthorn forests) with high interference intensity. The results showed that all land
use types have significantly eroded since 1950; the average annual loss of soil was 0.79 mm in the CBF,
2.31 mm in the AF, 1.84 mm in the HF, and 0.87 mm in the CF. The results indicated aggravation of soil
erosion after the transformation of the CBF into an economic forest. The economic forest management
reduced the average carbon storage and accelerated nutrient loss. The better vegetation coverage
and litter coverage of CF made them stand out among the three economic forest varieties. Therefore,
when developing economic forests, we should select species that can produce litter to ensure as much
soil conservation as possible to reduce the risk of soil erosion.

Keywords: land use types; soil organic carbon; soil total nitrogen

1. Introduction

Forest ecosystems play a significant role in climate change mitigation by the uptake of a substantial
portion of carbon dioxide (CO2) from the atmosphere as well as their long-term deposition into biomass
and soil [1,2]. Afforestation has proven to be an effective method for increasing C stocks [3–5]. However,
the growth of the economy and the population drove up demand for forest products, facilitating forest
conversion. Many studies showed that such forest conversion (i.e., forest-for-economic forest) may
lead to soil erosion and other ecological problems [6,7]. Similarly, soil erosion—which is a worldwide
problem with both social and environmental consequences—has proven to lead to lateral and vertical
migration of nutrients [8].

The dynamic research on soil carbon and nitrogen storage and migration has attracted increasingly
more scholars’ attention worldwide [9–11]. In recent years, scholars have carried out extensive studies
on the effects of soil erosion on soil organic carbon in sloping farmland [12–20]. However, few studies
have been reported on soil erosion caused by forest transformation and the horizontal migration of soil
nutrients. Therefore, it was necessary to systematically study how SOC (soil organic carbon) and TN
(total nitrogen) respond to soil erosion after forest conversion.

Forests 2019, 10, 433; doi:10.3390/f10050433 www.mdpi.com/journal/forests145



Forests 2019, 10, 433

China has the greatest area of forest plantations on a global scale, consisting of one fourth of
the total plantation area [21]. Since the 1960s, the area of forests has rapidly increased to satisfy the
ever-growing requirements for wood and other forest products in northeastern China, which has
led to a series of serious ecological and environmental problems, such as soil erosion (especially
water erosion) [22]. After transforming forests into economic forests, the structure of forests become
uniform. Climate, biomass production, and plant distribution can also be totally changed [23–25].
Researchers have found reductions in soil C storage following forest conversion from natural forests to
plantations [26,27]. In order to facilitate forest management, shrubs and weeds in forests are often
removed. Such a change of vegetation cover can affect both the biological and the chemical properties
of the soil, such as belowground C and nutrient storage [28]. Previous studies have also reported that
water erosion is a pivotal process that can affect the horizontal migration and the redistribution of SOC
and TN [29,30]. However, there have been few reports on how natural forest conversion into economic
forests affects soil erosion, SOC, and TN. This is an important environmental issue that has not been
well quantified.

Soil erosion caused by man-made, forced interference has received more and more attention [31–35].
Most of these studies made use of traditional RUSLE (revised universal soil loss equation) and evaluated
large-scale changes in soil erosion intensity and spatial patterns by remote sensing and GIS. Traditional
erosion research methods often miss information such as the soil erosion process and the land use
change [36,37], while the 137Cs tracer technology can overcome the shortcomings of traditional erosion
research [38]. Under the background of global large-scale nuclear explosion tests in the 1950s and the
1970s, the 137Cs tracer method was developed, and it has been widely used in soil erosion research at
different spatial scales around the world since the 1990s [20,39]. This method has the characteristics of
simplicity, high quantification degree, low research cost, and reliable results. It has been proven to be
the best method to study soil erosion [40].

In this study, the goal was to explore the influence of forest conversion on soil erosion and carbon
and nitrogen migration by using 137Cs in order to provide a theoretical basis for the further rational
utilization and protection of soil resources and to assist the in-depth study on the regional carbon
and nitrogen balance. The specific goals were to answer the following questions: (a) How do the
characteristics of soil thickness and nutrient change with forest conversion? (b) How does forest
conversion affect the vertical distribution characteristics of soil organic carbon and total nitrogen
after forest conversion? (c) How does the storage of SOC and TN change after forest conversion?
(d) Through the comparison of the studied forest types, which is the best forest type for conversion?
In order to assess how forest conversion into economic forests affects soil erosion as well as SOC and
TN, this study chose the study area of the great Wu mountain valley. The basin is situated at the starting
point of the Belt Road, Lianyungang, which was originally a coniferous and broad-leaved mixed forest
(CBF). However, in the 1970s, the economic forest should have transformed in a short time.

2. Materials and Methods

2.1. Study Sites

Dawu Mountain (35◦11′ E, 118◦50′ N) is located in the northwest of Ganyu District, Lianyungang,
Jiangsu province, Southeast China (Figure 1). It belongs to a warm-temperate maritime monsoon
climate with four distinct seasons, an average annual temperature of 13.9 ◦C, an annual rainfall of
976.6 mm, a frost-free period of 216 days, and average annual sunshine of 2534 h. The soil is a
subcategory of coarse-grained brown soil with more sand and gravel in the topsoil. The vegetation is
a temperate deciduous broad-leaved forest area dominated by artificial forests, supplemented by a
small amount of natural deciduous broad-leaved forests and evergreen coniferous forests, including
secondary vegetation such as Masson pine, broad-leaved trees, and arborvitae, and economic trees
such as hawthorn and chestnut. Most of the research area was originally planted on the open forestland
at the end of the 20th century. By the beginning of the 21st century, part of the plantation forest was in
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a state of natural regeneration, and some plantations were transformed into economic forests. In the
experimental area, coniferous and broad-leaved mixed forests are the representative stand types of
planted forests. The main tree species include Pinus massoniana Lamb., Platycladus orientalis (L.) Franco,
sapling trees, and Metasequoia glyptostroboides Hu et W. C. Cheng, and there are herbs and humus
layers under the forest. The hawthorn forest, the chestnut forest, and the apple forest are all economic
forests that have been transformed by a mixed forest of coniferous and broad-leaved forest in which
the surface of the chestnut forest is covered with litter, the surfaces of the hawthorn and the apple
forests are exposed, and there are obvious artificial tilling traces. Basic information of different land
use types was shown in Table 1.

In July 2016, field sampling was conducted to avoid the influence of topography, landforms,
and elevation on the results of the study. Based on field surveys, the same parent material and
relative geographical location were selected on the slope according to the principles of typicality and
representativeness. According to the principles of typicality and representativeness, three sites, each of
which has the same parent material and relatively centralized geographical location, were selected on
the sloping land, including the HF (hawthorn forest), the AF (apple forest), the CF (chestnut forest),
and the CBF. The three economic forests (HF, AF, and CF) were all formed after clear-cutting and
afforestation on the basis of coniferous and broad-leaved mixed forests. The CBF was replanted after
the replanting of the woodland. The forest age is approximately 10 years, and the slope is 10◦~15◦,
from which it can be assumed that the soil properties of all the plots were similar before the economic
forest regeneration. The CBF is an artificial forest with no interference. The CF is an economic forest
with less human interference intensity, while the HF and the AF are economic forests with greater
interference intensity.

Figure 1. Location of the study site.

2.2. Sampling and Measuring Methods

Using the S-shaped sampling strategy, five sampling points in each sample were placed. The soil
samples were collected by 0–10, 10–20, and 20–30 cm, and the same soil samples were mixed into three
layered soil samples. At the same time, the soil samples were collected using a 100 cm3 standard ring
knife. In order to determine the content of the nuclide in the soil, the whole sample of the 0–20 cm
soil and the spaced 5 cm stratified sample were collected with the diameter of a 5 cm soil drill. After
returning to the laboratory, the soil sample collected by the non-earth drills was naturally air-dried,
and plant debris, small stones, and organisms were removed. Some of them were kept, as they were
found along the natural cracks to form small clusters of approximately 1 cm3 to classify the aggregates.
The other part was milled through a 2 mm sieve and was used for the determination of soil-related
properties. After removing the stone weeds, the soil samples used for the determination of isotopes
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were naturally air-dried after being ground through a 20-mesh sieve, dried in an oven at 105 ◦C to
a constant weight, cooled to room temperature, and weighed with a precision of 0.001 g (ultimately
weighing 300 g).

The physical and the chemical properties of the soil were measured according to the national
standard. The soil bulk density was measured by the ring knife method. The pH was measured by an
acidity meter. The total nitrogen, carbon, and nitrogen ratio and the ratio of carbon and hydrogen
were measured by the element analyzer. The organic carbon content of the soil was oxidized with
the potassium dichromate-external heating method. The mechanical composition was measured
by a laser particle size analyzer (grading standard: 0.002, 0.05, and 2 mm). The specific surface
area of the soil was analyzed using an ASAP2020 automatic surface area and pore size distribution
analyzer (Micromeritics Instrument Corp, Atlanta, GA, USA). The soil water-soluble organic carbon
was determined by weighing 5 g over a 2 mm screen soil in a 100 mL centrifuge tube, adding 25 mL of
water, shaking, centrifuging, and taking the supernatant and filtering with a 0.45 μm microporous
membrane to obtain the solution. At last, it was poured into a TOC (total organic carbon) sample
tube and measured on a Shimadzu TOC-VCPH automatic analyzer [41]. The test of the nuclide 137Cs
used the background gamma spectrometer produced by the ORTEC Company (Dallas, TX, USA) of
the United States and the C coaxial high pure germanium probe of the type GEM-40190 of the probe.
The measurement time of each sample was 25,000 s, and the specific activity of the soil sample was
calculated by a comparison with the standard source.

2.3. Calculation of the Soil 137Cs

In this study, the top of Dawu Mountain was chosen as the background value point because
there was no artificial activity on the top of the mountain, and the terrain was flat. The woodland
structure i0s dominated by arbors, and the meadows are dominated by Pinus massoniana. Through
the determination of two background value sampling points, the background value of 137Cs was
determined to be 1732.48 Bq/m2. The 137Cs content in soil was calculated using Formula (1).

CPI =
n∑

i=1

1000×Ci × Bdi ×Di (1)

CPI is 137Cs per unit area activity of the sampling point, Bq/m2; i is the sampling sequence number;
n is the sampling layer number; 1000 is the unit correction factor; Ci is the specific activity of 137Cs in
the sampling layer i, Bq/kg; Bdi is the soil bulk density of the sampling layer of layer i, g/cm3; Di is the
depth of sampling layer I, m.

The soil erosion modulus was calculated using the following models:

A(d) = Are f (1− e−λd) (2)

h = − 1
(t− 1963)λ

ln[(1− Y
100

)] (3)

Y = 100(Are f −A)/Are f (4)

ER = 10000× h×D (5)

A(d) is the total area activity of the soil above depth d, Bq/m2; Aref is the 137Cs area activity
background value, Bq/m2; λ is the profile index of 137Cs depth distribution, cm−1. T is the sampling
year; Y is the 137Cs area activity of the measured relative background value reduction percentage, %, D
is the soil bulk density, g/cm3; h is the erosion of years of erosion thickness, m/a; ER is the soil erosion
modulus, t/(km2·a).
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2.4. Calculation the Storage and Loss of Soil Carbon and Nitrogen

The xth nutrient density per unit soil area is:

Dx = 0.01
n∑

i=1

Ci × di × bi (6)

where Dx is the xth nutrient density (g/m2); Ci is the xth nutrient content in the soil i layer (g/kg); bi is
the bulk density of the i layer soil (g/cm3); di is the thickness of the i layer of soil (cm).

The absolute loss of the xth nutrient per unit area is:

LX = 10×CX ×D× h (7)

where LX is the absolute loss of the xth nutrient (t/km2); CX is the xth nutrient content in the soil (g/kg);
D is the soil bulk density (kg/m3); h is the average annual loss of the soil thickness (m).

The relative loss rate of soil nutrient per unit area:

R = LX/DX (8)

where R is the relative loss rate of the nth nutrient per unit area (%).

2.5. Data Processing and Analysis

Mean values were calculated for each of the variables, and one-way ANOVA was used to evaluate
forest type and soil depth on the measured variables for pairwise comparison. The least significant
difference (LSD) test was used for mean comparison of two forest types at the same soil depth and
different soil depth in the same forest type at p < 0.05. The relationships between the 137Cs and SOC
or TN were evaluated by Pearson’s correlation analysis. These statistical analyses were completed
with the R language (Vienna University: Vienna, Austria) and SPSS 19.0. (SPSS Inc: Chicago, IL, USA).
The graphics were plotted with Origin software (Publisher: city, country OriginLab: Northampton,
MA, USA).

Table 1. Basic information of different land use types.

Land
Use

Type

Forest
Age

(year)
LAI

Litter
Thickness

(mm)

Slope
(◦) Aspect pH

Soil Bulk
Density/g cm3 Sand/% Silt% Clay%

HF 11 2.1 0 15 SE 5.67 ± 0.27 1.42 ± 0.12 30.84 ± 5.05 65.00 ± 5.63 4.16 ± 0.36
CF 13 2.5 1.1 11 SE 5.95 ± 0.34 1.43 ± 0.05 31.57 ± 7.83 64.66 ± 6.66 3.77 ± 0.18
AF 10 2.2 0 13 SE 5.48 ± 0.26 1.47 ± 0.18 41.07 ± 8.65 56.63 ± 4.36 2.29 ± 0.23

CBF 25 3.2 1.3 13 SE 5.67 ± 0.27 1.44 ± 0.12 36.59 ± 7.53 60.21 ± 6.96 3.20 ± 0.41

Note: all data are expressed in mean ± SE (standard error), which were calculated based on three samples.
CBF: coniferous and broad-leaved mixed forest; HF: hawthorn forest; AF: apple forest; CF: chestnut forest; LAI: leaf
area index.

3. Results

3.1. Characteristics of 137Cs and Annual Erosion Modulus after Forest Conversion.

In comparison with the CBF, the specific activity of the 137Cs decreased to 92%, 82%, and 36% at
the 0–10 cm soil depth in AF, HF, and CF, respectively (Figure 2A). The CBF had the largest difference
between the two soil layers, with the 0–10 cm layer 2.04 times that of the 10–20 cm layer. The specific
activities of the 137Cs in CH and CF were 1.28 and 1.06 times greater in 0–10 cm layer compared to
the 10–20 cm layer, respectively. The results of the LSD analysis showed that, in the 0–10 cm soil
layer, the average 137Cs activity of the soil in CBF was significantly greater than that of the other three
land use depths. In the 10–20 cm soil depth, the average 137Cs specific activities in CBF and CF were
significantly higher than those in HF and AF.
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Compared with the background value, the 137Cs content of all land use types was significantly
lower than the background value of 1732.48 Bq·m2. Among them, CBF decreased the least, which was
68.43% (Table 2). AF decreased the most by 96.50%. The annual soil erosion thickness for different
land use types followed the order of AF (2.31 mm) >HF (1.84 mm) > CF (0.87 mm) > CBF (0.79 mm).
In comparison with the CBF, the annual soil erosion thickness of AF and HF increased 192% and 133%,
respectively (Figure 2B). Moreover, the annual soil erosion thickness significantly differed between the
CBF and the economic forests (AF and HF). However, there was no significant difference between CBF
and CF. The correlation analysis showed that the 137Cs activity in the soil showed a significant positive
correlation with the content of soil organic carbon and total nitrogen (p < 0.05) (Table 3).

Table 2. 137Cs loss in different land use types.

Land Use Types Depth/cm 137Cs Content/Bq·m−2 Percentage 137Cs Loss/%

CBF 0–20 546.92 68.4
HF 0–20 123.88 92.9
AF 0–20 60.60 96.5
CF 0–20 495.89 71.4

 

  
a   b    

Figure 2. 137Cs levels and the annual loss in soil depth under different land use types. Note: bars
represent ± SE of the mean (n = 3). Different letters indicate significant differences in the same layer
and different land use types (p < 0.05). (a) represents specific activity of soil 137Cs in each layer with
different land use types; (b) represents average annual loss thickness of soil in different land use types.

Table 3. Correlation between 137Cs and soil chemical properties.

TN TP TK SOC DOC C/N C/H

Cor. 0.54 ** −0.18 −0.03 0.56 ** 0.11 0.49 * 0.40
P 0.006 0.39 0.99 0.005 0.60 0.02 0.05

N 24 24 24 24 24 24 24

TN: total nitrogen; TP: total phosphorus; TK: total kalium; SOC: soil organic carbon; DOC: dissolved organic carbon;
C/N: carbon/ nitrogen; C/H: carbon/hydrogen. * Significant correlation was found at the level of α = 0.05 and ** at
the level of α = 0.01.

3.2. SOC and TN Storage after Forest Conversion

The average SOC and TN storages in the CBF were 3.33 kg/m2 and 0.36 kg/m2, respectively, and
the economic forest management reduced the SOC storage and the TN storage of the soil (Figure 3). In
comparison with the CBF, the SOC storage and the TN storage in AF were the lowest, decreasing by
63.66% and 52.78%. The SOC (TN) storages in HF and CF decreased by 49.25% (38.89%) and 61.26%
(50%), respectively. The results of the LSD analysis showed that the SOC and the TN storage in different
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land use types did not change significantly with the soil layers. Among three economic forests, the
SOC and the TN storage of the CF were significantly greater than those of the other three types of land
use (p < 0.05). In the 20–30 cm soil layer, the SOC storage of the HF was significantly higher than that
of the AF (p < 0.05). In the other two layers, there was no significant difference in the SOC storage of
the three economic forests.

g

  

a   b    
Figure 3. The TN and the SOC stocks under different land use types. Note: bars represent ± SE of the
mean (n = 3). Different capital letters indicate significant differences of different land use types in the
same soil layer, and different lower-case letters indicate significant differences of different soil layers in
the same land use types. (a,b) represent the reserves of organic carbon and nitrogen, respectively.

3.3. SOC and TN Losses after Forest Conversion

The annual loss of topsoil carbon in CBF was 41.37 t/km2. HF had the most topsoil carbon loss,
which was 50.78 t/km2 (Figure 4A). The results of the LSD analysis showed that the annual loss of
topsoil carbon in HF was significantly greater than that in CF. The annual loss of topsoil nitrogen in
CBF was 2.95 t/km2 (Figure 4B). The annual loss of topsoil nitrogen in HF, AF, and CF was 1.51, 1.42,
and 0.61 that of CBF, respectively. The LSD analysis results showed that the annual loss of topsoil
nitrogen of HF and AF was significantly greater than it was for CF (p < 0.05).

As shown in Figure 5A, the annual relative loss rate of SOC in the CBF was 0.41%. The economic
forest construction increased the annual carbon soil relative loss rate. In comparison with the CBF, the
AF was the largest, being 2.43 times that of the CBF. The annual relative churn rates of HF and CF were
2.36 and 1.49 times that of CBF, respectively. The results of the LSD analysis showed that the rates of
the soil carbon loss per year in the soil of HF and AF were significantly greater than that in the CBF soil
(p < 0.05).

The annual relative loss of TN in the CBF was 0.27%. The construction of economic forests
increased the annual relative loss rate of TN. In comparison with the CBF, the AF loss was the
largest—2.93 times that of CBF. The HF and the CF were 2.48 times and 1.19 times that of the CBF,
respectively. The LSD analysis results showed that the annual rates of TN loss in the HF and the AF
were significantly greater than those in the CF and the CBF (p < 0.05).
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a b 

Figure 4. Soil surface carbon and nitrogen loss under different land use types. Note: the boxplot
consists of five statistics: minimum, upper quartile, median, lower quartile, and maximum. The center
of the boxplot is the median. Bars represent ± SE of the mean (n = 3). Different capital letters indicate
that the difference between different land use types of the same soil layer is significant. (a,b) represent
the surface loss of carbon and nitrogen, respectively.

  

a b 

Figure 5. The carbon and nitrogen relative loss rates under different land use types. Note: the boxplot
consists of five statistics: minimum, upper quartile, median, lower quartile, and maximum. The center
of the boxplot is the median. Bars represent ± SE of the mean (n = 3). Different capital letters indicate
that the difference between different land use types of the same soil layer is significant. (a,b) represent
the relative loss of carbon and nitrogen, respectively.

4. Discussion

4.1. Soil Erosion after Forest Conversion

The acquisition of the background value was the key to tracing soil erosion by nuclides [42,43].
The background value of 137Cs can be obtained by the long-term monitoring of radioactive settlement,
or it can be determined by selecting the correct reference points [44]. In this study, the background
value of 137Cs was 1732.48 Bq/m2. Similar research on the Yimeng mountain area showed that the
background value was 1602 Bq/m2, which was close to this study [45]. In addition, according to the
global simulated nuclear explosion 137Cs background value model of Walling [46], the simulation
background value of the study area was 1467 Bq/m2, which was roughly equivalent to the background
value of this study area. This indicates that the measured background value was reliable. Compared
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with the background value, all land use types underwent extremely serious soil erosion. It was
reported that, in the Ganyu District of Lianyungang City, the high stone content in the soil made it
more vulnerable to soil erosion. It has become a key area for soil erosion control [47–49].

The annual soil erosion thickness value of CBF was the lowest, which was 0.79 mm. The soil
erosion moduli of AF, HF, and CF were all higher than CBF (Figure 2). The results indicated that CBF
conversion to economic forests led to more severe soil erosion. As is shown in Table 1, compared
with economic forests, CBF had the largest LAI (leaf area index), which indicated that CBF had high
vegetation cover, which was consistent with previous studies. Binkley and Giardina [25] reported
that, after being intercepted by canopy, the energy of raindrops was reduced to almost zero when they
reached the soil. This explained why the thickness of soil loss in the CBF was the smallest. Among the
three types of economic forests, the soil loss thickness of the CF was the smallest. CBF and CF had
more litter cover on the surface than HF and AF. (Table 1). It has been reported that good litter cover
reduces the ability of rain to wash the surface, which then reduces the loss of soil sediment [50–52]. We
can further draw the conclusion that, when forests are converted into economic forests, it is necessary
to select trees that can improve vegetation coverage and litter thickness so as to effectively reduce soil
erosion. In this study, it was found that CF could better reduce soil erosion, which can be applied to
the forestry construction in this area. However, in other areas, where environmental conditions may be
different, the benefits of chestnut forests may not be realized. Therefore, more suitable tree species
need to be selected according to local conditions. The potential benefits of chestnut forests observed in
this study may depend more on the depth of litter in the study site. The abundance of litter depends
not only on the defoliation but also on the management of forests in a variety of ways to maintain
litter. Therefore, in addition to selecting suitable species for soil and water conservation, proper forest
management is particularly important.

The annual soil erosion thickness was AF >HF > CF > CBF (Figure 2 A). The change trend was
the same as the specific surface area of soil (Figure 6). The BET (Brunner Emmett Tellermethod) specific
surface area of the soils increased with the management of the economic forests. Among them, AF
increased by 43.46%, while HF and CF increased by 20.09% and 5.61%, respectively. The specific
surface area of soil is an important indicator of soil quality and an intuitive expression of land use
at a micro-scale [53–55]. The specific surface area contains abundant information, such as material
migration, tillage methods, parent material structure, and so on. An increase in the specific surface
area of an economic forest can increase the soil porosity and the macroaggregate content. Therefore,
both water holding capacity and anti-erosion ability of soil are weakened. This is consistent with
the conclusions of our research. Conversion into economic forests and improper management will
aggravate soil erosion.

Figure 6. Soil pore structure under different land use patterns.
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4.2. The Contact of Erosion and SOC and TN

The order of average SOC and TN storage was CBF > HF > CF > AF (Figure 3). This result
indicated that the economic forest management reduced the SOC storage and the TN storage of the
soil. It has been reported that the forest conversion can directly or indirectly affect many processes
in the carbon–nitrogen biogeochemical cycle of ecosystems [55], such as changing the input and the
degradation of organic matter and the physical protection of carbon and nitrogen by aggregates [56].
In addition, the SOC storage in the CBF decreased obviously as the soil layer deepened, which was
consistent with the conclusions of related research done by Ma W et al. [7].

The results showed that the order of annual loss of SOC in the soil surface was HF > CBF > AF
> CF (Figure 4). The reasons for this were two-fold. On one hand, erosion caused the absolute loss
of nutrients. As was shown in Table 3, 137Cs had a significant correlation with SOC. It was reported
that the redistribution of soil carbon and nitrogen under soil erosion was generally divided into two
aspects—lateral migration and vertical migration [57–59]. Water was the main cause of soil erosion,
which was accompanied by the whole process of soil particle dispersion, migration, and deposition.
Soil carbon and nitrogen, as important parts of the soil, were usually lost in both sediment-bound and
runoff-dissolved states during erosion [60,61]. On the other hand, when the soil itself carried a high
content of organic carbon, the absolute loss of nutrients was high. SOC content in CF and CBF was
relatively rich in itself. When soil erosion was milder, there was a high absolute loss rate.

Compared with the absolute loss, the annual relative loss rate of soil carbon and nitrogen could
better show the overall situation of soil carbon and nitrogen under different land use types, which
was an effective index for characterizing the soil quality degradation [62]. The results showed that the
relative loss rate of the CBF was significantly smaller than those of the AF and the HF, which were
similar to the soil layer loss thickness distribution. This indicated that the soil carbon and the nitrogen
loss in the AF and the HF were serious and should have been strengthened to reduce the soil erosion
and the loss of nutrients as well as to improve the soil quality [63]. In addition, it was found that the
rate of soil carbon loss per year under different land use types was obviously greater than that of soil
nitrogen relative loss. This was consistent with relevant studies [64].

The correlation analysis showed that the 137Cs activity in the soil showed a significant positive
correlation with the content of soil organic carbon and total nitrogen (Table 3), which indicated that the
contents of soil carbon and nitrogen under different land use modes in the area were closely related to
soil erosion. This was consistent with earlier reports by Cheng J X et al. [65,66].

5. Conclusions and Deficiencies

The results showed that the conversion of coniferous broad-leaved mixed forests into the economic
forests aggravated soil erosion. The average annual soil loss thickness of CBF was 0.79 mm, while those
of AF, HF, and CF were 2.31 mm, 1.84 mm, and 0.87 mm, respectively. Economic forest management
reduced the average carbon storage of soil, and the ranges from big to small were AF, CF, and HF
by 63.66%, 61.26%, and 49.25%, respectively. The soil erosion process directly leads to the loss of
soil carbon and nitrogen, which has a negative impact on the development of local agriculture and
forestry. In the process of practical application, we should pay attention when forests are converted
into economic forests, as it is necessary to select trees that can improve vegetation coverage and litter
thickness in order to effectively reduce soil erosion. However, there are still some problems and
shortcomings in this paper, such as the relative contribution rate of soil erosion and land use change to
soil carbon and nitrogen loss, which could not be concluded from the existing data and will be more
detailed in future experiments.
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Abstract: In order to gain more detailed knowledge of the CO2 concentration gradient in forest soil
profiles and to better understand the factors that control CO2 concentration along forest soil profiles,
we examined the soil surface CO2 flux, soil properties and soil profile CO2 concentration in upright
(CK), inverted and mixed soil columns with a depth of 60 cm in two subtropical forests in China
from May 2008 to December 2009. The results showed that: (1) The SOC (soil organic carbon), TN
(total N) and microbial biomass were higher in the deeper layers in the inverted soil column, which
was consistent with an increase in CO2 concentration in the deeper soil layer. Furthermore, the
biogeochemical properties were homogenous among soil layers in the mixed soil column. (2) CO2

concentration in the soil profile increased with depth in CK while soil column inversion significantly
intensified this vertical stratification as the most active layer (surface soil) was now at the bottom.
The stratification of CO2 concentration along the soil profile in the mixed soil column was similar
to that in CK but it was not intensified after soil was mixed. (3) The soil surface CO2 flux did not
significantly change after the soil column was inverted. The surface CO2 flux rate of the mixed
soil column was higher compared to that of the inverted soil column but was not significantly
different from CK. Our results indicated that the profile soil CO2 production was jointly controlled by
soil properties related to CO2 production (e.g., SOC content and soil microbial biomass) and those
related to gas diffusion (e.g., soil bulk density and gas molecular weight), but the soil surface CO2

flux was mainly determined by soil surface temperature and may be affected by the intensity of
soil disturbance.

Keywords: CO2 production and diffusion; soil properties; CO2 emission; surface soil layer

1. Introduction

An increase in atmospheric CO2 concentration is considered to be one of the main causes for
global warming [1,2]. As the largest terrestrial source and potential sink for CO2, soil is particularly
important in the global carbon cycle [3–7]. All CO2 produced in the soil would be emitted through soil
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surface efflux on a long-term basis [8]. The soil profile CO2 concentration was reported to drive and
accelerate this surface emission process [9] and therefore, this would influence the carbon balance of the
forest. Some models estimated the soil CO2 effluxes from the soil CO2 concentration profiles [10–12].
Thus, we need to gain more detailed knowledge of the soil profile CO2 concentration in order to better
assess its contribution to soil surface CO2 emission and global warming.

The majority of the forest soil CO2 is produced in the surface layer since the majority of SOM
(soil organic matter) and roots are distributed in the surface soil. However, the soil profile CO2

concentration is high in the deep soil layer and low in the surface soil, which is the opposite to the
production source layer [13]. Microbial biomass acts as both a source and sink for nutrients and
participates in C, N and P transformation. Although it contributes less than 5% to SOM, it plays an
active role in the soil C cycle [14]. The soil profile CO2 concentration depends on both the processes of
CO2 production and diffusion. Studies have shown that soil CO2 production and diffusion often has a
strong and remarkable dependence on temperature and moisture [15–17]. It was also affected by soil
properties, such as soil organic matter, total N (TN) and bulk density, root dynamics and microbial
biomass [18,19]. However, there were limited studies focused on the relationship between the variation
of soil properties and soil CO2 concentration.

Agricultural practice, such as tillage, plays an important role in the storage and release of C within
the terrestrial C cycle. The conventional intensive tillage was found to increase the emission of CO2 by
16.0% in a subtropical rice farm [20]. Significantly greater CO2 fluxes were also observed in subtropical
paddy ecosystems after tillage operations [21]. Tillage disturbance does not occur as frequently
as croplands in forests but during the process of restoring damaged ecosystems, tree planting and
occasionally tillage are usual practices. Consequently, soil mixing is inevitable during ploughing.

In the present study, we manipulated a soil column experiment with upright, inverted and mixed
soil columns in order to investigate the soil surface CO2 flux, the distribution of CO2 concentration in
soil profiles and their influencing factors. The field site was a forest restoration ecosystem. We mixed
the soil in “mixed” columns to identify the influence of “tillage” disturbance on soil CO2. The purpose
of our study was to examine the dependence of soil profile CO2 concentration on soil properties in
order to better understand the mechanism of the vertical stratification of soil profile CO2 concentration
and the relationship of soil profile CO2 with soil surface CO2 flux.

2. Materials and Methods

2.1. Study Area

The study was conducted over a 20-month period (from May 2008 to December 2009) in
two subtropical plantation forests at the Heshan Hilly Land Interdisciplinary Experimental Station
(112◦50′ E, 22◦34′ N), Guangdong Province, China. These selected forests included a coniferous forest
(CF) mixed by Pinus massoniana lamb, Cunninghamia lanceolata (lamb) Hook and a broad-leaved
forest (BF) dominated by Schima wallichii Choisy. The soil of the field site was an Orthic Acrisol [22]
and the surface soil pH was about 4.0. The soil SOC (soil organic carbon) was 13.08 and 19.26 g kg−1

while the TN was 0.99 and 1.11 g kg−1 in CF and BF, respectively. The trees were about 25 years old
when the current experiment started in 2008.

2.2. Experimental Design and Sample Analysis

A randomized block design with six replicates for each treatment was used in the soil column
manipulation experiment. The soil column treatments were: (1) Upright soil column (CK); (2) inverted
soil column (Inverted); and (3) mixed soil column (Mixed). The soil pillar was carefully dug and
sheathed in the PVC (polyvinyl chloride) pipe to make a soil column cylinder. Each soil column had a
diameter of 40 cm and a depth of 60 cm. In the upright and inverted soil columns, the soil pillar was
undisturbed but in the mixed soil column, the topsoil and subsoil were thoroughly mixed. All soil
columns were sealed at the bottom and placed back into the original location where the soil column
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was manipulated. Each soil column was equipped with gas tubes and three-way stopcocks at depths
of 20, 40 and 60 cm to sample soil CO2 while a water tube was added at the bottom to sample the
dissolved soil organic carbon and to avoid waterlog (Figure A1). Several holes with a diameter of 2 cm
were made onto the wall of the PVC pipe to allow for the free exchange of soil air. All vegetation and
litter fall were removed carefully from the soil surface of each soil column and were not present during
the experiment period, which was achieved without disturbing the soil. All these manipulations were
completed in May 2008.

We measured the soil surface CO2 flux for each column once per month with the static chamber-gas
chromatograph (GC) technique [23] from May 2008 to December 2009. PVC chamber with a diameter
of 20 cm and a height of 20 cm was gently inserted 2 cm below the soil. Gas samples were collected four
times at 10 min intervals from each soil column with 60 mL polypropylene syringes. Measurements
were always made between 09:00 and 11:00 as suggested by Xu and Qi to represent the diurnal
averages [19,24,25]. Soil CO2 concentrations at depths of 20, 40 and 60 cm were sampled after the
surface measurements and were determined using GC within 24 h. The soil temperature at depths of 5,
20, 40 and 60 cm was recorded every 0.5 h with an iButton DS1923 digital thermometer equipped in
the soil column.

Gas flux was calculated based on the soil surface gas concentration change within the chamber
over the measurement period, which was estimated as the slope of linear regression between
concentration and time. It was expressed in the following equation [26]:

F =
Δm
Δt

·D V
A

= hD
Δm
Δt

(1)

where F is the gas flux (mg m−2 h−1); h is the height of the chamber (m); D is the gas density in the
chamber (D = n/v = P/RT, in mg m−3 where P is the air pressure; T is the temperature inside of the
chamber and R is the air constant; �m/�t denotes the linear slope of concentration changing with
time over the measurement period.

The soil along the profiles was sampled in May and November both in 2008 and 2009. All soil
samples were sieved with a 2 mm sieve before analysis. Soil water content (SWC) was measured by
oven-drying for 48 h at 105 ◦C; SOC was determined by the dichromate oxidation method; soil TN was
estimated by Kjeldahl digestion with UV spectrophotometric analysis [27]; and soil bulk density was
determined by the intact soil core method. The soil microbial biomass and community structure was
analyzed using the phospholipid fatty acids (PLFAs) method as described by Bossio and Scow [28].
Different PLFAs were considered to represent different groups of soil microorganisms. The abundance
of individual fatty acids was calculated based on the 19:0 internal standard concentrations. Bacteria
were identified by 10 PLFAs (i15:0, a15:0, 15:0, i16:0, 16: 1ω7, i17:0, a17:0, 17:0, cy17:0 and cy19:0)
while 18:2ω6c and 18:1ω9c were used as the indicators of fungal biomass [29]. The ratio of fungal
PLFAs to bacterial PLFAs was used to estimate the ratio of fungal to bacterial biomass (F/B) in soil [30].
The results of soil properties were the average of four measurements.

2.3. Statistical Analysis

A repeated measures analysis of variance (RM ANOVA) was performed to examine the monthly
changes in CO2 concentration and the soil surface CO2 flux. Two-way ANOVA and LSD (least
significant difference) tests were performed to compare the physicochemical and microbial traits
among forest types and soil treatments. All statistics were performed using IBM SPSS Statistics 21
(IBM Corporation, New York, NY, USA) and SigmaPlot 12.5 (Systat Software Inc., San Jose, CA, USA).
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3. Results

3.1. Precipitation and Air Temperature

The annual precipitation of the site was 1319.6 mm and 1525.6 mm while the average temperature
was 21.60 ◦C and 22.49 ◦C in 2008 and 2009, respectively. The precipitation from May to September
(high temperature period, monthly mean temperature >25 ◦C) in 2008 was 922.60 mm, which was
significantly less than that in the same period in 2009 (1148.20 mm). The mean air temperature was
26.95 ◦C in this period in 2008, which was lower by 0.62 ◦C compared to 2009 (Figure A2). The mean
soil temperature at a depth of 5 cm was 24.73 ◦C in CF in the study period, which was higher by
1.29 ◦C compared to BF.

3.2. Variation of Soil Profile CO2 Concentration

Large variations of CO2 concentration in soil profiles were observed both throughout time and
with different depths in all treatments (Figure 1a–f). In general, the CO2 concentration increased with
depth, with the highest concentrations observed at a depth of 60 cm. CO2 concentrations in soil profiles
were quite different between the two years, with the peak accumulation having occurred in the high
temperature period of the second year. The CO2 concentration in the BF soil was higher than that in
the CF soil.
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Figure 1. Seasonal variations of CO2 concentration along soil profiles in a coniferous forest (CF) and
a broad-leaved forest (BF). Different soil column treatments were: (a) CF-CK (upright soil column);
(b) BF-CK; (c) CF-Inverted; (d) BF-Inverted; (e) CF-Mixed; and (f) BF-Mixed. Data are shown as means
± SE, n = 6.
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The average CO2 concentration in CF at a depth of 60 cm was 1.1 × 104 μL·L−1, which was
39% higher than that in 20 cm. The CO2 concentration in the inverted soil column at a depth of
60 cm reached 3.2 × 104 μL·L−1, which was about 4.8 times that of the 20 cm. In other words, the
vertical stratification of CO2 concentration in the soil profile was intensified in the inverted soil column
compared to CK. In the mixed soil columns, the CO2 concentration in each layer was lower than
CK. Similar patterns were observed in BF, which showed that the inverted soil column intensified
the stratification of CO2 concentrations in soil profiles, while CO2 concentrations in the “Mixed” soil
column were lower than CK despite still maintaining its stratification.

3.3. Seasonal Variation of Soil Surface CO2 Flux

Soil surface CO2 flux rates varied significantly during the study period, with higher CO2 flux
rates observed during the summer both in BF and CF (Figure 2a,b). The repeated measures analyses of
variance indicated a significant interaction between months and treatments (p < 0.001). The average
soil surface CO2 flux rates in CF were 185.69, 155.70 and 201.81 mg m−2 h−1 for the CK, inverted
and mixed soil columns, respectively. In BF, the rates were 183.42, 159.95 and 197.70 mg m−2 h−1,
respectively. The soil surface CO2 flux rates of the inverted soil column were 13%–16% lower than
CK while that of the “mixed” soil column were somewhat higher although these differences were not
significant. However, soil surface CO2 flux rates of the “mixed” soil column was significantly higher
than that in the inverted soil column in BF (p < 0.05). Soil surface CO2 flux rates from CF did not
significantly differ from the rates measured in BF.
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Figure 2. Fluxes of CO2 in a coniferous forest (CF) (a) and a broad-leaved forest (BF) (b) in different soil
column treatments: CK, inverted and mixed. Error bars represent standard errors of the mean (n = 6).
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3.4. Soil Biogeochemical Properties in Different Columns

The SOC (at a depth of 0–20 cm) was significantly higher in the BF soil than in the CF soil (p < 0.05,
Table 1). SWC, TN and bulk density did not differ between the two forests. In the upright soil column,
the SOC and TN in the topsoil were significantly higher than in the subsoil (p < 0.05) while the soil
bulk density was higher in the subsoil. Naturally, the opposite pattern was observed in the inverted
soil column, which showed that SOC and TN were higher in “new subsoil” but soil bulk density was
higher in the “new topsoil”. In the mixed soil column, all measured soil properties did not differ
significantly among the three soil layers.

Table 1. Soil physical and chemical properties by depth and soil columns manipulation, including
soil water content (SWC), total organic carbon (TOC), total nitrogen (TN) and bulk density. Error bars
represent the standard errors of the mean (n = 4). Different letters represent significant differences (LSD
test, p < 0.05).

Forest
Type

Treatments Profile SWC (%)
SOC

(g·kg−1)
TN

(mg·L−1)
Bulk Density

(g·cm−3)

CF CK 0–20 cm 19.66 ± 4.00a 13.09 ± 2.74a 1.17 ± 0.14a 1.40 ± 0.05a
20–40 cm 18.95 ± 2.54a 7.62 ± 2.21b 0.83 ± 0.18b 1.48 ± 0.06a
40–60 cm 19.93 ± 2.97a 5.75 ± 1.45b 0.70 ± 0.10b 1.48 ± 0.08a

Inverted 0–20 cm 19.08 ± 3.21a 5.98 ± 1.00b 0.66 ± 0.15b 1.49 ± 0.02a
20–40 cm 20.04 ± 1.86a 6.17 ± 1.76b 0.71 ± 0.20b 1.46 ± 0.11ab
40–60 cm 21.36 ± 2.58a 10.12 ± 2.98a 0.99 ± 0.20a 1.35 ± 0.09b

Mixed 0–20 cm 20.19 ± 2.63a 10.89 ± 1.82a 0.97 ± 0.18a 1.31 ± 0.03a
20–40 cm 21.04 ± 2.67a 9.25 ± 1.35a 0.94 ± 0.16a 1.30 ± 0.05a
40–60 cm 21.80 ± 1.53a 9.42 ± 0.69a 0.90 ± 0.16a 1.28 ± 0.09a

BF CK 0–20 cm 23.15 ± 1.82a 17.25 ± 1.53a 1.42 ± 0.41a 1.39 ± 0.02b
20–40 cm 21.07 ± 2.15a 6.97 ± 1.94b 0.81 ± 0.29b 1.55 ± 0.05a
40–60 cm 21.44 ± 1.60a 4.76 ± 1.54b 0.68 ± 0.33b 1.48 ± 0.08a

Inverted 0–20 cm 20.15 ± 1.82a 5.51 ± 1.44b 0.75 ± 0.41a 1.39 ± 0.09a
20–40 cm 20.62 ± 2.51a 5.31 ± 1.49b 0.76 ± 0.31a 1.48 ± 0.10a
40–60 cm 23.29 ± 1.83a 12.79 ± 5.54a 1.15 ± 0.29a 1.39 ± 0.02a

Mixed 0–20 cm 21.80 ± 2.31a 9.43 ± 2.16a 0.97 ± 0.33a 1.32 ± 0.08a
20–40 cm 22.22 ± 1.57a 9.18 ± 3.01a 0.92 ± 0.21a 1.35 ± 0.03a
40–60 cm 22.50 ± 3.93a 8.33 ± 2.22a 0.96 ± 0.40a 1.32 ± 0.04a

In the upright soil columns, the mean total soil microbial biomass (PLFA), fungal biomass, bacterial
biomass and F/B ratio all decreased with depth both in CF and BF soil (Table 2). In the inverted soil
column, bacterial biomass was higher in the “new subsoil” while fungal biomass was higher in the
“new topsoil”. In the mixed soil column, the biogeochemical properties were homogenous among
different soil layers.

Table 2. Soil microbial community characters in each soil layer over all manipulated soil columns.
PLFA, total PLFA; Fun, fungi; Bac, Bacteria; F/B, the ratio of fungal to bacterial biomass. Error bars
represent the standard errors of the mean (n = 4). Different letters represent significant differences (LSD
test, p < 0.05).

Forest
Type

Treatments Profile
PLFA

(nmol·g−1)
Fun (mol%) Bac (mol%) F/B%

CF CK 0–20 cm 6.34 ± 3.52a 4.14 ± 1.34a 28.64 ± 5.76a 14.69 ± 4.23a
20–40 cm 4.07 ± 2.24a 1.99 ± 0.98ab 21.33 ± 8.61b 10.75 ± 6.12a
40–60 cm 4.15 ± 2.30a 1.53 ± 1.12b 17.86 ± 4.93b 8.89 ± 5.83a

Inverted 0–20 cm 5.45 ± 2.66a 3.52 ± 3.39a 17.39 ± 3.31b 19.64 ± 18.31a
20–40 cm 4.72 ± 2.25a 1.18 ± 0.72a 17.06 ± 3.36b 7.34 ± 4.67b
40–60 cm 5.10 ± 1.90a 2.94 ± 0.51a 27.51 ± 6.05a 11.18 ± 4.54a

Mixed 0–20 cm 7.31 ± 4.60a 5.01 ± 2.60a 27.25 ± 3.00a 17.43 ± 8.86a
20–40 cm 5.57 ± 2.73a 3.21 ± 0.89a 25.28 ± 3.84a 12.09 ± 3.37a
40–60 cm 5.45 ± 1.77a 2.76 ± 0.56a 25.83 ± 2.10a 10.19 ± 2.06a
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Table 2. Cont.

Forest
Type

Treatments Profile
PLFA

(nmol·g−1)
Fun (mol%) Bac (mol%) F/B%

BF CK 0–20 cm 10.55 ± 1.92a 3.35 ± 1.90a 24.24 ± 6.24a 13.04 ± 5.24a
20–40 cm 7.75 ± 1.94a 2.05 ± 0.74a 20.83 ± 3.85a 9.79 ± 4.14a
40–60 cm 6.23 ± 1.05b 0.98 ± 0.60a 14.37 ± 3.15b 7.32 ± 4.10a

Inverted 0–20 cm 6.54 ± 1.55a 3.71 ± 4.90a 16.79 ± 3.93a 8.46 ± 4.25a
20–40 cm 6.83 ± 2.49a 1.39 ± 0.41a 18.38 ± 3.64a 8.81 ± 3.39a
40–60 cm 7.11 ± 0.96a 1.74 ± 0.48a 21.24 ± 1.06a 8.93 ± 1.67a

Mixed 0–20 cm 7.05 ± 2.27a 2.21 ± 2.04a 20.96 ± 4.47a 9.88 ± 8.07a
20–40 cm 8.49 ± 2.37a 1.44 ± 1.30a 16.15 ± 6.37a 8.19 ± 5.49a
40–60 cm 9.10 ± 3.08a 1.32 ± 1.11a 16.32 ± 4.66a 7.93 ± 4.95a

3.5. Correlations of Soil CO2 Concentration and Temperature

The dependence of soil CO2 concentration on temperature was strong and consistent in two
forests in the CK and mixed soil columns (Figure 3a–f). The relationship was well fit by an exponential
growth regression model (p < 0.001). The temperature explained 26%–76% of the variation in soil CO2

concentration in the upright and mixed soil columns. In the inverted soil columns, this dependence
was significantly weaker.
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Figure 3. Relationship between soil profile CO2 concentration and soil temperature. Different soil
column treatments were: (a) CF-CK; (b) BF-CK; (c) CF-Inverted; (d) BF-Inverted; (e) CF-Mixed; and
(f) BF-Mixed.
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4. Discussion

4.1. Effects of Environment Variables on CO2 Concentration in Soil Profiles and Soil Surface CO2 Flux

In general, the soil CO2 concentration was greater in the deeper soil layer regardless of the way
that the soil columns were manipulated in the present study. We considered that this was mainly due to
the difficulty of CO2 diffusion within the soil profile to the atmosphere [15]. Studies have demonstrated
that the molecular diffusion trait is the most important factor affecting CO2 transportation within the
soil profile. Furthermore, this was strongly dependent on soil porosity, which was closely related to
soil moisture [9]. Rainfall could lead to an increase in soil moisture and a decrease in CO2 diffusivity,
which would subsequently result in CO2 accumulation in soil and increase the CO2 concentration
in deep soil [16]. Our data also showed that CO2 concentration in soil profiles increased with the
seasonal temperature rise, which was probably due to an increase in soil microbial respiration with
increasing temperature. This suggests that temperature is also a major factor that influences CO2

concentration along the soil profile. The summer of 2009 was relatively hotter and wetter than the
summer of 2008 during the study period, which resulted in a significantly higher CO2 concentration in
the summer of 2009 thus, verifying that temperature and moisture are major factors determining soil
CO2 concentration.

4.2. Soil Properties and Soil CO2 Concentration Stratification

The inverted soil column was found to intensify the stratification of CO2 concentration due to the
replacement of the subsoil with the original topsoil. In this case, the SOC, TN and microbial biomass
were higher in the deeper layer in the inverted soil column, which was consistent with an increase in
CO2 concentration in the deeper soil layer. SOC and TN provide energy and nutrients for microbial
growth and thus, the CO2 in the soil profiles mainly resulted from microbial activity. In addition, the
higher soil bulk density in the “new topsoil” in the inverted soil column would have a negative effect
on CO2 emission from the soil since CO2 diffusion within the soil profile depends on soil porosity,
which is tied closely with soil bulk density.

As we observed, soil organic carbon, total nitrogen and microbial biomass were often higher in
original topsoil and they coincided with higher CO2 production. However, the soil CO2 concentration
was generally higher in the deeper soil layer. Furthermore, soil properties in the mixed soil columns
did not differ significantly among soil layers but the CO2 concentration along the soil profile showed a
clear stratification. These results indicated that although CO2 concentration was highly influenced by
soil properties, it was the gravity that determined the vertical distribution of soil CO2 concentration
since the molecular weight of CO2 is greater than air.

4.3. CO2 Profile Concentration and its Relationship to Soil Surface CO2 Flux

The surface CO2 flux rates of the mixed soil column were 8%–9% higher than those in CK
although these were not statistically significantly. This was much less than those in the croplands
under conventional tillage [20,21]. Soil profile CO2 is transported into the atmosphere primarily by
diffusion and air turbulence at the forest soil surface, which could significantly impact the carbon
balance of the forest ecosystem [31,32]. These important processes often occurred near the soil surface
but had little effect on the subsoil CO2 storage. Wiaux et al. [10] observed that approximately 90%–95%
of the surface CO2 fluxes originated from the top 10 cm of the soil profile. On one hand, the upward
movement of CO2 is a slow process limited by soil surface texture and turbulence. On the other hand,
CO2 has the tendency to sink down along the soil profile as the molecular weight of CO2 is heavier
than the average molecular weight of air [13].

In the present study, it is important to note that soil column inversion significantly intensified
the vertical stratification of soil profile CO2 concentration. However, this did not intensify soil surface
CO2 flux rate, which was even lower compared to CK. In contrast, soil column mixing increased the
soil surface CO2 flux to some extent (although this was not statistically significant). C content in BF
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in the topsoil was 32% more than that in CF, while the soil surface CO2 flux rates from BF were not
significantly different from those in CF. These results suggested that CO2 production was stimulated
by the increased CO2 production sources (SOC, TN and microbial communities) while surface soil
CO2 exchange could be altered by changing the soil texture (i.e., soil bulk density) and soil surface
temperature (mean soil temperature at a depth of 5 cm was 1.29 ◦C higher in CF than in BF).

5. Conclusions

The soil profile CO2 concentration appeared to be strongly affected by environmental factors
(temperature and precipitation) and soil properties (SOC, TN, soil bulk density and microbial
communities) in the current study. The surface CO2 fluxes rates remained relatively stable when
the CO2 concentration in soil profile was increased to a significant extent. These results increased our
understanding of the factors influencing CO2 concentration in forest soil profile and the relationship
of soil profile CO2 with soil surface CO2 flux. We concluded that the interaction of soil properties
and environmental factors controlled the CO2 production in the soil profile, but the soil surface CO2

emission could be affected by the intensity of the disturbance or soil temperature variation. Although
all CO2 produced in the soil would be eventually emitted to the atmosphere through soil surface efflux
on a long-term basis, CO2 stored in the subsoil may be relatively stable in the deeper soil layers.
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Appendix A

Figure A1. Diagram depicting soil column manipulation for field measurements of CO2.

167



Forests 2019, 10, 192

08/5  08/6  08/7  08/8  08/9  08/10  08/11  08/12  09/1  09/2  09/3  09/4  09/5  09/6  09/7  09/8  09/9  09/10  09/11  09/12  

P
re

ci
pi

ta
tio

n
m

m

0

50

100

150

200

A
ir 

Te
m

pe
ra

tu
re

0

10

20

30

40

Precipitation
Air Temperature

Figure A2. Precipitation and air temperature in Heshan station during the study period.

References

1. Houghton, J.T.; Meira-Filho, L.G.; Callander, B.A.; Harris, N. Climate Change 1995: The Science of Climate
Change; Kathenberg, N., Maskell, K., Eds.; Cambridge University Press: New York, NY, USA, 1996.

2. Stocker, T.F.; Qin, D.; Plattner, G.K.; Tignor, M.; Allen, S.K.; Boschung, J.; Nauels, A.; Xia, Y. Climate Change:
The Physical Science Basis; Bex, V., Midgley, P.M., Eds.; Cambridge University Press: New York, NY, USA, 2013.

3. Grüning, M.M.; Germeshausen, F.; Thies, C.; L.-M.-Arnold, A. Increased forest soil CO2 and N2O emissions
during insect infestation. Forests 2018, 9, 612. [CrossRef]

4. Lee, S.; Yim, J.; Son, Y.; Son, Y.; Kim, R. Estimation of forest carbon stocks for national greenhouse gas
inventory reporting in south Korea. Forests 2018, 9, 625. [CrossRef]

5. Schlesinger, W.H.; Andrews, J.A. Soil respiration and the global carbon cycle. Biogeochemistry 2000, 48, 7–20.
[CrossRef]

6. Valentini, R.; Matteucci, G.; Dolman, A.J.; Schulze, E.D.; Rebmann, C.; Moors, E.J.; Granier, A.; Gross, P.;
Jensen, N.O.; Pilegaard, K.; et al. Respiration as the main determinant of carbon balance in European forests.
Nature 2000, 404, 861–865. [CrossRef] [PubMed]

7. Raich, J.W.; Schlesinger, W.H. The global carbon-dioxide flux in soil respiration and its relationship to
vegetation and climate. Tellus B 1992, 44, 81–99. [CrossRef]

8. Maier, M.; Schack-Kirchner, H.; Hildebrand, E.E.; Schindler, D. Soil CO2 efflux vs. soil respiration:
Implications for flux models. Agric. For. Meteorol. 2011, 151, 1723–1730. [CrossRef]

9. Pihlatie, M.; Pumpanen, J.; Rinne, J.; Ilvesniemi, H.; Simojoki, A.; Hari, P.; Vesala, T. Gas concentration driven
fluxes of nitrous oxide and carbon dioxide in boreal forest soil. Tellus B 2007, 59, 458–469. [CrossRef]

10. Wiaux, F.; Vanclooster, M.; Van-Oost, K. Vertical partitioning and controlling factors of gradient-based
soil carbon dioxide fluxes in two contrasted soil profiles along a loamy hillslope. Biogeosciences 2015, 12,
4637–4649. [CrossRef]

11. Tang, J.W.; Baldocchi, D.D.; Qi, Y.; Xu, L.K. Assessing soil CO2 efflux using continuous measurements of
CO2 profiles in soils with small solid-state sensors. Agric. For. Meteorol. 2003, 118, 207–220. [CrossRef]

12. Maier, M.; Schack-Kirchner, H. Reply to comment on “Using the gradient method to determine soil gas flux:
A review”. Agric. For. Meteorol. 2014, 197, 256–257. [CrossRef]

13. Luo, Y.Q.; Zhou, X.H. Processes of CO2 transport from soil to the atmosphere. In Soil Respiration and the
Environment; Elsevier Inc.: Amsterdam, The Netherlands, 2006; pp. 61–76.

14. Hopkins, D.W.; Sparrow, A.D.; Shillam, L.L.; English, L.C.; Dennis, P.G.; Novis, P. Enzymatic activities
and microbial communities in an antarctic dry valley soil: Responses to c and n supplementation.
Soil Biol. Biochem. 2008, 40, 2130–2136. [CrossRef]

15. Risk, D.; Kellman, L.; Beltrami, H. Carbon dioxide in soil profiles: Production and temperature dependence.
Geophys. Res. Lett. 2002, 29, 111–114. [CrossRef]

168



Forests 2019, 10, 192

16. Jassal, R.; Black, A.; Novak, M.; Morgenstern, K.; Nesic, Z.; Gaumont-Guay, D. Relationship between soil
CO2 concentrations and forest-floor CO2 effluxes. Agric. For. Meteorol. 2005, 130, 176–192. [CrossRef]

17. Albanito, F.; Saunders, M.; Jones, M.B. Automated diffusion chambers to monitor diurnal and seasonal
dynamics of the soil CO2 concentration profile. Eur. J. Soil Sci. 2009, 60, 507–514. [CrossRef]

18. Billings, S.A.; Richter, D.D.; Yarie, J. Soil carbon dioxide fluxes and profile concentrations in two boreal
forests. Can. J. For. Res. 1998, 28, 1773–1783. [CrossRef]

19. Xu, M.; Qi, Y. Soil-surface CO2 efflux and its spatial and temporal variations in a young ponderosa pine
plantation in northern California. Glob. Chang. Biol. 2001, 7, 667–677. [CrossRef]

20. Zhang, Z.S.; Cao, C.G.; Guo, L.J.; Li, C.F. Emissions of CH4 and CO2 from paddy fields as affected by tillage
practices and crop residues in central china. Paddy Water Environ. 2016, 14, 85–92. [CrossRef]

21. Li, C.F.; Kou, Z.K.; Yang, J.H.; Cai, M.L.; Wang, J.P.; Cao, C.G. Soil CO2 fluxes from direct seeding rice fields
under two tillage practices in central China. Atmos. Environ. 2010, 44, 2696–2704. [CrossRef]

22. FAO. World Reference Base for Soil Resources 2006; World Soil Resources Report; FAO: Rome, Italy, 2006; p. 103.
23. Wang, Y.S.; Wang, Y.H. Quick measurement of CH4, CO2 and N2O emissions from a short-plant ecosystem.

Adv. Atmos. Sci. 2003, 20, 842–844.
24. Larionova, A.A.; Rozonova, L.N.; Samoylov, T.I. Dynamics of gas exchange in the profile of a gray forest soil.

Sov. Soil Sci. 1989, 24, 1359–1372.
25. Jian, J.S.; Steele, M.K.; Day, S.D.; Quinn, T.R.; Hodges, S.C. Measurement strategies to account for soil

respiration temporal heterogeneity across diverse regions. Soil Biol. Biochem. 2018, 125, 167–177. [CrossRef]
26. Zhou, C.Y.; Zhou, G.Y.; Zhang, D.Q.; Wang, Y.H.; Liu, S.Z. CO2 efflux from different forest soils and impact

factors in Dinghu Mountain, China. Sci. China Ser. D 2005, 48, 198–206.
27. Liu, G. Analysis of Soil Physical and Chemical Properties and Description of Soil Profiles; China Standard: Beijing,

China, 1996.
28. Bossio, D.A.; Scow, K.M. Impacts of carbon and flooding on soil microbial communities: Phospholipid fatty

acid profiles and substrate utilization patterns. Microb. Ecol. 1998, 35, 265–278. [CrossRef] [PubMed]
29. Frostegard, A.; Baath, E. The use of phospholipid fatty acid analysis to estimate bacterial and fungal biomass

in soil. Biol. Fert. Soils 1996, 22, 59–65. [CrossRef]
30. Baath, E.; Anderson, T.H. Comparison of soil fungal/bacterial ratios in a pH gradient using physiological

and PLFA-based techniques. Soil Biol. Biochem. 2003, 35, 955–963. [CrossRef]
31. Massman, W.J.; Sommerfeld, R.A.; Mosier, A.R.; Zeller, K.F.; Hehn, T.J.; Rochelle, S.G. A model investigation

of turbulence-driven pressure-pumping effects on the rate of diffusion of CO2, N2O and CH4 through
layered snow packs. J. Geophys. Res.-Atmos. 1997, 102, 18851–18863. [CrossRef]

32. Bowling, D.R.; Massman, W.J. Persistent wind-induced enhancement of diffusive CO2 transport in a
mountain forest snowpack. J. Geophys. Res.-Biogeo. 2011, 116, 352–370. [CrossRef]

© 2019 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

169



Article

Methane Emission from Mangrove Wetland Soils Is
Marginal but Can Be Stimulated Significantly by
Anthropogenic Activities

Xiawan Zheng 1,2,3, Jiemin Guo 3,4, Weimin Song 1,5, Jianxiang Feng 3,6 and Guanghui Lin 1,2,3,*

1 Ministry of Education Key Laboratory for Earth System Modeling, Department of Earth System Science,
Tsinghua University, Beijing 100084, China; zhengxw16@mails.tsinghua.edu.cn (X.Z.);
wmsong2005@163.com (W.S.)

2 Joint Center for Global Change Studies, Beijing 100875, China
3 Graduate School at Shenzhen, Tsinghua University, Shenzhen 518055, China; jguo3@uwyo.edu (J.G.);

weifejix@163.com (J.F.)
4 Department of Botany, University of Wyoming, Laramie, WY 82071, USA
5 Yantai Institute of Coastal Zone Research, Chinese Academy of Science, Yantai 264006, China
6 School of Life Sciences, Sun Yat-sen University, Guangzhou 510275, China
* Correspondence: lingh@mail.tsinghua.edu.cn; Tel.: +86-010-62797230

Received: 21 October 2018; Accepted: 22 November 2018; Published: 27 November 2018

Abstract: Mangrove wetland soils have been considered as important sources for atmospheric CH4,
but the magnitude of CH4 efflux in mangrove wetlands and its relative contribution to climate
warming compared to CO2 efflux remains controversial. In this study, we measured both CH4

and CO2 effluxes from mangrove soils during low or no tide periods at three tidal zones of two
mangrove ecosystems in Southeastern China and collected CH4 efflux data from literature for 24 sites
of mangrove wetlands worldwide. The CH4 efflux was highly variable among our field sites due
to the heterogeneity of mangrove soil environments. On average, undisturbed mangrove sites have
very low CH4 efflux rates (ranging from 0.65 to 14.18 μmol m−2 h−1; median 2.57 μmol m−2 h−1),
often less than 10% of the global warming potentials (GWP) caused by the soil CO2 efflux from
the same sites (ranging from 0.94 to 9.50 mmol m−2 h−1; median 3.67 mmol m−2 h−1), even after
considering that CH4 has 28 times more GWP over CO2. Plant species, study site, tidal position,
sampling time, and soil characteristics all had no significant effect on mangrove soil CH4 efflux.
Combining our field measurement results and literature data, we demonstrated that the CH4 efflux
from undisturbed mangrove soils was marginal in comparison with the CO2 efflux in most cases,
but nutrient inputs from anthropogenic activities including nutrient run-off and aquaculture activities
significantly increased CH4 efflux from mangrove soils. Therefore, CH4 efflux from mangrove
wetlands is strongly influenced by anthropogenic activities, and future inventories of CH4 efflux
from mangrove wetlands on a regional or global scale should consider this phenomenon.

Keywords: greenhouse gas emission; soil respiration; coastal wetlands; anthropogenic effect

1. Introduction

Global wetlands are considered as important carbon sinks for sequestering high amounts of
carbon dioxide (CO2) from the atmosphere and contain more than 30% of the world’s organic carbon in
the soils, despite accounting for only 5%–8% of the global terrestrial surface [1–3]. Mangrove wetlands
could be key ecosystems in addressing climate regulation through their high productivity and effective
carbon (C) sequestration rates [4–7]. The global carbon sequestration rate in mangrove wetlands is
on average 174 g C m−2 year−1, corresponding to about 10%–15% of global coastal ocean carbon
storage [8]. Organic-rich soils dominate in mangrove carbon storage, accounting for 49%–98% of
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carbon stocks in mangrove wetlands [9,10]. However, the buried carbon may releases back into the
atmosphere as gaseous products such as CO2 and methane (CH4) [1]. Meanwhile, wetlands are also
identified as major CH4 sources for the atmosphere, emitting 177 to 284 Tg CH4 year−1, corresponding
to approximately 40% of the total global CH4 emission [11]. CH4 has a global warming potential
28 times greater than that of CO2 on a 100-year timescale and directly contributes to about 20% of
recent climate warming, despite the fact its concentration is two orders of magnitude lower than
that of CO2 [12]. Thus, proper quantification of CH4 efflux from mangrove wetlands is critical to
evaluating its effect on climate warming mitigation. Additional knowledge of mangrove wetlands’
CH4 emission will further provide guidance on mangrove wetlands restoration efforts to mitigate
atmospheric CO2 increase.

CH4 efflux from mangrove soils is generally identified to be low but highly variable [13–16].
The practice of mangrove carbon budget has shown that carbon burial, soil respiration, and soil CH4

emission are 24 Tg C year−1, 36 Tg C year−1, and 2 Tg C year−1, respectively [8], assuming a mangrove
extent area of 138,000 km2 [17]. Low CH4 production and emission is mainly due to the presence of
high sulfate in mangrove soil, which allows sulfate-reducing bacteria to outcompete CH4-producing
bacteria [18–20]. Additionally, mangrove ecosystems are inundated by periodic tides and receive
nutrient input from anthropogenic activities, which provides an anaerobic environment and high
availability of substrate for methanogenesis [21]. Recent studies reported a significant amount of CH4

efflux from mangrove wetland soils [21–23] and claimed that the contribution of CH4 efflux to climate
warming was non-negligible in the estuarine mangrove wetlands, which could account for 9.3%–32.7%
plant CO2 sequestration [24]. Thus, considerable uncertainty still exists regarding the magnitude of
mangrove soil CH4 efflux and its contribution to climate warming, which requires further study.

The carbon stocks in mangrove wetlands of China play an essential role in global oceanic
carbon cycling and differ among mangrove species in subtropical and tropical regions [25].
Large spatio-temporal variations in CH4 efflux have been observed in mangrove soils [18,23,26].
Previous studies indicated that CH4 efflux varied among different tidal positions, probably due
to differences in soil temperature, salinity, and pH [27]. Temporal variation in CH4 efflux could
be explained by soil temperature, the position of the water table, and the availability of suitable
substrate [23,28,29]. Meanwhile, mangrove wetlands in China are facing greater pollution pressure
due to chemical discharge from aquaculture activity and sea-wall construction [30]. However, there are
few studies that investigate human perturbations such as nutrient loading from aquaculture ponds on
mangrove soil CH4 efflux even though these activities can significantly change these factors [7,26].

In this study, we measured both soil CH4 and CO2 effluxes from mangrove wetland soils during
low or no tide periods at three tidal zones of two mangrove ecosystems in Southeastern China and
collected available CH4 efflux data from literature for global mangrove wetlands. The aims of this
study were to identify the magnitude of CH4 efflux in mangroves wetlands with and without the
influence of anthropogenic activities and to evaluate the relative contribution of CH4 efflux over CO2

efflux from mangrove wetland soils to climate warming.

2. Materials and Methods

2.1. Study Site Description

The study was conducted in two mangrove wetlands in Southeastern China, including
Zhangjiang Estuary Mangrove National Natural Reserve (23◦55′49′′ N, 117◦24′54′′ E, abbreviated
as the ZJ (Zhangjiang Estuary) site) and Qinglan Harbour Mangrove Provincial Natural Reserve
(19◦37′48′′ N, 110◦46′12′′ E, abbreviated as the QL (Qinglan Harbour) site) (Figure 1).

ZJ site is located in an estuary of the Zhangjiang River, Yunxiao County, Fujian Province, China,
with a subtropical marine monsoon climate. The monthly mean air temperature ranged from 13.5 ◦C
in January to 28.9 ◦C in August, and the annual mean air temperature was 21.2 ◦C. Annual mean
rainfall was 1714.5 mm, most of which occurred during the wet season from April to September.
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Tides were semidiurnal, with an annual mean tidal-level variation of 2.32 m. The salinity of the
seawater ranged from 12 to 26 ppt. The vegetation was dominated by Kandelia obovata Sheue, Liu
& Yong (red mangrove), Aegiceras corniculatum (L.) Blanco (black mangrove), and Avicennia marina
(Forssk.) Vierh. (grey mangrove), mixed with some other less common mangrove species such as
Bruguiera gymnorrhiza (L.) Savigny (black mangrove) and Acanthus ilicifolius L. (holy mangrove) [31].

QL site, situated in Wenchang County, Hainan Province, China, experienced a tropical monsoon
climate. Annual mean air temperature was 23.9 ◦C, and the lowest monthly mean temperature was
18.3 ◦C in January. The annual precipitation was 1974 mm, of which more than 82% occurred during
the wet season from May to October. Tides were semi-diurnal, and the tidal-level ranged from 0.01 m
to 2.38 m, with the largest tidal-level variation of 2.07 m in one tidal cycle. The dominant mangrove
species at QL site, which had the largest number of mangrove species in China, were Bruguiera
sexangula (Lour.) Poir. (upriver orange mangrove), Sonneratia caseolaris (L.) Engl. (mangrove apple),
Lumnitzera racemosa Willd. (tonga mangrove), Ceriops tagal (Pers.) C.B.Rob. (spurred mangrove),
and Rhizophora apiculata Blume (red mangrove) communities [32,33].

Figure 1. Map of sampling location and climatic conditions. (a) Geographical location of Zhangjiang
Estuary (ZJ) and Qinglan Harbour (QL) mangrove wetlands. (b,c) Sampling sites and a typical
scene from ZJ mangrove forest. (d,e) Sampling sites and a typical scene from QL mangrove forest.
(f) Monthly precipitation (P, mm) and monthly air temperature (T, ◦C) from ZJ and QL mangrove
wetlands. LW: landward zone, MZ: middle zone, and SW: seaward zone.

2.2. Measurements of Soil CH4 and CO2 Effluxes

Sampling campaigns were undertaken in July 2013 (represented wet season) and February 2014
(represented dry season) at ZJ site, and in August 2016 (represented wet season) and November 2017
(represented dry season) at QL site. For each sampling time, measurements were conducted in three
tidal positions: landward zone (LW), middle zone (MZ), and seaward zone (SW), with the exception of
SW at ZJ site during the dry season due to heavy rainfall making the site inaccessible. At each sampling
position, four chambers were set up, and four replicated samples were collected on the same day at
each site for a total of twelve samples. During low or no tide periods in the day time, we measured
environmental variables and collected samples for laboratory analyses. The soil inundation and
exposure duration were similar among three tidal positions and four replicates samples.

Gas effluxes from the soil were quantified through the standard static (closed) chamber
technique [23]. Measurements were taken using PVC chambers (diameter 20 cm, length 15 cm, volume
4.50 L, and enclosing 0.025 m2). The open end of chamber was slightly inserted into the soil to a depth
of 2–3 cm to ensure minimal lateral gas leakage. A controllable valve above the chamber was left open
for 30 min prior to sampling, which is adequate to remove impacts of root disturbance caused by the
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chamber insertion, and then the valve was closed during the whole measurements time. Deployment
time was set at 2 h, with sampling at 0, 30, 60, 90, and 120 min intervals. Headspace gas was mixed
carefully through the vent tube, and 8 ml gas samples were collected using a 50 mL gas-tight syringe
equipped with a luer-lock valve (SGE Trajan Scientific and Medical Pty Ltd., Melbourne, Australia).
Gas samples were then transferred into pre-evacuated gas sampling bags or vials for storage (Dalian
Delin Gas Packing Inc., Dalian, Liaoning, China). The air temperature inside the chamber was
measured simultaneously with the gas sampling.

All samples were transported to laboratory and analyzed within 24 h using an Agilent 7890A gas
chromatograph (Agilent Technologies Inc., Wilmington, DE, USA) equipped with a flame ionization
detector (FID) and a Poropak-Q column. The column and detector temperatures were set at 60 ◦C and
130 ◦C, respectively, with nitrogen as the carrier gas at a flow rate of 1200 mL s−1. Standard curves
were gained by injecting a series volume of pure CH4 (99.992%) and CO2 (99.999%) in high purity N2

(99.999%, HKO Co Ltd., Hong Kong, China). The CH4 and CO2 concentrations were quantified by
calculating the peak areas of samples against standards of similar concentration ranges. During the gas
measurement, standard gas (40 mL L−1 CH4 and 2000 mL L−1 CO2) was analyzed every 10 samples to
ensure data quality. Gas effluxes were calculated based on a linear least squares fit of the time series of
gas concentrations. Data were accepted if the slope of the linear fit had a R2 > 0.80.

2.3. Measurements of Environmental Factors

For each chamber measurement, soil cores (0–10 cm surface soil) were collected using a hand-held
PVC tube after gas sampling. The soil samples were divided into two subsamples: fresh soil and
air-dried soil. Soil moisture content was determined by oven-drying of 7 g fresh soil at 105 ◦C to a
constant weight. Soil inorganic N (NH4

+-N and NO3
--N) contents were extracted with 2 M KCl from

fresh soil samples and then analyzed using a UV-2501PC UV–VIS spectrophotometer (Shimadzu Inc.,
Japan) [23]. While both NH4

+-N and NO3
--N extraction methods require fresh soil samples, the samples

from ZJ-SW during the wet season and ZJ-LW and ZJ-MZ during the dry season were dried before we
could take any measurements. Air-dried soil was sieved through a 2 mm sieve. The pH and salinity
were measured at a w (soil): v (water) of 1:5 and 1:2.5 soil slurry using an electrochemistry benchtop
meter, Orion™ Versa Star Pro™ (Thermo Fisher Scientific Inc., Beverly, MA, USA). Soil total carbon
content (TC), total nitrogen content (TN), and C:N ratio of air-dried soil were measured using the an
elementar analyzer (Vario EL III, Elementar Analysensysteme GmbH Inc., Hanau, Germany). Analysis
of soil characteristics all followed the standard methods described by Page et al. (1982), and data were
expressed in term of 105 ◦C oven-dried weight.

2.4. Conversion to CO2—Equivalent Efflux

The global warming potential for CH4 was converted to CO2 equivalents using a multiplier of
28 for 100-year timescale [34] to compare their global warming effects.

2.5. Collecting CH4 Efflux Data from Literature

A total of 24 studies of CH4 efflux from mangrove soil were reviewed (Table S2). These studies
were selected because the same static chamber method was used as our study, which made the results
comparable. We divided the mangrove wetlands into undisturbed and anthropogenic sites according
to the eutrophic status of the chosen study sites (Table S3). Undisturbed sites are defined as not affected
by nutrient input from anthropogenic activities involving agricultural, domestic, aquaculture, or other
run-off from treatment plants as indicated by the reference’s study site descriptions. Anthropogenic
sites are those known to be influenced by activities described above.

2.6. Statistical Analysis

Two-way analysis of variance (ANOVA) was used to determine significance of differences between
means of soil characteristics and effluxes of CH4 and CO2 among tidal positions and sampling time.
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If the difference was significant at p < 0.05, a Post-hoc Turkey test was used to determine where
the difference lay. All data were expressed as means ± standard error (SE) with four replicates.
Paired t-test was used to compare the differences in soil characteristics and effluxes of CH4 and
CO2 among tropical and subtropical mangrove wetlands. Pearson correlation coefficient values (r)
were calculated to determine the relationship between soil characteristics and CH4 and CO2 effluxes.
All analysis processes were performed using SPSS 21.0 for Windows (SPSS Inc., Chicago, IL, USA).

3. Results

3.1. Soil CH4 and CO2 Effluxes

CH4 efflux was highly variable among the sampling sites, for most sampling sites; CH4 efflux
was small and almost negligible, ranging from 0.65 ± 0.91 to 14.18 ± 6.35 μmol m−2 h−1, while at
the landward zone in Zhangjiang Estuary site (abbreviated as ZJLW) during the wet season, CH4

efflux was about 10 times higher than the highest value found at other sites (123.59 ± 41.79 μmol m−2

h−1) (Figure 2a,b and Table S1). CO2 efflux ranged from 0.94 ± 0.41 to 9.50 ± 2.70 mmol m−2 h−1,
and the highest and lowest values were recorded at landward and seaward zones in Qinglan Harbour
mangrove wetland during wet season (Figure 2c, Figure 2d and Table S1). No significant difference
was found in soil CH4 and CO2 effluxes between ZJ and QL sites (p = 0.173 and p = 0.111).

Figure 2. CH4 and CO2 effluxes from ZJ and QL mangrove soils. (a,b) Comparison of the mean soil
CH4 efflux among three tidal positions during wet and dry seasons at ZJ and QL site. (c,d) Comparison
of the mean soil CO2 efflux among three tidal positions during wet and dry seasons at ZJ and QL site.
Error bars represent the standard error (SE) of the means (n = 4). Different letters indicate significant
differences among tidal positions for each period (wet and dry seasons) according to analysis of
variance (ANOVA) test (Turkey HSD test, p < 0.05). Site abbreviations were the same as Figure 1.

At ZJ site, CH4 efflux ranged from 0.73 ± 0.73 to 123.59 ± 41.79 μmol m−2 h−1 (Figure 2a),
and significant differences in CH4 efflux among tidal positions and sampling time were found
(p = 0.006 and p = 0.002, respectively). The highest and lowest CH4 values were recorded at landward
zone during wet season and middle zone during dry season, respectively. Soil CH4 efflux was higher
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in wet season than that in the dry season at all sites. The CO2 efflux ranged from 1.52 ± 0.29 to
4.91 ± 0.98 mmol m−2 h−1 and did not differ significantly with tidal positions and seasons (p = 0.160
and p = 0.108) (Figure 2c).

At QL site, the value of soil CH4 efflux ranged from 0.65 ± 0.91 to 14.18 ± 6.35 μmol m−2 h−1

and showed no significant differences among different tidal positions and sampling time (p > 0.05)
(Figure 2b). CH4 efflux at the middle zone was the highest, followed by the CH4 efflux at seaward
zone. The CO2 efflux ranged from 0.94 ± 0.41 to 9.50 ± 2.70 mmol m−2 h−1 (Figure 2d) and changed
with tidal position and sampling time significantly (p = 0.045 and p = 0.042, respectively). The lowest
value of CO2 efflux was measured at seaward zone, and highest CO2 efflux was observed during wet
season rather than dry season.

3.2. Soil Characteristics

Soil characteristics measured during wet and dry season at ZJ and QL sites are shown in Table 1.
There were significant differences in soil temperature, pH, TC content, TN content, and C:N ratio
among subtropical (ZJ site) and tropical (QL site) mangrove wetlands (p < 0.05). The mangrove soils
had higher pH values (ranging from 6.62 ± 0.16 to 7.43 ± 0.14) at QL site than that at ZJ site (ranging
from 5.46 ± 0.31 to 7.11 ± 0.03). Higher soil temperature, TC content, TN content, and C:N ratio were
detected at QL site than at ZJ site (p < 0.05). Salinity and soil moisture content were not significantly
different between QL site and ZJ site and were not significantly influenced by tidal positions and
sampling time (p > 0.05).

At ZJ site, significantly higher soil temperatures were observed in the wet season rather than dry
season (p = 0.015). Tidal position had significant effect on pH, TN content, and C:N ratio (p < 0.05).
Lowest pH but highest TC content, TN content, and C:N ratio were observed in the middle zone
(p < 0.05).

At QL site, both soil temperature and C:N ratio were significantly different between wet and dry
season. Higher soil temperature and a lower C:N ratio were observed in wet season (p < 0.05). The pH
value, NH4

+-N content, NO3
--N content, TN content, TC content, and C:N ratio were significantly

affected by tidal position (p < 0.05). With an increase in tidal positions, salinity, pH value, and C:N
ratio gradually increased, while the NH4

+-N content, NO3
--N content, TN content, and TC content

gradually decreased.
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3.3. The Relationship between Gas Effluxes and Soil Characteristics

Among soil characteristics measured in current study, soil temperature and pH were correlated
with CO2 efflux. The soil temperature had positive effect on CO2 efflux (p = 0.011, r = 0.342), while pH
had negative effect on it (p < 0.001, r = −0.506). No significant relationship among CH4 efflux and any
soil characteristics was recorded in this study.

4. Discussions

4.1. Magnitude of CH4 Efflux from Mangrove Wetland Soils

Combining our data and literature data, we found CH4 efflux from undisturbed mangrove
wetlands was negligible but can be stimulated significantly by anthropogenic activities
(Figure 3). The results from our direct field measurements indicated that low CH4 efflux was
recorded in undisturbed mangrove soils of Southeastern China, ranging from 0.65 ± 0.91 to
14.18 ± 6.35 μmol m−2 h−1, which was consistent with the results found by others in nearby
undisturbed mangrove areas [35–37]. The highest CH4 efflux (123.59 ± 41.79 μmol m−2 h−1) was
observed at landward zone in ZJ mangrove wetland, probably due to large and frequent discharge
of freshwater as indicated by very low salinity at this site (as low as 2 ppt) (Table 1). This result was
similar to the CH4 efflux in the Jiulong River mangrove, which was also heavily influenced by human
activities and positively correlated with NH4

+-N, organic carbon, and total Kjeldahl nitrogen [24].
Mangrove ecosystems are rich in carbon but nutrient-poor; in particular, they are limited by nitrogen
and phosphorus [38]. Anthropogenic nutrient input improves microbial metabolic process, enhancing
more emission of CH4 efflux from soils into the atmosphere [39].

In addition, the CH4 efflux data from literature for 24 sites of mangrove wetlands
worldwide showed that mangroves affected by anthropogenic activities (ranging from 0.19 to
5168.62 μmol m−2 h−1 with the median values of 52.80 μmol m−2 h−1) had emission rates 14 times
higher than those from undisturbed mangroves (ranging from −6.05 to 79.00 μmol m−2 h−1 with
the median of 3.57 μmol m−2 h−1). These CH4 efflux data revealed that the mangroves affected by
anthropogenic activities made a greater contribution to climate warming rather than those undisturbed
or not heavily disturbed mangrove forests. Anthropogenic activities cause significant increases in CH4

emission, and if anthropogenic activities continue at the current pace without protective measures,
these ecosystems could become potential major sources of CH4 emission and decrease their ability to
store carbon in the future [40]. The current study divided the mangrove wetlands into undisturbed
and affected by anthropogenic activities based on whether the chosen study sites have involved
agricultural, domestic, aquaculture, or other run-off from treatment plants in the references. Further
research is needed to quantify the stimulation effect of nutrient input from anthropogenic activities on
CH4 emissions, combined with controlled experiments and microbial community analysis to model
the extent of change.

4.2. Contribution of CH4 Efflux from Mangrove Wetlands to Climate Warming

We calculated CH4:CO2 efflux ratio and CH4:CO2 warming effect ratio to evaluate the relative
role of CH4 efflux for warming potentials (Figure 4) among different tidal zones in two mangrove
wetlands. The CH4:CO2 efflux ratio ranged from −0.06% ± 0.32% to 0.45% ± 0.57% in most sampling
sites except for the disturbed ZJLW site (4.95% ± 1.46%). Considering CH4 global warming potential in
100-year term, CH4 accounted for −0.63% ± 3.21% to 4.54% ± 5.79% of the warming effect, a relatively
minor contributor to CO2 equivalents, except at the ZJLW site, which was 50.37% ± 14.85%, making
it a highly significant contributor. A higher CH4:CO2 warming effect ratio had been reported in the
Jiulong River mangrove (10.30% to 48.35%) [24] and Futian mangrove (18.36% to 255.96%) [21] in
South China, which received significant amounts of anthropogenic nutrient inputs. This reveals that
the magnitude and contribution of CH4 efflux from undisturbed mangrove soils to climate warming
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was marginal in comparison with CO2 efflux, but could be a potential major contributor to warming
effect under the influence of anthropogenic activities.

Figure 3. Comparison of CH4 efflux from undisturbed mangrove wetlands and mangroves wetlands
affected by anthropogenic activities. Detailed information on the literature sources of CH4 efflux data
is provided in Table S2. Nutrient concentrations and assignment of eutrophic status from mangrove
wetlands are shown in Table S3.

In addition, the global median CH4 efflux in mangrove wetlands (3.57 and 52.80 μmol m−2 h−1

for undisturbed mangroves and mangroves affected by anthropogenic activities, respectively) was
negligible in contrast to other wetlands, such as freshwater wetlands (69.44 to 6944.44 μmol m−2 h−1)
(Chmura et al., 2003), peatlands (31.39 to 59.93 μmol m−2 h−1) [41], and rice paddies
(709.38 μmol m−2 h−1) [42]. This indicates that mangrove wetlands were not significant contributors
to global wetland CH4 budget compared with other wetlands. Recent studies have also found that
mangrove soils acted as a net carbon sink after subtracting the effects of CH4 emission from carbon
sequestration [43]. Overall, mangrove wetlands should be restored and protected to mitigate climate
warming without great concern for warming effect caused by CH4 emission.
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Figure 4. CH4:CO2 effluxes ratio and CH4:CO2 warming effect ratio from ZJ and QL mangrove
wetlands. (a–b) Comparison of CH4:CO2 effluxes ratio among three tidal positions during wet and
dry seasons at ZJ and QL sites. (c–d) Comparison of CH4:CO2 warming effect ratio among three tidal
positions during wet and dry seasons at ZJ and QL site. Site abbreviations were the same as Figure 1.

5. Conclusions

The current study suggests that undisturbed mangrove soils were minor contributors to climate
warming, but the CH4 efflux from mangrove wetlands was significantly increased by nutrient inputs
from anthropogenic activities including nutrient run-off and aquaculture activities. This phenomenon
should be considered in order to better quantify the emission of CH4 from regional or global mangrove
wetlands and to evaluate the potential roles of constructed or restored mangrove wetlands for
mitigating climate warming.

Supplementary Materials: The following are available online at http://www.mdpi.com/1999-4907/9/12/738/s1,
Table S1: CH4 and CO2 effluxes from ZJ and QL mangrove wetlands; Table S2: summary of CH4 efflux data as
reported by authors or calculated from literature in other mangrove wetlands; and Table S3: nutrient concentrations
and assignment of eutrophic status.
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Abstract: Research Highlights: Biochar is the carbonaceous product of pyrolysis or the gasification
of biomass that is used as soil amendment to improve soil fertility and increase soil carbon stock.
Biochar has been shown to increase, decrease, or have no effect on the emissions of greenhouse gases
(GHG) from soil, depending on the specific soil and biochar characteristics. However, the temperature
sensitivity of these gas emissions in biochar-amended soils is still poorly investigated. Background
and Objectives: A pot experiment was set up to investigate the impact of woodchips biochar on the
temperature sensitivity of the main GHG (CO2, CH4, and N2O) emissions from soil. Materials and
Methods: Nine pots (14 L volume) were filled with soil mixed with biochar at two application rates
(0.021 kg of biochar/kg of soil and 0.042 kg of biochar/kg of soil) or with soil alone as the control
(three pots per treatment). Pots were incubated in a growth chamber and the emissions of CO2, CH4,
and N2O were monitored for two weeks with a cavity ring-down gas analyzer connected to three
closed dynamic chambers. The temperature in the chamber increased from 10 ◦C to 30 ◦C during the
first week and decreased back to 10 ◦C during the second week, with a daily change of 5 ◦C. Soil
water content was kept at 20% (w/w). Results: Biochar application did not significantly affect the
temperature sensitivity of CO2 and N2O emissions. However, the sensitivity of CH4 uptake from soil
significantly decreased by the application of biochar, reducing the CH4 soil consumption compared
to the un-amended soil, especially at high soil temperatures. Basal CO2 respiration at 10 ◦C was
significantly higher in the highest biochar application rate compared to the control soil. Conclusions:
These results confirmed that the magnitude and direction of the influence of biochar on temperature
sensitivity of GHG emissions depend on the specific GHG considered. The biochar tested in this
study did not affect soil N2O emission and only marginally affected CO2 emission in a wide range
of soil temperatures. However, it showed a negative impact on soil CH4 uptake, particularly at a
high temperature, having important implications in a future warmer climate scenario and at higher
application rates.

Keywords: CO2; CH4; N2O; soil; biochar; sensitivity; temperature

1. Introduction

Forest management can contribute to climate change mitigation by allocating woody biomass to
bioenergy production, thus displacing fossil fuel use [1]. Among the energy conversion processes that
can utilize woody biomass as feedstock, pyrolysis and gasification are acknowledged to be promising
technologies in terms of carbon (C) budget [2]. During pyrolysis and gasification, biomass is thermally
degraded through heating (300–1200 ◦C) under the complete or partial exclusion of oxygen. The
volatile components of biomass are therefore released in the form of syngas, that can be used to produce
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thermal energy, electricity, or an oily fuel, and the leftover by-product of this process is charcoal [3]. In
the last two decades, this C-rich, solid material has been proposed as a soil amendment with the name
of biochar [4].

Due to its chemical structure, biochar is supposed to be particularly recalcitrant to soil
degradation [5], even if estimations of its mean residence time vary from decades to millennia,
depending on the starting feedstock, the production conditions, and the characteristics of the amended
soil [6–8]. Biochar has been shown to improve soil characteristics and plant productivity in agricultural
and forest ecosystems [9–13] as well as reduce nutrient losses from soil [14–16]. For these reasons,
biochar has been proposed in forest restoration as a replacement to other forms of organic amendments
and liming agents, particularly in degraded sites [9]. Applying biochar to forest soils may therefore
contribute to mitigate climate change through the increase of soil C stock, improve soil characteristics,
and allow at the same time the valorization of the woody biomass gasification chain, by turning what
is now considered a waste into a resource.

However, little research has been conducted on biochar in forest ecosystems compared to
agricultural crops [1,13,17] and most of the information on charcoal in forest ecosystems in the literature
derives from studies on wildfires [18].

To evaluate the real climate change mitigation potential of biochar, its impact on greenhouse
gases (GHG) emissions from soil has to be accounted. In fact, it is estimated that soil emissions of
carbon dioxide (CO2), methane (CH4), and nitrous oxide (N2O) represent 35%, 47%, and 53% of the
total annual global emissions of these greenhouse gases (GHG), respectively [19,20]. Biochar has been
shown to affect soil GHG emissions in different ways, depending on biochar and soil characteristics.
For example, biochar application decreased [21], increased [22,23], or had no effect [24–26] on soil CO2

emissions. Different results have also been obtained for CH4. Biochar can in fact contribute to mitigate
CH4 emissions from flooded soils under anoxic conditions, while in non-flooded soils, especially if
neutral or alkaline, biochar may decrease soil CH4 uptake [27]. Finally, biochar has been shown to
strongly reduce soil N2O emissions in different situations, even if increases in emissions have been
observed as well [28].

While different studies have examined the effect of biochar application on GHG soil emissions,
only a few have evaluated the impact that specific environmental parameters exert on these emissions
in biochar-amended soils. Soil temperature is known to be the most important driver of GHG fluxes
from soil [20,29,30], as well as of biochar oxidation and decomposition [31]. However, the effect of
temperature on GHG fluxes in biochar-amended soil has been poorly investigated. Understanding the
role of temperature is fundamental to assessing the effect of biochar on GHG emissions in different
climatic conditions and in the context of climate change.

The overall aim of this study was to assess the effect of biochar on temperature sensitivity and
basal emission of soil GHG fluxes. In particular, soil CO2, CH4, and N2O fluxes were measured in soils
amended with woodchip biochar at two application rates and in un-amended (control) soils. During
the experiment, the soil moisture was kept constant at 20% (w/w) in all treatments and the temperature
ranged between 10 ◦C and 30 ◦C.

We hypothesized that the application of biochar could affect the sensitivity to temperature and
the basal value of CO2, N2O, and CH4 flux.

Our experimental results partially confirmed our hypothesis. In fact, biochar application did not
affect the temperature sensitivity of CO2 and N2O fluxes, while it significantly reduced that of CH4

flux. On the contrary, basal respiration significantly increased for CO2 by biochar application.

2. Materials and Methods

2.1. Experimental Set Up and Soil and Biochar Characteristics

The soil used in the experiment was sampled near Merano (Bolzano Province, Northern Italy,
46◦40′0.181” N, 11◦11′39.282” E; about 600 m a.s.l.). The soil was sandy-loam soil (USDA classification),
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with 64% sand, 29% silt, and 7% clay. The soil organic carbon (SOC) content was 2.4 ± 0.8% and
soil pH was 6.4 ± 0.2. The soil water content at field capacity, calculated using the SPAW model
(USDA-ARS) was 20% (v/v). The soil was sieved to a 8 mm mesh size to remove stones and coarse
organic matter fragments.

The biochar used in the experiment consisted of small particles (<5 mm) and was obtained from
conifer woodchips, at approximately 500 ◦C, through fast pyrolysis (Record Immobiliare S.r.l., Lunano,
Pesaro-Urbino, Italy). Biochar was characterized by a bulk density of 0.165 g cm−3 and C:N ratio of
151. A detailed physicochemical characterization of the biochar used in this experiment is provided in
Table 1.

Table 1. Physicochemical characterization of the biochar used in the present work.

Parameter Unit Value Uncertainty

pH - 12.4 ± 0.5
Sieve fraction <5 mm % 100 ± 10
Sieve fraction <2 mm % 97 ± 10

Sieve fraction <0.5 mm % 70 ± 7
Max. water retention % w/w 86 ± 7

Ash (550 ◦C) % 31 ± 3
Total C % 58.9 -

C from CaCO3 % 1.1 -
Organic C % 57 ± 5

H:C molar ratio - 0.10 ± 0.01
Total N % 0.39 ± 0.04
Total P % 0.64
Total K % 3.5 ± 0.5
PAHs 1 mg/kg <1

1 Polycyclic aromatic hydrocarbons.

B1 and B2 treatments were prepared by mixing biochar and the sieved soil at two rates: 0.021 kg of
biochar kg−1 of soil (dry weight) (B1), and 0.042 kg of biochar kg−1 of soil (dry weight) (B2), respectively.
The two mixing rates corresponded to field biochar application doses of 25 ton ha−1 and 50 ton ha−1,
respectively, considering a field biochar incorporation depth of 20 cm and are in line with the biochar
dosages used in the majority of previous studies in forest ecosystems [9]. Biochar and soil mixtures
where then homogenized with a concrete mixer.

The experiment was set up in July 2018 in a growth chamber at the Laimburg research center
for Agriculture and Forestry located in Auer/Ora (BZ), Northern Italy. A total of 9 pots (45 cm ×
25 cm × 21 cm, 14 L volume) were filled with soil mixed with biochar or with un-amended soil as
the control. A total of 3 replicates (pots) were prepared for each treatment. The pots were stored in
the growth chamber for two weeks at 10 ◦C temperature. The temperature in the chamber was then
increased from 10 ◦C to 30 ◦C during one week (first week of experiment), and from 30 ◦C back to 10 ◦C
during the following week (second week of experiment), with an overnight change of 5 ◦C per day.
The lowest temperature (10 ◦C) was chosen because it is a standard temperature used internationally
to compare the soil respiration of different experimental sites or treatments, the so called basal soil
respiration at 10 ◦C (R10) [32]. The highest temperature (30 ◦C) was chosen because the maximum
monthly temperature measured in Merano between 2011 and 2017 was on average 29.1 ◦C [33]. In
order to isolate the effect of soil temperature, excluding any effect of soil humidity on soil GHG fluxes,
soil moisture was kept constant at 20% (w/w) in all treatments. Soil water content at the beginning of
the experiment was measured in each pot by collecting a soil subsample (~10 g of soil) and drying it
for 24 h at 105 ◦C. The amount of water to be added daily to the soil was calculated as the difference
between the actual weight of the pot and the theoretical weight if the soil moisture was equal to 20%
(w/w).
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2.2. Measurement of Soil GHG Fluxes

The emissions of GHG from the soil were measured by a gas analyzer CRDS (Picarro Inc.,
Santa Clara, CA, USA), connected to 3 closed dynamic chambers (eosAC Autochamber, Eosense Inc.,
Dartmouth, NS, Canada) operated by a multiplexer (eosMX, Eosense Inc., Dartmouth, NS, Canada).
The chambers were installed on PVC (polymerizing vinyl chloride) collars (15.2 cm diameter, 7 cm
height) inserted into the soil, 1 per pot, for 4 cm. Fluxes of CO2 (μmol m−2 s−1), N2O, and CH4

(nmol m−2 s−1) were measured daily from the 3 experimental treatments by manually moving one
chamber (leaving the collars on the soil) on the 3 pots of each treatment. The measurements on each pot
lasted for 10 min. A valve delay of 66 s was set at the beginning and at the end of each measurement to
account for the time needed to draw the air from the chamber, analyze the gas concentrations, and then
recirculate the air sample back to the chamber through a tubing length of 30 m. During measurements,
the soil temperature (◦C) was measured at a 5 cm soil depth by a RT-1 Rugged Soil Temperature Sensor
(Decagon Devices, Inc., Pullman, WA, USA).

2.3. Data Analysis

After the elimination of data associated with system malfunctioning, soil CO2 flux (soil
respiration) measured in the different treatments were related to soil temperature using the following
exponential model:

Fs = R10 eb(T−10) (1)

where Fs is the soil CO2 flux, T is the soil temperature (◦C) at 5 cm depth, and R10 is the basal soil
respiration, i.e., the value of Fs at the reference temperature of 10 ◦C. The model parameters R10
and b were estimated by nonlinear regression analysis. The apparent sensitivity of CO2 flux to soil
temperature was determined by the Q10 temperature coefficient as follows:

Q10 =e10b (2)

Fluxes of CH4 and N2O were related to soil temperature using a linear model:

Fs = R10 + b(T−10) (3)

where Fs is the soil CH4 or N2O flux, T is the soil temperature (◦C) at 5 cm depth, and R10 is the
basal emission at 10 ◦C. Parameters R10 and b (slope of the regression line) are estimated by linear
regression analysis.

For each gas, the linear regression models obtained in the different experimental treatments were
then compared by Analysis of Covariance (ANCOVA) to analyze the effect of biochar on the sensitivity
of GHG fluxes to temperature. Equation (1) was linearized with a log-transformation of CO2 efflux data
before analysis. At first the slopes of the linear regression model were compared and then only when
the slopes were not significantly different, and the intercepts of the regression lines were also compared.
In case ANCOVA highlighted significant differences, post-hoc individual comparisons were performed
with the Tukey’s HSD test. The homogeneity of variances was checked before analysis by plotting the
residual vs. fitted values. When this condition was not fulfilled, a square root transformation was
applied to the data before analysis. Statistical analysis was performed using the software R (version
3.4.2) [34].

3. Results

The highest CO2 emission rates were observed in the biochar-treated soils (Figure 1). Biochar
application did not significantly affect the Q10 value of CO2 fluxes, while it significantly increased R10

of CO2 when applied at the highest rate in comparison to the control (Figure 1 and Table 2).
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Figure 1. Relationship between CO2 fluxes (μmol m−2 s−1) and soil temperature (◦C) in: (a) N (control
treatment); (b) B1 (0.021 kg of biochar/kg of soil); and (c) B2 (0.042 kg of biochar/kg of soil).

A negative CH4 flux, i.e., a net CH4 consumption in the soil, was observed in all treatments
(Figure 2). The temperature sensitivity of soil CH4 uptake significantly decreased following biochar
application, showing a reduction in CH4 uptake in biochar-amended soil in comparison to the control
(Table 2). This effect was dependent on the biochar application rate and was particularly evident in the
B2 treatment (Figure 2, Table 2). At this application rate, CH4 flux was not significantly affected by soil
temperature (slope: −0.0087) and its flux was always close to zero (Figure 2, Table 2).
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Table 2. Results of Analysis of Covariance (ANCOVA) and the post-hoc Tukey test for a pairwise
comparison of the slopes and intercepts of the linear models relating the fluxes of CO2, CH4, and
N2O to soil temperature (T, ◦C) in the treatments N (control), B1 (0.021 kg of biochar/kg of soil), and
B2 (0.042 kg of biochar/kg of soil). Different letters indicate significant differences between model
parameters determined for each soil treatment (p < 0.05) in the table.

Model Parameters

b R10

CO2

N 0.0686 a 1.0101 a
B1 0.0862 a 1.3532 ab
B2 0.0923 a 2.1456 b

CH4

N −0.0378 a −1.2309 a
B1 −0.0389 b 0.0229 a
B2 −0.0087 c 0.1022 a

N2O

N 0.0078 a −0.0066 a
B1 0.0131 a −0.0141 a
B2 0.0068 a 0.0262 a

Figure 2. Relationship between CH4 fluxes (nmol m−2 s−1) and soil temperature (◦C) in: (a) N (control
treatment); (b) B1 (0.021 kg of biochar/kg of soil); and (c) B2 (0.042 kg of biochar/kg of soil).
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The highest N2O emissions from the soil were observed in the B1 treatment in comparison with
control and B2, but the sensitivity of N2O emissions from the soil, as well as the N2O basal emission,
were not significantly affected by the application of biochar (Figure 3, Table 2).

Figure 3. Relationship between N2O fluxes (nmol m−2 s−1) and soil temperature (◦C) in: (a) N (control
treatment); (b) B1 (0.021 kg of biochar/kg of soil); and (c) B2 (0.042 kg of biochar/kg of soil).

4. Discussion

Soil temperature is known to be the most important driver of GHG fluxes from soil [20,29,30],
as well as of biochar oxidation and decomposition [31]. The temperature sensitivity of GHG fluxes
is therefore a key parameter to predict the impact that global warming will have on the flux of
GHG [35,36].

In our experiment, we observed a positive exponential relationship between CO2 fluxes and the
temperature in biochar-amended soils. This relation was typically observed in forest and plantation
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ecosystems [25,26,30,37,38]. The absence of a significant modification of the Q10 after the application
of biochar (Figure 1, Table 2) was coherent with what was observed in previous studies with different
biochars and application rates [26,37,39]. However, this result is inconsistent with other studies that
reported a decrease [40–42] or an increase [25,43] to the temperature sensitivity of CO2 emissions.
These contrasting results derives from the complexity of the factors involved. In fact, the Q10 of biochar
was expected to be higher than the less recalcitrant native soil organic matter (SOM) [44], but the
sensitivity of CO2 fluxes in biochar-amended soils also depends on the impact that biochar has on
the Q10 of the native soil’s organic matter [45]. Moreover, results can also change according to the
incubation temperature range and soil type. More specifically, a smaller sensitivity was expected in
soils with high clay, Fe, and Al oxides content as well as with an acidic pH [46].

In the present study, basal soil respiration increased significantly in the soil that was amended with
biochar at a higher application rate. A R10 increase was found for heterotrophic respiration in different
environments such as apple orchards [26] and the desert [47] after the application of biochar produced
from wood and cotton straw, respectively. A significant increase in R10 for total soil respiration was
also observed in soils amended with poultry litter biochar [48].

These results have been attributed to an increase of microbial biomass and/or activity [26,48]. The
stimulation of soil microbes can derive from the decomposition of the labile fraction of biochar, consisting
of bio-oils and condensation products [49–53]. However, the degradation of the more recalcitrant C
compounds cannot be excluded [54]. This mechanism can be the main driver of the increased CO2

efflux observed after biochar application in both agricultural and forest ecosystems [17,26]. Moreover,
we cannot exclude that the increased CO2 fluxes derive from an increased decomposition of the native
soil’s organic matter, the so-called priming effect (PE). In fact, a positive PE has been observed in
several short term studies [55,56], especially in sandy soils [52], while in the long term, a protection of
native organic matter from decomposition (negative PE) is generally observed in biochar-amended
soils [23,57]. A boost in soil microbiota activity can also be due to a shift in soil properties such as
soil aeration [58]. Biochar is characterized by a high porosity, which may have increased soil gas
permeability and oxygen availability for soil microbes. Moreover, even if the soil water content
was kept constant during the incubation experiment, the presence of biochar may have affected the
availability of soil water by soil microorganisms. Biochar can in fact alter soil water potential [59,60],
which is known to impact soil microbial population and activity [61].

Non-flooded soils in an oxic condition usually show a CH4-sink capacity [62], as CH4 is oxidized
by soil methanotrophic bacteria, and the rate of CH4 oxidation depends on soil temperature [63].
This trend was also observed in the present study, as CH4 consumption increased linearly with soil
temperature (Figure 2). The decreased sensitivity to soil temperature of CH4 flux in biochar-treated
soil means that biochar decreased CH4 consumption at a higher soil temperature, while at a lower
soil temperature this effect was less pronounced. In their meta-analysis, Jeffery et al. [27] showed
that the application of biochar from woody feedstock, produced at temperatures between 400 ◦C
and 600 ◦C, decreases soil CH4 uptake in non-flooded soils, especially in neutral or alkaline soil pH.
Results of the present study are in line with these findings as our biochar was produced from wood
chips at approximately 500 ◦C, and the soil water content was kept at 20%. Non-flooded upland
soils contribute to approximately 15% of global CH4 oxidation [64], therefore biochar application may
decrease net CH4 oxidation, reducing the climate change mitigation potential of these soils. However,
few studies examined the sensitivity of CH4 soil flux to temperature. Our study showed that the
reduction of soil CH4 uptake induced by biochar increased with soil temperature. This effect could
therefore more pronounced under warmer climatic conditions and may worsen within the context of
global warming. Moreover, the reduction of sensitivity to temperature for CH4 was much more evident
in the B2 treatment, which suggests not using high biochar application rates in order to preserve the
soil CH4 uptake capacity. However, a significant increase in soil CH4 uptake [37,65] and sensitivity to
temperature [37] was observed in some experiments in non-flooded soils, contradicting the results of
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the present work and showing that the relation between biochar, soil, and CH4 emissions is complex
and hard to predict.

The mechanism behind the reduction of CH4 oxidation might be a modification of the
methanogenic/methanotrophic bacteria ratio in biochar-amended soils [66], and the release of chemicals
with a toxic effect on the methanotrophic bacteria population, such as ethylene [67]. In addition, even
if the soil water content was kept constant, biochar may have altered soil water potential and water
availability for soil bacteria.

Soil N2O emissions in the present work increased linearly with the temperature in all soil
treatments and the application of biochar did not affect temperature sensitivity or basal soil N2O
emissions (Figure 3, Table 2). These results confirm a previous study by [68] but are in contrast
with other studies, reporting a significant reduction of N2O flux sensitivity to temperature, both in
subtropical [37] and continental climate [69]. In a meta-analysis by Cayuela et al. [28], an average
reduction of 54% in N2O emissions has been reported in biochar-treated soils. In this case, the variability
observed in the experimental results has been shown to depend on different characteristics of biochar
(feedstock used, pyrolysis conditions, and C/N ratio) and soil. In particular, when biochar is applied to
drained soils with a coarse texture, reduction in N2O emissions has not been observed [28,70]. In our
experiment, soil moisture was kept at a relatively low value, not exceeding the field capacity of the
sandy-loam textured soil. In these conditions, it was likely that N2O emission was not promoted and
the effect of biochar was consequently not relevant.

In previous studies, an observed reduction of N2O emissions from soils was explained by a toxic
effect on soil microbes involved in N2O production of Polycyclic aromatic hydrocarbons (PAHs) [71,72].
The PAHs content in the biochar used in this study was very low (Table 1) and therefore a toxic effect
on soil biota was unlikely.

A decrease of soil N2O emissions has also been associated with a shift in the soil’s physical
properties, such as a reduction in soil compaction [73]. This mechanism cannot have occurred in our
experiment, as it was set up in controlled conditions and the soil was not subjected to compaction.

The reduction of N2O emissions observed in previous studies has also been attributed to the
sorption of reactive N on biochar surfaces and the reduction of its availability for N2O emitting
reactions. However, this mechanism is observed in case of biochar production at temperatures higher
than 600 ◦C [74,75]. The absence of the biochar effect on the sensitivity to temperature of N2O emission
would suggest that biochar will not affect the emission of this powerful greenhouse gas in warmer
climatic conditions.

It has to be considered that the short experimental duration of this study might limit the validity
of the results to the first period after the application of biochar [76,77]. Therefore, these results may not
be representative of the effect of biochar on long-term GHG emissions from soil in field application.

5. Conclusions

Before concluding if biochar application to soil is a forest management practice that is able to
mitigate climate change, an evaluation of its effect on soil GHG emission is fundamental. The results
of the present work show that biochar addition to soil did not significantly affect the sensitivity
of CO2 and N2O fluxes, while it slightly increased the CO2 basal soil respiration in case of a high
application rate, indicating that biochar application would not affect the emission of these gases in
warmer climatic conditions. However, the significant decrease of the temperature sensitivity of soil
CH4 uptake indicated that biochar can induce an important reduction of the soil CH4 sink potential, in
particular in a warmer environment, and this effect can become more relevant in a global warming
scenario. Moreover, the reduction of sensitivity to temperature for CH4 was much more evident in the
case of the higher application rate, suggesting that high biochar dosages should be avoided in order to
preserve the soil CH4 uptake capacity.

The observed effects seem to depend on specific biochar characteristics (temperature of production,
low content of PAHs) and soil characteristics (sandy-loam, drained soil). However, long-term field
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studies are advisable in order to guarantee a thorough understanding of the impact of biochar on GHG
emissions from soil.
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Abstract: Research Highlights: Intensive nitrogen (N) application for agricultural purposes has
substantially increased soil nitrous oxide (N2O) emissions. Agricultural soil has great potential in the
reduction of N2O emissions, and applications of biochar and nitrification inhibitors may be useful
for mitigating agricultural soil N2O emissions. Background and Objectives: Camellia oleifera Abel. is
an important woody oil plant in China. However, intensive N input in C. oleifera silviculture has
increased the risk of soil N2O emissions. As an important greenhouse gas, N2O is characterized by a
global warming potential at a 100-year scale that is 265 times that of carbon dioxide. Thus, mitigation
of soil N2O emissions, especially fertilized soils, will be crucial for reducing climate change. Materials
and Methods: Here, we conducted an in situ study over 12 months to examine the effects of C. oleifera
fruit shell-derived biochar and dicyandiamide (DCD) on soil N2O emissions from a C. oleifera field
with intensive N application. Results: A three-fold increase of cumulative soil N2O emissions was
observed following N application. Cumulative N2O emissions from the field with N fertilization
were reduced by 36% and 44% with biochar and DCD, respectively. While N2O emissions were
slightly deceased by biochar, the decrease was comparable to that by DCD. Conclusions: Results
indicated that biochar may mitigate soil N2O emissions substantially and similarly to DCD under
specific conditions. This result should be examined by prolonged and multi-site studies before it can
be generalized to broader scales.

Keywords: biochar; Camellia oleifera; DCD; nitrification inhibitor; nitrous oxide

1. Introduction

Increased atmospheric greenhouse gases (GHGs) as a result of human activities contribute
substantially to global warming. Nitrous oxide (N2O) is an important component of GHGs [1] and is a
dominant ozone-depleting substance [2]. Concentrations of atmospheric N2O increased from 270 ppb
in the 18th century to a new high at 329.9 ppb in 2017 [3]. Specifically, the global warming potential at
a 100-year scale of N2O is 265 times that of carbon dioxide [1]. Considering its important role in global
warming, reduction of N2O emissions is crucial for the mitigation of global climate change.

Soil is the largest source of N2O emissions at 13 Tg N2O-N year−1. Human activities have
contributed 7 Tg N2O-N year−1 thus far in the 21st century [4]. Intensive nitrogen (N) applications for
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agricultural purposes have induced input of 79 Tg synthetic N and 7.4 Tg N of livestock manure per
year [5,6]. Therefore, agricultural soil has large potential in the reduction of N2O emissions and hence
for the mitigation of global climate change.

Biochar and nitrification inhibitor applications are useful strategies for N2O emission mitigation [7–10].
Biochar is produced by slow pyrolysis of organic matter under high temperatures and an anaerobic
environment [11]. Biochar application reduced N2O emissions caused by N fertilization by 33% [7]; this
was ascribed to increased soil pH [12] or N immobilization [7]. In addition, 70% of N2O emissions are
emitted from microbial-driven nitrification and denitrification processes [4], which could be effectively
inhibited by nitrification inhibitors. Nitrification inhibitors are a class of organic compounds that inhibit
the activity of nitrifying nitrifiers, including synthetic nitrification inhibitors such as dicyandiamide
(DCD), nitrapyrin, and 3, 4-dimethylpyrazole phosphate, and biological nitrification inhibitors such as
methyl 3-(4-hydroxyphenyl) propionate [13] and brachialactone [14]. Nitrification inhibitors reduced N2O
emissions by 44% via inhibition of nitrifying nitrifiers [15]. As a commonly used nitrification inhibitor,
DCD deactivates the activity of ammonium monooxygenase enzyme (a copper co-factor enzyme), and
hence N2O emissions [16].

Camellia oleifera Abel. is one of the world’s four main woody edible oil crops, with a long cultivation
history and wide cultivation area in subtropical China [17] due to the beneficial effects of its oil on
human health [18]. C. oleifera is mainly cultivated in Typic Hapludult Ultisols (red soil) with lower
soil fertility [17,19]. Therefore, intensive N input has been used to increase the yield of C. oleifera oil.
However, large amounts of N input increase the risk of nitrate N (NO3

−-N) leaching and gaseous N
losses, such as N2O emissions and ammonia volatilization [20,21]. While large amounts of C. oleifera
fruit shells have been dumped without use, it might be an ideal feedstock for producing biochar for
the mitigation of N2O emissions [22].

Here, we conducted study using biochar derived from C. oleifera fruit shells and DCD to examine
their effects in the mitigation of N2O emissions from a C. oleifera field with intensive ammonium nitrate
(NH4NO3) fertilization. We predicted that C. oleifera fruit shell-derived biochar or DCD may effectively
mitigate soil N2O emissions.

2. Materials and Methods

2.1. Study Site and Soil Collection

This study was conducted at a C. oleifera plantation covering 200 ha in Yongxiu county, Jiangxi
province, China (29.16◦ N, 115.77◦ E) from 25 February 2017 to 16 March 2018. The C. oleifera plantation
has been intensively managed more than 10 years, with each individual tree distributed 2 m or 3 m
apart. Compound fertilizer with 14% N was applied at the rate of 300 mg plant−1. In this region,
there is a subtropical monsoon climate with a mean annual precipitation of 1561 mm and a mean
annual air temperature of 17.5 ◦C (the monthly mean temperature ranges from 2.4 ◦C in January to
33.4 ◦C in July) (http://www.worldclim.org). Soil was classified as Typic Hapludult (red soil). Soil
characteristics were obtained by collecting soil samples from 12 randomly selected sites and pooled
together for measurement. The basic characteristics were as follows: bulk density, 1.42 g cm−3; pH,
4.45; total organic carbon (TOC), 11.06 g kg−1; total N (TN), 1.18 g kg−1; dissolved organic carbon
(DOC), 0.28 g kg−1; dissolved organic N (DON), 39.78 mg kg−1; ammonium N (NH4

+-N), 4.52 mg kg−1;
NO3

−-N, 1.37 mg kg−1.

2.2. Experimental Design and Field Procedures

This study was conducted using a randomized design with four treatments (including Control, N
only, N with Biochar, N with DCD) and four replications (N = 16, four soil amelioration treatment ×
four replicates). Biochar was produced by pyrolyzing C. oleifera fruit shell at 450 ◦C without oxygen
for 1 h and was applied at the rate of 500 g plant−1(equivalent to 10 t ha−1). Biochar characteristics
were: pH, 9.49; TOC, 743.89 g kg−1; TN, 5.14 g kg−1; DOC, 1.57 g kg−1; DON, 14.28 mg kg−1; NH4

+-N,
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2.24 mg kg−1; NO3
−-N, 2.65 mg kg−1. DCD was applied by 2% (DCD/N) [22]. Two years before the

study, the studied area was intensively managed but no fertilization was applied. In the study, N was
applied by 20 g NH4NO3-N plant−1 (equivalent to 400 kg NH4NO3-N ha−1). Sixteen C. oleifera trees
with similar size (mean ground diameter: 6.52 cm) were randomly selected and 0.5 m2 plots were
established under the crown of each plant for measurement of N2O fluxes. Nitrogen, biochar, or DCD
were thoroughly mixed and applied in all plots.

Static opaque chamber method was used for measurement of N2O fluxes. Plastic collars with
a groove (inner diameter = 16.7 cm, height = 10 cm, groove = 9 cm) were installed inside each plot.
The collar groove was filled with water to seal the open-bottomed chamber (inner diameter = 19.5 cm,
height = 80 cm) covered with foam and aluminum for minimizing temperature variation [23]. Gas
samples were collected at minutes 0, 5, 10, and 15 min from chamber closing using a syringe, and were
stored in aluminum foil gas sample bags before analysis.

Fluxes of N2O were measured 21 times from 25 February, 2017 to 16 March, 2018 at days 4, 8,
12, 19, 26, 32, 46, 62, 77, 93, 111, 130, 140, 161, 175, 190, 210, 248, 287, 339, and 384. Air temperature,
soil temperature, and moisture (10 cm depth) were monitored simultaneously when N2O fluxes were
measured. Meanwhile, soil NH4

+-N and NO3
−-N (0–20 cm layer) were measured nine times over the

study on days 62, 93, 130, 161, 210, 248, 287, 339, and 384.

2.3. Analysis of Soil and Biochar Characteristics

Concentrations of soil and biochar NH4
+-N and NO3

−-N were extracted by 2 mol L−1 KCl solution
and measured by a discrete analyzer (Smartchem 200, Rome, Italy). Dissolved organic carbon and
DON were extracted by 0.5 mol L−1 K2SO4 and measured by element analyzer (Multi N/C 3100, Jena
Germany). pH was measured by soil (1:2.5, w/w) or biochar (1:5, w/w) suspensions using pH meter
and air-dried samples passed through 0.2-mm sieve (Mettler Toledo, Shanghai, China). Total organic
carbon and TN were also analyzed by an element analyzer (Variomax CNS Analyzer, Elementar GmbH,
Hanau, Germany) using samples passed through a 0.15-mm sieve.

2.4. Measurement of Soil N2O Emission Rates and Cumulative Soil N2O Emissions

Nitrous oxide concentration in each sample was determined using gas chromatograph (Agilent
7890B, Santa Clara, CA, USA). In situ measurements were conducted on sunny days with minimal
partial pressure of water vapor. Nitrous oxide fluxes (F, μg m−2 h−1) were calculated by [23,24]:

F = P×V × Δc
Δt
× 1

RT
×M× 1

S
(1)

where P stands for standard atmospheric pressure (Pa) (which should be adjusted if partial pressure
of water vapor of chamber air taken into consideration [25]), V refers to the volume of chamber
headspace (m3), Δc/Δt means the rate of N2O (ppb) concentration change with time based on linear
regressions [26,27], R stands for universal gas constant (m3 mol−1 K−1), T is the absolute air temperature
(K), M means the molecular mass of N2O (g mol−1), and S indicates the collar area (m2).

Cumulative soil N2O emissions (E, μg m−2) were calculated by [28]:

E =
n∑

i=1

(Fi + Fi+1)

2
× (ti+1 − ti) × 24 (2)

where F indicates soil N2O emission rates (μg m−2 h−1), i means the ith measurement, (ti+1 − ti) refers to
the time span (days) between two measurements, and n means the total number of the measurements.

2.5. Statistical Analysis

One-way analysis of variance (ANOVA) was performed to examine dependence of cumulative
N2O emissions on N, biochar and DCD treatments. Repeated-measures ANOVA was used to examine
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dependence of soil temperature, moisture, NH4
+-N, NO3

−-N and N2O emission rates on biochar
and DCD treatments. Tukey’s honestly significant difference (HSD) tests were used for identifying
the significant differences among treatments in ANOVA. Follow-up contrasts were conducted for
significant repeated-measures ANOVA results. Pairwise correlation analysis was applied to examine
relationship between environment factor, inorganic N and soil N2O emission rate. All statistical
analyses were carried out using JMP 9.0. Software (Gary, NC, USA) at α = 0.05.

3. Results

Application of N, biochar, or DCD significantly influenced soil N2O emission rates (F = 8.34,
p = 0.0029) and cumulative N2O emissions (F = 6.68, p = 0.0067) compared to control from the C.
oleifera field. No significant results were observed in soil temperature, moisture, NH4

+-N, and NO3
−-N

(Figures 1 and 2). Compared with N treatment, N + DCD (F = 7.94, p = 0.0155) or N + biochar (F =
5.69, p = 0.0344) treatments showed lower soil N2O emission rates, but no significant differences were
observed between N + DCD and N + biochar treatments (F = 0.19, p = 0.67; Figure 3). Overall, N,
biochar, or DCD treatments significantly impacted soil N2O emission rates over the 12-month study (F
= 10.11, p = 0.0013; Figure 3).

Figure 1. Soil (A) temperature and (B) moisture (mean ± standard error) over the 12-month study in
Camellia oleifera Abel. field with the N and mitigation treatments. Repeated-measure one-way analysis
of variance results are shown. N: nitrogen; DCD: dicyandiamide; NH4NO3: ammonium nitrate.
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Figure 2. Soil inorganic N dynamics, including (A) NH4
+-N and (B) NO3

−-N (mean ± standard
error), over the 12-month study in Camellia oleifera Abel. field with the N and mitigation treatments.
Repeated-measure one-way analysis of variance results are shown. N: nitrogen; NH4

+-N: ammonium
nitrogen; NO3

−-N: nitrate nitrogen; DCD: dicyandiamide; NH4NO3: ammonium nitrate.

Figure 3. Soil N2O emissions (mean ± standard error) from soil with N, or N with DCD or biochar in a
Camellia oleifera Abel. field. (A) NH4NO3 vs. NH4NO3 + DCD; (B) NH4NO3 vs. NH4NO3 + Biochar;
(C) NH4NO3 + DCD vs. NH4NO3 + Biochar. Repeated-measure one-way analysis of variance and
follow-up contrast results are shown. N: nitrogen; DCD: dicyandiamide; NH4NO3: ammonium nitrate;
N2O: nitrous oxide.
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Nitrogen treatment increased cumulative soil N2O emissions (control vs. N, 92.14 ± 47.01 vs.
375.10 ± 60.30 mg m−2, respectively). DCD reduced the increase of cumulative soil N2O emissions
caused by N addition, but no significant differences were observed between N + DCD and N + biochar
treatments (Figure 4, N +DCD vs. N + biochar, 211.89 ± 35.88 vs. 238.34 ± 30.65 mg m−2). The soil N2O
emission rate positively correlated with soil temperature, moisture, NH4

+-N, and NO3
−-N (Table 1).

Figure 4. Cumulative soil N2O emissions (mean ± SE) from the Camellia oleifera Abel. field as affected
by N fertilization, DCD, or biochar treatments. Bars connected by the same letter are not significantly
different in post-hoc tests at α = 0.05. N: nitrogen; DCD: dicyandiamide; NH4NO3: ammonium nitrate;
N2O: nitrous oxide.

Table 1. Pairwise correlations among soil environmental factors, inorganic nitrogen and soil N2O
emission rate.

Parameters Soil Temperature Soil Moisture NH4
+-N NO3

−-N

Soil moisture 0.275 ***
NH4

+-N 0.051 −0.050
NO3

−-N 0.188 * −0.003 0.414 ***
N2O 0.216 *** 0.201 *** 0.285 *** 0.221 **

*, p < 0.05; **, p < 0.01; ***, p < 0.001. NH4
+-N: ammonium nitrogen; NO3

−-N: nitrate nitrogen; N2O: nitrous oxide.

4. Discussion

Nitrous oxide emitted from C. oleifera plantation was monitored over one year in situ study to
investigate effects of biochar or DCD on soil N2O emissions following application of N fertilization.
Soil N2O emission rates were decreased by biochar or DCD in fertilized soil and the decrease was
comparable between two treatments (Figure 3). However, the cumulative soil N2O emissions caused by
NH4NO3 fertilization were reduced by DCD application to levels comparable to the control treatment
(Figure 4).

4.1. Nitrogen Fertilization Stimulated Soil N2O Emissions

Nitrogen fertilization stimulated cumulative soil N2O emissions from C. oleifera plantation
(Figure 4). N fertilization generally alters activities of N-transforming microorganisms via input of
available N substrate [29], stimulating the processes of microbial-driven nitrification and denitrification
and subsequent soil N2O emissions [30,31]. In general, soil N2O emissions were increased by N input
with nonlinear responses [32]. Indeed, the soil N2O emission rate was positively correlated with
NH4

+-N and NO3
−-N (Table 1). Furthermore, intensive N fertilization, especially NH4

+-N fertilization,
often results in soil acidification [33,34]. Changes in soil pH may regulate soil N2O emissions via
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altering the abundance and composition of N-transforming microorganisms [35–37]. For example,
abundances of ammonia-oxidizing bacteria (AOB) were more sensitive to N addition than that of
ammonia-oxidizing archaea (AOA) (+ 326% vs. + 27%) [35]. Soil acidification induced by intensive N
fertilization results in a high ratio of N2O/(N2O+N2) in the previous study [38]. Therefore, N addition
might alter the abundance and composition of AOB and AOA via acidifying soil, hence stimulating
N2O emissions.

In our study, positive correlations between N2O emission rate and soil temperature or soil moisture
were observed (Table 1). A previous study demonstrated that soil temperature and moisture can explain
up to 86% variations of N2O emissions [39]. Soil N2O emissions varied with soil temperature in specific
ranges [28,40], which may relate to different optimum temperatures of N-transforming microorganisms
with or without N fertilization and different soil types [37,41]. Compared with soil temperature, soil
moisture is the main factor impacting soil N2O emissions. Consistently, soil N2O emitted from a
wheat–maize plantation showed a positive correlation with a soil water-filled pore space (WFPS) [42].
However, higher soil moisture with lower oxygen content was beneficial to denitrification [30,43] and
potentially decrease soil N2O emissions [44,45]. For example, WFPS at 67–76% was the optimum
moisture environment for emitting N2O [46]. Similarly, N2O emitted from a rice-rapeseed rotation soil
was higher in 60% WFPS than flooding in an incubation experiment [36]. Therefore, moisture effects of
soil N2O emissions may depend on soil type and present non-linear correlations.

4.2. Biochar Reduced Soil N2O Emission Rates as Affected by N Fertilization

In fertilized soil, N2O emission rates were significantly decreased and cumulative N2O emissions
were decreased by 36% by biochar (Figures 3B and 4), indicating biochar could be an ideal strategy
for N2O mitigations in C. oleifera plantations with N fertilization. Indeed, soil N2O emissions with N
fertilization were decreased 33% by biochar in a meta-analysis study [7]. Biochar-suppressed soil N2O
emissions may be relative, limiting the availability of NO3

−-N to denitrifiers [47,48] or altering the N
transformation process rather than limiting the availability of NH4

+-N or NO3
−-N to N-transforming

microorganisms [49]. In addition, biochar could also impose toxic effects on urease activity and
subsequent generation of NH4

+-N by introducing polycyclic aromatic hydrocarbons, heavy metals,
and free radicals into soil [50], which may suppress soil N2O emissions via reducing the N substrate
with respect to N-transforming microorganisms.

Biochar addition may suppress soil N2O emissions by increasing soil pH [12]. The activity of
N2O-reductase was generally higher with higher soil pH [31]. Indeed, the pH of C. oleifera fruit
shell-derived biochar was higher than that of the acid soil in C. oleifera plantations. While an acid
soil improvement study showed that liming by dolomite addition could substantially mitigate N2O
emissions via increasing nosZ gene abundance [36,51], biochar application could also increase soil
pH of the acid C. oleifera field soil, which might have also been accompanied by enhanced activities
of N2O-reducing enzymes and hence suppressed N2O emissions. Moreover, the negative effects of
biochar on N2O emissions could also be induced by its buffer capacity rather than pH, in which biochar
acted as “electron shuttle” and replaced NO3

− as electron sink during denitrification [52]. However, the
application of C. oleifera fruit shell-derived biochar stimulated N2O emissions in a previous incubation
study [22], which might have been caused by the short-term time scale of incubation study and
further indicated the importance of in situ studies. Future studies are still needed for thoroughly
understanding of C. oleifera fruit shell-derived biochar effects on N2O emissions and its prolonged
effects in mitigation of soil N2O emissions.

4.3. DCD Reduced Soil N2O Emissions as Affected by N Fertilization

Cumulative soil N2O emissions were reduced 44% by DCD application in soil with N fertilization
treatment (Figures 3A and 4), which indicated that the application of DCD is an effective strategy
for mitigating soil N2O emissions in C. oleifera plantations with intensive N fertilization. DCD has
been proved to be effective in reducing average N2O emission rates following NH4NO3 addition in a
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previous study [22]. In agreement, DCD reduced soil N2O emissions following (NH4)2SO4 addition
by suppressing amoA genes and stimulating nosZ genes [53]. Nitrification and denitrification are two
main pathways producing N2O [30,31,54]. Application of nitrification inhibitors can suppress soil
N2O emissions [15,16] by inhibiting the activity of ammonium monooxygenase enzyme involved in
nitrification process [16]. Thereby, application of DCD generally decreases abundance of amoA genes
and hence soil N2O emissions.

4.4. Biochar and DCD Effects on Soil N2O Emissions

While N fertilization significantly increased soil N2O emissions compared with control treatment,
DCD application decreased soil N2O emissions to similar levels as control treatment (Figures 3A and 4).
Even though biochar addition treatment did not significantly decrease N2O emissions from soil with N,
the slight decrease in cumulative N2O emissions may potentially mitigate N2O emissions in prolonged
study, which should be examined in future studies. However, DCD application significantly decreased
cumulative N2O emissions and no significant difference was observed between control and DCD
treatment (Figure 4), indicating DCD was effective in mitigation of N2O emissions from C. oleifera field
relative to biochar. No significant differences were observed between DCD and biochar treatments
in their effects on N2O emission rates (Figures 3C and 4), indicating biochar application could be
considered as a potential mitigation strategy of soil N2O. Similarly, both DCD and biochar reduced the
yield-scaled N2O following N fertilization, while biochar showed stronger effects than DCD in N2O
mitigation in a sweet corn field [55].

5. Conclusions

This study is the first in examining the effects of DCD and biochar derived from C. oleifera fruit
shells on mitigation of soil N2O emissions. Application of biochar and DCD showed comparable
effects in mitigation of the N2O emission rate in a C. oleifera field with intensive N fertilization practice,
with biochar slightly decreasing and DCD significantly decreasing cumulative N2O emissions. This
might have implications for the disposal of dumped byproducts in management of C. oleifera and
represent an ideal way to enhance both the economic and ecological benefits of the C. oleifera industry.
If this pattern presents in other plantations, the combined effects of biochar and nitrification inhibitors
on soil N2O emissions should be focused upon in the future. However, the potential effects of biochar
derived from C. oleifera fruit shell on cumulative N2O emissions in prolonged studies and other kinds
of ecosystems should be examined in future in order to provide guidance for intensive management of
C. oleifera plantations and disposal of byproducts.
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Abstract: The development of country-specific emission factors in relation to the Agriculture,
Forestry, and Other Land Use (AFOLU) sector has the potential to improve national greenhouse
gas inventory systems. Forests are carbon sinks in the AFOLU that can play an important role
in mitigating global climate change. According to the United Nations Framework Convention on
Climate Change (UNFCCC), signatory countries must report forest carbon stocks, and the changes
within them, using emission factors from the Intergovernmental Panel on Climate Change (IPCC)
or from country-specific values. This study was conducted to estimate forests carbon stocks and to
complement and improve the accuracy of national greenhouse gas inventory reporting in South Korea.
We developed country-specific emissions factors and estimated carbon stocks and their changes
using the different approaches and methods described by the IPCC (IPCCEF: IPCC default emission
factors, CSFT: country-specific emission factors by forest type, and CSSP: country-specific emission
factors by species). CSFT returned a result for carbon stocks that was 1.2 times higher than the
value using IPCCEF. Using CSSP, CO2 removal was estimated to be 60,648 Gg CO2 per year with an
uncertainty of 22%. Despite a reduction in total forest area, forests continued to store carbon and
absorb CO2, owing to differences in the carbon storage capacities of different forest types and tree
species. The results of this study will aid estimations of carbon stock changes and CO2 removal by
forest type or species, and help to improve the completeness and accuracy of the national greenhouse
gas inventory. Furthermore, our results provide important information for developing countries
implementing Tier 2, the level national greenhouse gas inventory systems recommended by the IPCC.

Keywords: carbon stock changes; forest; greenhouse gas inventory; IPCC; South Korea

1. Introduction

According to the United Nations Framework Convention on Climate Change (UNFCCC),
all parties are obligated to submit annual national greenhouse gas inventory reports for all emissions
and removals, including those associated with the Agriculture, Forestry, and Other Land Use sector
(AFOLU). Specifically, the Paris Agreement states that “parties shall account for their Nationally
Determined Contributions (NDC)” [1]. The mitigation contributions of parties (included in the NDCs)
should be accounted for in the context of the Paris Agreement and are expected to be based on
greenhouse gas inventory reporting methodology.

All countries have made efforts to improve inventory reporting systems and tier levels
given respective national circumstances, in accordance with the principles of Transparency,
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Accuracy, Consistency, Comparability, and Completeness (TACCC) under the UNFCCC [1,2].
The Intergovernmental Panel on Climate Change (IPCC) guidelines provide three different tier levels
for calculating the national greenhouse gas inventory, which relate to the activity data and emission
factors in the AFOLU [2,3]. In general, using complementary data and moving to a methodology at
higher tiers can improve the accuracy of the inventory and reduce uncertainty [2,3]. Most developing
countries, including South Korea, have not been able to report on the carbon stocks from all carbon
pools [4,5]. Estimating all carbon pools would represent a major improvement in completeness,
which is linked to comparability and accuracy for national greenhouse gas inventory systems,
and would also affect the greenhouse gas mitigation targets in NDC.

Dependent upon tree growth rate, forest ecosystems are able to remove CO2 from the atmosphere;
as such, they are the largest terrestrial carbon sink [6]. For this reason, Annex I countries under the
UNFCCC should report the national emissions and removal of greenhouse gases associated with
the forest sector in AFOLU [2,7]. To calculate greenhouse gas emissions and their removal, national
forest inventories (NFIs) represent a key source of information [8]. Although relatively few countries
carry out NFIs more frequently than every 5 or even 10 years, the national reports normally rely
on projected quantities of carbon emissions and removal from forests and land use change for the
reporting period [9,10].

Forests cover 64% of the total land area in South Korea, and they play an important role in the
mitigation of greenhouse gases through carbon sequestration [11,12]. South Korean forests were a
carbon source releasing carbon at a rate of 0.5 Tg C year−1 during 1954–1973; however, they have been
acting as carbon sinks with a carbon sequestration rate of 12.6 Tg C year−1 since 1974 [12]. The annual
carbon balance of South Korean forests from 1954 to 2012 was 8.3 Tg C year−1 [12]. Studies into
forest carbon stocks have been also conducted to establish the greenhouse gas inventory system of
the forestry sector in South Korea. The South Korean national greenhouse gas inventory system is
based on country-specific emission factors and activity data from NFIs and on official statistics by
forest type [5]. To complement the national greenhouse gas inventory system and improve its accuracy,
a number of studies have focused on the emission factors in all carbon pools in South Korea [13–17];
a few case studies have also estimated total carbon stocks at the national scale using modeling [12].

Owing partly to a limited range of activity data, previous studies have focused on the above
and belowground biomass in South Korean forests [5]. The purpose of this study was to develop
country-specific emission factors and to examine the methodology in order to enhance the completeness
and accuracy of national greenhouse gas inventory reporting using those factors.

2. Materials and Methods

2.1. Estimating Country-Specific Emission Factors

In order to develop country-specific emission factor for biomass, soil, and litter, we distributed
the number of samples in proportion of growing stock by tree species (Figures S1 and S2). The major
tree species of Korea were selected and sampled. Red pine (Pinus densiflora Siebold & Zucc.), Oak
(Quercus spp.), and Larch (Larix kaempferi (Lamb.) Carrière) were sampled from all over the country;
Hinoki-cypress (Chamaecyparis obtuse (Siebold & Zucc.) Endl.), Japanese cedar (Cryptomeria japonica
(Thunb. ex L. f.) D. Don), Black pine (Pinus thunbergii Parl.), and other species that are distributed
locally, were collected from relevant regions. The carbon emission factors of the carbon pools (biomass,
soil, and litter) in Korean forests were estimated from 226 sampling plots during the 2007–2015 period;
each sampling plot had an area of 20 × 20 m. In total, 16 tree species were sampled, representing about
77% of the total growing stock in South Korean forests. We measured the height and diameter at breast
height of selected sample trees from each plot. These trees were then divided into branches, leaves,
twigs, and roots, after which their respective fresh weights were measured. From the 226 sampling
plots, we additionally selected 119 plots to estimate soil and litter carbon stocks for eight tree species
across South Korea. Litter samples included humus, fallen leaves, and twigs (smaller than 10 cm in
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diameter) [18]. Soil pits were dug at each sampling plot, and soil was sampled at depths of 0–10,
10–20, 20–30, and 30–50 cm [18]. Biomass, litter, and soil samples were brought to the laboratory for
further analysis.

The dry mass of biomass and litter samples was measured after oven-drying at 85 ◦C at a
constant weight. Soil samples from depths of 0–10 cm, 10–20 cm, 20–30 cm, and 30–50 cm were
passed through a 2-mm sieve to remove coarse fragments and roots. Soil bulk density was estimated
as the proportion of the dry mass of all mineral soils to the volume of the corer, while the coarse
fregments content was estimated as the ratio between the dry mass of coarse fregments to mineral
soils, both of which were based on the mass remaining after oven-drying at 105 ◦C. The carbon
concentrations of the litter and mineral soil were determined using an elemental analyzer (vario Macro,
Elementar Analysensysteme GmbH, Langenselbold, Germany). Biomass emission factors such as basic
wood density (WD), biomass expansion factors (BEF), and the root to shoot ratio (R) were calculated
using the dry mass, fresh mass, and volume. The WD was calculated as the ratio of dry-weight
to fresh volume using the water displacement method [18]. The BEF was calculated as the ratio of
aboveground biomass (stem, branches, leaves, and twigs) to the stem biomass. The R was calculated as
the ratio of root biomass to aboveground biomass [18]. Litter carbon stocks (C ton/ha) were calculated
using the dry mass multiplied by carbon concentration, and mineral soil carbon stocks (C ton/ha)
were calculated as the sum of each soil depth multiplied by bulk density, coarse fregments content,
and carbon concentration [18]. However, the country-specific emission factors for deadwood carbon
stocks were calculated as the volume of the residences and tree mortality from the NFI data, multiplied
by carbon conversion factors from previous studies in South Korea [19,20]. Uncertainty analysis was
calculated using the error propagation equation from the IPCC guidelines [3];

Uncertainty =
0.5 × (95%CI width)

μ
× 100 (1)

where CI width is the width of the 95% confidence interval and μ is the mean value following the IPCC
methodology [3]. Emission factors of other coniferous forest and other deciduous forest except for
deadwood carbon stocks were calculated by weighted average using the growing stock proportions in
South Korean forest.

2.2. Estimating Carbon Stocks in Biomass, Soil, and Dead Organic Matter

We adopted three different approaches for estimating carbon stocks. The first approach (IPCCEF)
was applied according to IPCC default emission factors, where it is assumed that soil and dead
organic matter do not change with forest management, forest type, or disturbance regime. The second
approach (CSFT) was applied according to country-specific emission factors in regard to forest type,
while the third approach (CSSP) was applied according to country-specific emission factors for tree
species (Table 1).

Table 1. Three approaches for carbon stock estimation.

Resolution Forest Type Species

Approach IPCCEF CSFT CSSP

Biomass E E E
Litter NE E E
Soil NE E E

Deadwood NE E E

IPCCEF: Intergovernmental Panel on Climate Change (IPCC) default emission factors, CSFT: country-specific
emission factors by forest type, CSSP: country-specific emission factors by species, E: estimated, NE: not estimated.

In the case of IPCCEF and CSFT, forest areas and growing stocks were taken from national
greenhouse gas inventory reports [5], after which the carbon stocks in above and belowground biomass,
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soil, litter, and deadwood were calculated using IPCC default emission factors for coniferous species
(WD: 0.49, BEF: 1.30, and R: 0.32), deciduous species (WD: 0.58, BEF: 1.40, and R: 0.26), and carbon
fraction (0.50) [3], along with country-specific emission factors developed by this study. If there was
no country-specific emission factor by tree species, we applied emission factors of other coniferous or
deciduous forests by tree species.

On the other hand, NFI data was used for CSSP because official statistics for the growing stocks
of tree species do not currently exist. The NFI provides data on merchantable growing stocks and
the number of points for each tree species, while data on whole-tree biomass is needed to estimate
biomass carbon pools. Specifically, we used data from the 5th and 6th NFI, which were conducted
between 2006–2010 and 2011–2015, respectively, and included a nationally consistent sampling frame
and plot design (Figure 1). In reference to the 6th NFI, 149 plots were not resampled at the original
plots from the 5th NFI; however, 430 new plots were established for sampling. In order to estimate the
area of forest types and tree species, we used the proportions of the sub-points in the specific stand for
each species, multiplied by the known land area:

Ah = A × ph, (where, ph =
nh
n
) (2)

where Ah is the total area by tree species; A is the forest area on the basis of the official statistics
of the Korea Forest Service (KFS) and Greenhouse Gas Inventory and Research Center of Korea
(GIR) [5,21,22]; ph is the proportion of points that are of h; n is the number of total points for forest
types; nh is the number of points for h; and h is the tree species. The area of mixed forest was divided
into ‘other coniferous’ and ‘other deciduous’ forests. The total growing stocks of each species was
calculated using the growing stocks per ha and the species area, while the total growing stock was
stratified by random sampling of each species.

Figure 1. Permanent sample plots in the South Korean National Forest Inventory (NFI).

Total carbon stocks in biomass were calculated using area, growing stocks, biomass expansion
factors, basic wood density, and the root to shoot ratio; total carbon stocks in soil and dead organic
matter were calculated as the area multiplied by their carbon stocks (C ton/ha) developed by this
study [3]. Annual changes in biomass, soil, and dead organic matter were estimated using the IPCC
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stock changes method [3]. Specifically, the IPCC stipulates that the activity data for soil and dead
organic matter have a transition period of 20 years [3]; in other words, the forest area for estimated
carbon stocks should remain constant over a 20-year period. As the forest area in our study has
decreased since 1970, we assumed that the forest area in the base year was equal to that of 20 years
ago. Uncertainty was calculated using the error propagation equation in accordance with IPCC
guidelines [3]. The uncertainty in tree growing stocks from official statistics assumes 0.05% from the
previous study, while the uncertainty in IPCC default values is assumed to be 50% [3,11]. All statistical
analyses were conducted using the proc GLM procedures of the SAS 9.4 software. And Tukey’s HSD
test was used to identify the significantly different means (p < 0.05).

3. Results

3.1. Estimation of Country-Specific Emission Factors

Emission factors for each carbon pool are shown in Tables 2 and 3. The biomass, calculated as
basic wood density (WD, expressed in t dry matter/m3), ranged from 0.35 to 0.50 for coniferous species
and from 0.46 to 0.83 for deciduous species. Deciduous species generally had higher basic wood
density than coniferous species (Table 2). Basic wood density was highest for Q. acuta, a deciduous
species, and lowest for C. japonica, a coniferous species (Table 2). Biomass expansion factors (BEF)
ranged from 1.31 to 1.74 for coniferous species, and from 1.24 to 1.70 for deciduous species. The root
to shoot ratio (R) ranged from 0.20 to 0.36 for coniferous species and from 0.19 to 0.48 for deciduous
species (Table 2).

Coniferous species generally had higher litter carbon stocks than deciduous species (P < 0.05),
while mineral soil carbon stocks were lower in coniferous forest than in deciduous forest (P > 0.05;
Table 3). However, there was no difference in deadwood carbon stocks between coniferous forest and
deciduous forest (Table 3).

Uncertainty in emission factors for biomass ranged from 2% to 12% for WD, 4% to 16% for BEF,
and 6% to 33% for R, respectively. Uncertainty for carbon stocks in soil, litter, and deadwood ranged
from 27% to 41%, 16% to 27%, and 8% to 1211%, respectively. Soil and dead organic matter had higher
uncertainties than biomass; in particular, the uncertainty in deadwood had a large variation owing to
lack of NFI sampling points for some tree species.

Table 2. Country-specific emission factors for biomass by tree species.

Forest Type Species
WD

(t dry matter/m3)
BEF R

Coniferous forest Chamaecyparis obtusa 0.43 (4%) fg 1.35 (9%) cd 0.20 (33%) e

Cryptomeria japonica 0.35 (4%) h 1.31 (6%) cd 0.23 (12%) de

Larix kaempferi 0.45 (6%) efg 1.34 (8%) cd 0.29 (15%) bcde

Pinus densiflora (Gangwon) 0.42 (12%) fg 1.48 (12%) abcd 0.26 (14%) cde

P. densiflora (Jungbu) 0.47 (4%) efg 1.41 (6%) bcd 0.25 (6%) cde

P. koraiensis 0.41 (6%) hg 1.74 (13%) a 0.28 (14%) cde

P. rigida 0.50 (4%) de 1.33 (12%) cd 0.36 (29%) bcd

P. thunbergii 0.48 (6%) ef 1.52 (13%) abcd 0.29 (19%) bcde

Other coniferous forest 0.46 (6%) 1.43 (8%) 0.27 (13%)

Deciduous forest Betula platyphylla 0.55 (4%) d 1.30 (6%) cd 0.29 (16%) bcde

Liriodendron tulipifera 0.46 (10%) efg 1.24 (6%) d 0.23 (27%) de

Quercus acuta 0.83 (5%) a 1.70 (16%) ab 0.19 (20%) e

Q. acutissima 0.72 (6%) b 1.45 (6%) abcd 0.31 (26%) bcde

Q. mongolica 0.66 (3%) bc 1.60 (8%) abc 0.39 (23%) abc

Q. serrata 0.66 (5%) bc 1.55 (8%) abcd 0.43 (21%) ab

Q. variabilis 0.72 (2%) b 1.34 (4%) cd 0.32 (15%) bcde

Robinia pseudoacacia 0.64 (11%) c 1.47 (8%) abcd 0.48 (17%) a

Other deciduous forest 0.68 (3%) 1.51 (7%) 0.36 (20%)

WD: basic woody density, BEF: Biomass expansion factor, R: root to shoot ratio. Values with different letters indicate
significant differences among tree species at p < 0.05 and with those in parenthesis representing uncertainty (%).

215



Forests 2018, 9, 625

Table 3. Carbon stocks in soil and dead organic matter

Forest Type Species
Litter

(C ton/ha)
Soil

(C ton/ha)
Deadwood
(C ton/ha)

5th NFI 6th NFI

Coniferous forest Chamaecyparis obtusa - - 1.59 (108%) 3.26 (156%)
Cryptomeria japonica - - 4.37 (90%) 3.50 (179%)

Larix kaempferi 7.01 (27%) ab 46.71 (36%) 2.98 (25%) 2.63 (32%)
Pinus densiflora

(Gangwon) 9.03 (16%) ab 53.16 (41%) 1.97 (20%) 2.46 (28%)

P. densiflora (Jungbu) 11.85 (27%) a 37.83 (28%) 1.82 (14%) 1.98 (12%)
P. koraiensis 7.36 (26%) ab 37.77 (29%) 2.78 (31%) 1.51 (57%)

P. rigida 7.95 (25%) ab 36.35 (40%) 1.99 (24%) 3.73 (37%)
P. thunbergii 2.18 (28%) 1.94 (38%)

Other coniferous forest 11.25 (25%) 38.75 (32%) 2.11 (38%) 1.90 (55%)

Deciduous forest Betula platyphylla - - 1.11 (290%) 0.71
Liriodendron tulipifera - - 0.13

Quercus acuta - - 6.49 (1211%) 0.19
Q. acutissima 5.07 (19%) b 64.30 (27%) 1.55 (33%) 1.27 (38%)
Q. mongolica 7.30 (20%) ab 64.02 (34%) 1.55 (15%) 2.48 (21%)

Q. serrata - - 0.76 (41%) 1.83 (37%)
Q. variabilis 6.49 (20%) ab 57.09 (35%) 1.43 (21%) 1.56 (19%)

Robinia pseudoacacia - - 2.14 (50%) 2.42 (37%)
Other deciduous forest 6.63 (20%) 55.68 (33%) 1.60 (11%) 2.20 (8%)

Values with different letters indicate significant differences among tree species at p < 0.05 with those in parenthesis
representing uncertainty (%).

3.2. Estimation of Forest Area and Growing Stock by Tree Species

The estimated forest areas and growing stocks from the 5th NFI and 6th NFI are shown in Table 3.
The estimated forest areas (1000 ha) in 2010 were 2581 for coniferous forest, 1865 mixed forest, and 1719
for deciduous forest; the estimated forest areas (1000 ha) for 2015 were 2339 for coniferous forest,
1706 for mixed forest, and 2029 for deciduous forest. Coniferous and mixed forests were converted to
deciduous forest, with conversion rates of 9.36% and 8.53%, respectively. The conversion rate of forest
area comprised of coniferous species was highest for P. rigida, followed by P. densiflora (Gangwon),
and L. kaempferi (Table 3). The growing stock showed increases for all forest types, despite the reduction
in forest area over the last five years. The estimated growing stock increased from 832 to 970 M m3

during the research period (2010–2015), while according to official statistics, South Korean forests
increased from 800 to 925 M m3 during the same period (Table 4). The change in growing stock ranged
from −6 M m3 (P. rigida) to 15 M m3 (P. densiflora [Jungbu]) for coniferous species, and from 0.07 M m3

(Q. acuta) to 62 M m3 (other deciduous forest) for deciduous species (Table 4).

Table 4. Estimated areas and growing stocks by tree species.

Forest Type Species
Area (1000 ha) Growing Stock (1000 m3)

2010 2015 2010 2015

Coniferous forest Chamaecyparis obtusa 19 (0.2%) 25 (0.3%) 2377 ± 320 3898 ± 433
Cryptomeria japonica 14 (0.2%) 14 (0.2%) 3680 ± 346 4850 ± 367

Larix kaempferi 200 (2.5%) 173 (2.1%) 38,062 ± 1036 41,528 ± 1075
Pinus densiflora

(Gangwon) 363 (4.5%) 312 (3.9%) 62,836 ± 1244 62,316 ± 1271

P. densiflora (Jungbu) 1315 (4.5%) 1176 (14.5%) 199,213 ± 2261 213,985 ± 2363
P. koraiensis 126 (16.3%) 116 (1.4%) 16,844 ± 727 20,835 ± 841

P. rigida 267 (1.6%) 200 (2.5%) 41,126 ± 1009 34,642 ± 946
P. thunbergii 173 (3.3%) 177 (2.2%) 20,083 ± 870 25,959 ± 1072

Other coniferous
forest 104 (2.2%) 146 (1.8%) 12,649 ± 679 19,425 ± 958
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Table 4. Cont.

Forest Type Species
Area (1000 ha) Growing Stock (1000 m3)

2010 2015 2010 2015

Mixed forest 1865 (28.9%) 1706 (29.1%) 246,042 ± 2033 274,331 ± 2064

Deciduous forest Betula platyphylla 6 (0.1%) 6 (0.1%) 160 ± 18 348 ± 34
Liriodendron tulipifera - 1 (0.0%) - 82 ± 32

Quercus acuta 1 (0.0%) 1 (0.0%) 177 ± 27 244 ± 18
Q. acutissima 66 (1.5%) 78 (1.6%) 6301 ± 281 9544 ± 346
Q. mongolica 472 (10.7%) 415 (8.6%) 62,721 ± 698 64,431 ± 714

Q. serrata 31 (0.7%) 38 (0.8%) 3248 ± 207 4783 ± 259
Q. variabilis 221 (5.0%) 235 (4.9%) 32,085 ± 602 40,607 ± 685

Robinia pseudoacacia 58 (1.3%) 59 (1.2%) 5306 ± 233 7254 ± 299
Other deciduous

forest 865 (19.6%) 1196 (24.8%) 78,913 ± 960 141,146 ± 1363

Total 6165 (100%) 6074 (100%) 831,821 ± 3463 970,210 ± 3473

Values indicate the mean and standard error of stratified random sampling.

3.3. Estimation of Carbon Stocks and Their Changes in Biomass, Litter, Deadwood, and Soil

The estimated carbon stocks and their changes from 2010 to 2015 are shown in Figure 2. Applying
IPCC default emission factors (IPCCEF) demonstrated that carbon stocks increased by 57,363 Gg C
(15.99%) from 2010 to 2015, with an increase of 15.55% in deciduous forests and 15.11% in coniferous
forests (Figure 2). Our estimation of CO2 removal was 42,067 Gg CO2 per year, with an uncertainty
of 35%. Furthermore, in applying IPCC default emission factors, we assumed that the soil and dead
organic matter did not change [3]. Applying country-specific emission factors by forest type (CSFT),
total carbon stocks increased by 66,569 Gg C (8.47%) from 2010 to 2015, with increases of 15.48%,
0.13%, and 9.32% for biomass, soil, and deadwood, respectively, and a decrease of 3.65% for litter.
Additionally, the estimation of CO2 removal was 48,817 Gg CO2 per year with an uncertainty of 17%
(Figure 3); this CO2 removal value was about 1.16 times that of IPCCEF, which only estimates biomass
using the IPCC default emission factors.

In terms of country-specific emission factors by tree species (CSSP), total carbon stocks were
increased by 82,702 Gg C (10.41%) from 2010 to 2015 (Figure 2). The carbon pools in biomass and
dead wood increased by 19.20% and 14.67%, respectively, while those in litter and soil decreased by
3.17% and 0.21%, respectively. These results indicated a higher total carbon stock than CSFT, despite
the reduction of carbon stocks in litter and soil with CSSP. The total carbon stocks of the tree species
increased, with the exception of P. densiflora (Gangwon), P. densiflora (Jungbu), P. rigida, and L. kaempferi
in coniferous forests, and Q. mongolica in deciduous forests. The CO2 removal for CSSP was 60,648 Gg
CO2, with an uncertainty of 22% (Figure 3). Estimated by species (CSSP), CO2 removal value was about
1.24 times greater than that estimated by forest type (CSFT).

Figure 2. Total carbon stock in each approach. IPCCEF: Intergovernmental Panel on Climate
Change (IPCC) default emission factors, CSFT: country-specific emission factors by forest type, CSSP:
country-specific emission factors by species.
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Figure 3. CO2 removals (+) and emissions (−), and their uncertainty (UC) in each approach.
C: coniferous forest, D: deciduous forest, IPCCEF: Intergovernmental Panel on Climate Change (IPCC)
default emission factors, CSFT: country-specific emission factors by forest type, CSSP: country-specific
emission factors by species.

4. Discussion

4.1. Development and Implications of Country-Specific Emission Factors

Using country-specific emission factors can complement other methods of national greenhouse
gas inventory reporting and thereby offer improved accuracy. The IPCC [3] report a basic wood density
(D) that ranges from 0.31 to 0.49 for coniferous species and 0.35 to 0.58 for deciduous species; however,
our results yielded a basic wood density for deciduous forest that ranged from 0.46 to 0.83. Similarly,
Kim et al. [23] found that the basic wood density of deciduous species ranged from 0.58 to 0.88 in
Korean forests. Past studies have consistently found that basic wood density is higher in deciduous
forests than in coniferous forests [3,23,24]. In the IPCC guidelines, the BEF ranges from 1.15 to 4.2 for
coniferous species and from 1.15 to 3.2 for deciduous species in temperate regions. Although the IPCC
and some other studies have found that BEF can depend on stand age and structure [3,24–26], we did
not consider stand age in this study because other researchers have reported that BEF is not dependent
upon stand age, but instead reflects stand density, which affects crown density [27,28]. Our results for
R were also similar to those from previous studies at global and regional scales [3,23,28]. Additionally,
the IPCC [3] report R ranges of 0.23–0.46 for coniferous species and 0.24–0.45 for deciduous species.

The IPCC guidelines do not stipulate default values in regard to the carbon stock of soil and dead
organic matter, which do not change in the Tier 1 method; therefore, comparison with our results
was not possible. The litter carbon stock was similar to the ranges indicated by previous studies
focused on Korean forests; for example, Kim et al. [29] reported that the litter carbon stock (Mg C/ha)
in Korean forests ranges from 6.7 to 8.5 for pine forests, 4.6 to 5.0 for oak forests, and 6.5 to 7.0 for
larch forests [29]. Other studies have reported litter carbon stocks of 7.2 for coniferous forests and
4.8 for deciduous forests at the national scale [11], as litter carbon stocks are generally given to be
higher for coniferous species than for deciduous species [11,29]. Furthermore, the literature shows
that litter carbon stock is influenced by the varying composition and decomposition rates of different
species [30,31]. Our study showed that litter carbon stock was highest for P. densiflora (Jungbu) in
coniferous species. Moreover, we found that there was a large degree of variation between forests in
terms of soil and deadwood carbon stocks. Another study focusing on L. kaempferi reported that carbon
stocks (t C/ha) ranged from 45.43 to 165.48 in soil and from 0.1 to 3.4 in deadwood [32]; another study
reported that soil carbon stocks were 83.2 t C/ha in deciduous forests and 59.1 t C/ha in coniferous
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forests at the national scale [11]. Although there was a large degree of variation in the carbon stock
values for soil and dead organic matter, our results are nevertheless within the range of results from
previous studies. Furthermore, our results have been verified by GIR for the period 2013 to 2017,
except for carbon stocks in deadwood, and this implies that the results are appropriate for use as
country-specific emission factors in South Korea.

Most of the uncertainty levels for the emission factors of each carbon pool, except for deadwood,
were estimated to be in the range of 10 to 40%, which is consistent with findings from previous
studies [3,33]. The uncertainty levels for the deadwood were high in Q. acuta due to small sampling
plots from NFI as Q. acuta occupied a small area in South Korea. In the EU, most countries use
emission factors constructed from country-specific studies, although other countries continue to apply
international studies or IPCC default emission factors. This trend is promising, as country-specific
studies lead to more accurate estimations of carbon stocks in comparison with the use of IPCC default
emission factors [34]. Additionally, it is difficult to estimate uncertainty when using IPCC default
emission factors, due to the lack of statistical information. However, if country-specific emission
factors are used, the uncertainty surrounding emission factors can be estimated. Therefore, it is
considered good practice that countries use country-specific emission factors for national greenhouse
gas inventory reporting [3].

4.2. Carbon Stocks and Their Changes for Use in National Greenhouse Gas Inventory Reporting

In this study, we estimated the carbon stocks in biomass, soil, litter, and deadwood for use
in national greenhouse gas inventory reporting. The removal amount (expressed in Gg CO2)
varied from 42,067 to 60,648 per year, depending upon which of the three approaches was
used. These results—specifically the increase of total carbon stocks in biomass and deadwood,
which accounted for more than 50% of forest carbon storage—have shown that South Korean forests
have stored carbon and absorbed CO2. According to the NFI survey period, the age class was found to
have increased [35], which would have affected the carbon stocks of biomass and deadwood, consistent
with findings from studies based on forests in China and the US [36,37]. Large stocks of woody debris
commonly occur in mature forests that have a large amount of living biomass [38]. However, forest
age is also expected to affect the amount of woody debris at the local scale, and often a greater amount
of woody debris is found in young growth stands than in other stands [39].

The CO2 removal based on the CSFT was about 1.16 times higher than that based on the IPCCEF.
The application of country-specific emission factors would reflect national circumstances [2] and
improve accuracy over IPCC default emission factors, despite differences in previously reported CO2

removal rates (48,507 Gg CO2 per year) for forests [5]. These differences are due to the estimate of all
carbon pools when estimating carbon stocks in Korean forests. We estimated soil and dead organic
matter using the country-specific emission factors and NFI data as a way to improve the completeness
of the national greenhouse gas inventory system for the forest sector. In terms of methodology,
this difference might be due to using three year moving average data [2,3,5] in contrast to this study,
which used single year data.

The application of country-specific emission factors for each species (CSSP) yielded different results
from the application of country-specific emission factors for forest type (CSFT). These differences were
reflected in changes of area for each species and differences in their carbon stocks from NFI data.
In particular, the total growing stock for P. rigida has decreased during last five years, consistent with
reporting that area of P. rigida has decreased owing to age [40]. The species also has high biomass
emission factors, which would have an effect on the overall amount of CO2 removal (Table 2).

According to the IPCC, the CSFT and CSSP approaches represent higher-level inventory reporting
systems than the IPCCEF, which lacks the accuracy and completeness of CSFT and CSSP. The CSFT

estimate reflects a simple difference between two forest types, whereas the CSSP is based on several
consecutive change estimates from permanent plots by species. The use of CSSP would improve
accuracy in regard to growing stock, as in the case of Finland [9]. Most EU countries could use their
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NFIs, which provide information on aboveground biomass [34]. Aboveground biomass is derived
from growing stock, which is collected by NFIs. Additionally, other carbon pools may also be based on
the data collected in NFIs.

The CS approach has lower uncertainty that does the IPCC approach. While the CSSP approach
has higher uncertainty that does the CSFT approach, the uncertainty is in regard to precision rather
than accuracy [3,41]. The total uncertainty of net CO2 removal was high owing to the high uncertainty
of soil and dead organic matter despite the low uncertainty in biomass. The CSSP, which appears to
be a more complementary and accurate estimation method, includes the estimation of carbon stock
changes by tree species. With increasing coverage of the inventory, there is increasing accuracy in
terms of the estimated total greenhouse gas emissions, even though the precision of estimated of net
emissions might decrease [41].

In order to achieve accuracy and completeness, Annex I countries should also report CO2 removals
and emissions for all carbon pools using country-specific emission factors and models [9,42]. The results
of this study are applicable to the improvement of greenhouse gas inventory systems in regard
to domestic forests; furthermore, they provide information in regard to greenhouse gas inventory
methodology to countries that do not yet have country-specific emission factors. However, it is also
necessary to review the Tier 3–level reporting detailed in the UNFCCC report. In addition, an annual
land-use change matrix should be established to improve the accounting of changes in carbon stocks
for national greenhouse gas inventory systems.

5. Conclusions

The purpose of this study was to examine the methodology for enhancing the completeness
and accuracy of national greenhouse gas inventory reporting using Korean forest survey data.
The application of country-specific emission factors gave an estimated CO2 removal value that was
1.2 times greater than for the IPCC default emission factors. In order to improve completeness and
accuracy, we estimated CO2 absorption by all carbon pools and each tree species, which gave a result
of 60,648 Gg CO2 per year with 22% uncertainty. Despite the reduction in total forest area, forests still
store carbon and absorb CO2 owing to differences in the carbon storage capacities of several species.
Our results will aid in the development of South Korea’s greenhouse gas inventory systems—or those
of countries without country-specific emission factors—by improving the calculation of carbon stocks
and CO2 removal by species. However, it would be necessary to construct a land use change matrix,
after which our study would be useful for the implementation of Tier 2–level national greenhouse gas
inventory systems, as recommended by the IPCC.
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