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Abstract: This study investigates the impact of eggshell particle size and solid-to-water (s/w) ratio on
lead (Pb2+) removal from aqueous solution. Collected raw eggshells were washed, crushed, and sieved
into two particle sizes (<150 and 150–500 µm). Batch Pb2+ removal experiments were conducted at
different s/w ratios with initial Pb2+ concentrations of up to 70 mg/L. The contribution of precipitation
to Pb2+ removal was simulated by quantifying removal using eggshell water, whereas sorbed
Pb2+ was quantified by acid digestion. Results indicated that eggshell particle sizes did not affect
Pb2+ removal. High removal (up to 99%) of Pb2+ was achieved for low initial Pb2+ concentrations
(<30 mg/L) across all s/w ratios studied. However, higher removal capacity was observed at lower
s/w ratios. In addition, results confirmed that precipitation played a major role in the removal of
Pb2+ by eggshells. Yet, this role decreased as the s/w ratio and initial concentration of Pb2+ increased.
A predictive relationship that relates the normalized removal capacity of eggshells to the s/w ratio
was developed to potentially facilitate the design of the reactor.

Keywords: Pb2+ removal; sorption; precipitation; waste recycling; removal mechanisms;
solid-to-water ratio

1. Introduction

The presence of lead (Pb2+) in industrial wastewater has become a noteworthy source of water
pollution and poses a significant health hazard to humans [1]. Physiological damage to human kidneys,
liver, brain, and nervous system can happen as a result of ingesting levels of Pb2+ higher than the
body’s tolerance [2]. In addition, elevated levels of Pb2+ in the human body have been shown to have
negative health effects including fatigue, a decreased reproductive ability, problems in the digestive
tract, and anemia [1,3]. In fact, sterility, stillbirths, and neonatal deaths are associated with constant
exposure to Pb2+ [1]. Pb2+ poisoning is especially dangerous for children, as high levels of Pb2+

in the blood stream are associated with depression of brain development and cognitive skills [4–6].
Pb2+ poisoning can be contracted by humans through polluted drinking water, ingestion from food,
inhalation of contaminated dust, or occupational exposure [1,2,4,6–9]. It can infiltrate and contaminate
the water sources, and from there, contaminate every level of the food chain [1,2,10]. It has been
difficult to scientifically specify a level under which Pb2+ is no longer associated with negative health
effects, therefore many jurisdictions focus on the ability of treatment technologies to completely remove
Pb2+ from water. The maximum acceptable concentration of Pb2+ in drinking water is becoming more
stringent, with some jurisdictions assigning a level as low as 5 µg/L [11], while the US EPA has set the
maximum contaminant level goal for Pb2+ in drinking water at zero but an action level at 15 µg/L [12].
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Sources of Pb2+ in water originate mainly from industrial activities such as mining, smelting,
printing, and metal plating. In addition, manufacturing of batteries, paints, alloys, ceramic glass,
and plastics contribute to increased Pb2+ pollution in water bodies [1]. Wastewater from battery
manufacturing contains, on average, a Pb2+ content of 0.5–25 mg/L [13–16]. Regulations for industrial
effluent discharge or reuse vary considerably between different jurisdictions. Certain jurisdictions
specify a maximum Pb2+ level for discharge of effluent wastewater into the environment; this level can
be as low as 0.1 mg/L (Saudi Arabia and Oman) or as high as 1 mg/L (Tunisia) [17].

Several methods were proposed and investigated for the removal of Pb2+ from industrial
wastewater including ion exchange, filtration and membrane processes, electro-dialysis,
chemical precipitation, solvent extraction, and chemical coagulation [1,2]. In addition,
electrocoagulation, membrane electrodialysis, and biosorption were also employed for Pb2+

removal [14]. A widely used method for Pb2+ removal from industrial wastewater is to precipitate
Pb2+ with caustic soda at a pH 8.5–9.2 in the presence of Fe (III) salts, followed by the addition of a
polyelectrolyte, which facilitates the flocculation of the Pb2+ precipitate. The effluent is further treated
with sedimentation and filtration, after which the Pb2+ concentration is reduced to the legal allowable
limit [16]. Sorption by activated carbon is also a convenient and efficient treatment method. However,
the use of commercial activated carbon for sorption can be costly [18]. Therefore, there is an increasing
need to re-use biowaste in wastewater treatment [19]. Many studies have focused their efforts on
deriving substitute sorbents from waste materials, particularly agricultural waste [20]. This not only
helps to reduce the cost of sorbents, but it also helps recycle agricultural waste. Waste materials
that have been used for Pb2+ removal include: Chlorella vulgaris, chicken feathers reinforced with
chitosan, cow bone, leather, coconut shell, peach and apricot stones, Alocacée shell, Mimosaceae husk,
and Burseraceae sawdust [1,21–25].

Eggshells are an example of an agricultural waste that could be used for Pb2+ removal. In fact,
the per capita consumption of eggs in the United Arab Emirates (UAE) was 8.3 kg in 2013 [26].
Previous research reported that eggshells consist of (weight %) calcium carbonate (94%), magnesium
carbonate (1%), calcium phosphate (1%), and organic matter (4%) [27]. Eggshells were studied for
removal of various pollutants from water, including heavy metals such as copper, iron, cadmium,
and Pb2+ [28–33]. Other work investigated the removal of dyes such as C.I. Reactive Yellow 205,
methylene blue, and malachite green using eggshells [34–36]. However, few of these studies provided
a detailed investigation of the mechanisms responsible for contaminant removal. It is plausible that,
in addition to sorption, other removal mechanisms could be responsible for contaminant removal
when using a naturally occurring material as a sorbent. Such mechanisms include ion exchange,
as reported by Andersson et al. [37] for the removal of heavy metals from water onto the calcite surface,
precipitation [38–40], or surface reactions [41]. However, only few studies investigated the impact of
operation conditions (eggshell particle size and dose) on the mechanisms of Pb2+ removal. Nonetheless,
existing literature on the use of eggshells for Pb2+ removal acknowledged that precipitation and sorption
occurred [13,28,30,42]. However, the reviewed studies offer no quantification of the contribution of
each mechanism, i.e., precipitation and sorption, which is an important aspect of process design.

Therefore, the objectives of this study were twofold: first, to identify the mechanisms responsible
for the removal of Pb2+ from aqueous solutions using eggshells and to quantify the contribution of
each of these mechanisms towards total removal. The authors were specifically interested in isolating
the role of precipitation from surface attachment. While surface attachment may take different forms
(i.e., sorption, ion exchange, complexation, etc.), for simplicity, it is referred to as sorption from here
on. The second objective was to investigate the impact of the applied eggshells mass-to-solution
volume ratio on Pb2+ removal. Results of this study provide novel and beneficial information for the
design of eggshell reactors for optimal removal of Pb2+, while also contributing to sustainable waste
management by recycling eggshell material to treat wastewater.
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2. Materials and Methods

A general framework for investigating and characterizing the use of biowaste materials for
treatment and contaminant removal was previously published [19]. In this study, the framework is
applied to carry out a mechanistic study of the removal of Pb2+ from aqueous solutions using eggshells
(Figure 1).
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Figure 1. Summary of applied methodology.

2.1. Materials

Hanna Instruments 0.1M standard Pb2+ solution (HI4012-01) was used to prepare all Pb2+ solutions
throughout this study. The required amount of standard Pb2+ solution was diluted in ultrapure water
(Milli-Q® IQ 7000 Ultrapure, Merck, Darmstadt, Germany) as required to prepare the needed Pb2+

concentrations. In addition, H2SO4 (95–97% assay), ethanol (95% purity), phenolphthalein (Riedel-de
HaënTM, indicator grade, Honeywell International Inc., Charlotte, NC, US), and methyl orange
powder (FlukaTM, indicator grade, Honeywell International Inc., Charlotte, NC, US) were used for
alkalinity measurements.

2.2. Preparation of Eggshells

Eggshells were collected from a local restaurant in the city of Al Ain, UAE. Two batches were
collected from the restaurant across a period of two weeks; each batch contained the eggshells collected
by the restaurant for the week. All batches of collected eggshells were then mixed and rinsed several
times with deionized water to wash away any impurities. They were then dried at 100 ◦C for 24 h
in a conventional drying oven (ULE 400, Memmert, Schwabach, Germany). The eggshells were then
ground with a pulverizer (LC-53, Gilson Company Inc., Lewis Center, OH, USA). The distance between
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the blades was set at about 0.7 mm to obtain particles in the range of 0.8–1.0 mm. This particle size
was required to help physically remove the inner membranes. The eggshell inner membranes were
then removed by soaking the eggshells in deionized water and mixing them, after which the inner
membranes floated to the top and were physically removed. The eggshells were then rinsed several
times to remove any residual membranes, dried again in the oven for 24 h at 100 ◦C, and further
ground in the pulverizer. Subsequently, the obtained particles were sieved using stainless steel ASTM
test sieves (Gilson Company Inc., Lewis Center, OH, USA). The resulting eggshells were classified into
4 groups depending on size, namely <150 µm, 150–500 µm, 500–800 µm, and >800 µm. The ground
eggshells were stored in plastic sealable bags at room temperature until use.

2.3. Eggshells Characterization

The powdered eggshells were characterized to evaluate their potential performance for Pb2+

removal. Eggshell particles underwent nitrogen gas adsorption for characterization of their surface
area and porosity. This was carried out with a Quantachrome Autosorb-1-C volumetric gas sorption
instrument at 77K. Before measurements, samples were degassed at 150 ◦C for one hour. Further,
Brunauer–Emmett–Teller (BET) theory was used to calculate surface area, and pore size distributions
were determined by the Barett–Joyner–Halenda (BJH) model based on the desorption branch of the
N2 isotherms. Fourier-transform infrared (FTIR) spectroscopy and scanning electron microscopy
(SEM) analyses were used to investigate the changes to the microstructure of eggshells as a result of
Pb2+ removal, as will be discussed in detail in Section 2.8. Based on the results of eggshell particles
characterization, it was decided to use only two particle sizes (<150 µm of d50 = 75 µm and 150–500 µm
of d50 = 300 µm) in the Pb2+ removal experiments, as they had the highest surface area. In addition,
the study focused on particle size 150–500 µm, which was thought to be more practical and feasible to
scale to column studies.

2.4. Pb2+ Removal Experiments

For all Pb2+ removal batch experiments, Pb2+ solutions at the desired concentrations were prepared
as stock solutions from which sample volumes of 50 or 100 mL were obtained. Specific amounts of
crushed eggshell powder were added to the samples to achieve the desired solid-to-water (s/w) ratio.
Samples were then subject to shaking in a water bath shaker (MaXturdy 18, Daihan Scientific Co.,
GANG-WON -DO, South Korea) at a temperature of 25 ◦C and rotational speed of 150 rpm. If required,
they were filtered using syringe filters (Thermo ScientificTM, PTFE, 0.45 µm, 25 mm). Measurements of
Pb2+, Mg2+, and Ca2+ concentration in solution were taken by Varian ICP-OES 720 ES with standards
by Chem-LabTM, Belgium. A Thermo ScientificTM OrionTM 3-star pH meter was used to carry out pH
measurements. Alkalinity was measured by titration, according to method 2320 [43].

For all the experiments explained in the sections below, samples were analyzed in triplicate,
and the coefficient of variation for Pb2+ concentration ranged from 0.3% to 8.4%. Average readings for
the initial and final Pb2+ concentrations were used to calculate the capacity of removal (m in mg/g),
regardless of the mechanism of removal, as shown in Equation (1): where V is the volume of solution
used (L), M is the mass of eggshells used (g), C0 is the initial Pb2+ concentration (mg/L), and Ce is the
final (equilibrium) Pb2+ concentration (mg/L). The removal percentage of Pb2+ was also calculated
using Equation (2).

m =
(C0 −Ce)V

M
(1)

Pb2 + removal (%) =
(C0 −Ce)

C0
× 100 (2)

2.5. Preliminary Investigation of Pb2+ Removal

A screening experiment was conducted to determine the adequate contact time (until equilibrium)
and to demonstrate the potential of eggshells for Pb2+ removal. At an s/w ratio of 1:200, eggshells were

210



Water 2020, 12, 2517

added to Pb2+ solutions of concentrations 0 to 70 mg/L for a contact time of 2 h. To help theorize the
removal mechanisms involved, other parameters besides Pb2+ were monitored including pH, alkalinity,
Ca2+, and Mg2+.

To investigate the potential precipitation of Pb2+ due to the presence of dissolved carbonates
and bicarbonates, stock solutions of 1000 mg/L of Na2CO3 and NaHCO3 were prepared and then
left to react with Pb2+ in solution. One milliliter of the 1000 mg/L Na2CO3 stock solution was added
to the 20 mg/L (0.19 meq/L) of Pb2+ solution and filled to the 100 mL mark in a volumetric flask.
The resulting solution had a concentration of 10.07 mg/L (0.19 meq/L) Na2CO3. Furthermore, 1.62 mL
of the 1000 mg/L Na2CO3 solution was added to the 20 mg/L Pb2+ solution and filled to the 100 mL
mark in a volumetric flask, leading to a solution of 16.2 mg/L (0.19 meq/L) NaHCO3. These solutions
were then left for 2 h to observe any precipitation of Pb2+ by CO3

2− or HCO3
−. Resulting solutions

were then filtered and the Pb2+ concentration, pH, and total alkalinity were measured before and after
the addition of Na2CO3 and NaHCO3.

2.6. Effect of Particle Size and s/w Ratio on Removal of Pb2+

In order to investigate the effect of eggshell particle size and s/w ratio on the removal of Pb2+,
500 mL of Pb2+ solutions of 0 to 70 mg/L were prepared and their initial pH, Ca2+, Mg2+, and Pb2+

concentrations were measured. Then, 100 mL of each solution was added to 0.5 g of eggshells of
particle size 150–500 µm, giving an s/w ratio of 1:200. The samples were shaken for 2 h then filtered.
The filtrate was then analyzed for pH, alkalinity, Pb2+, Ca2+, and Mg2+ concentration. This process
was also repeated for an s/w ratio of 1:100, 1:1000, and 1:2000 for eggshells of particle sizes 150–500 µm
and <150 µm. This process is detailed in Figure 2.
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Figure 2. Experimental design for investigating the impact of solid-to-water (s/w) ratio and particle
size on Pb2+ removal.

2.7. Differentiation between Removal of Pb2+ by Sorption and Precipitation

To elucidate the role of sorption versus precipitation in Pb2+ removal by eggshells,
these mechanisms have to be isolated. To do so, eggshells used in the previous experiment (Figure 2)
with an s/w ratio of 1:2000 and Pb2+ concentrations 0 to 60 mg/L were collected and separated from
the solution with a sieve (number 120 mesh size 125 µm). The solution passing through the sieve
was filtered through a 0.45 µm membrane, and a portion of the filtrate was used to rinse the eggshell
particles to remove any Pb2+ precipitate on the surface. The eggshells were then dried in an oven at
60 ◦C for 16 h, and then subjected to ICP analysis after undergoing acid digestion according to method
3050B [44]. This was carried out to directly measure the amount of Pb2+ sorbed on the surface of the
eggshells. The exact amount of Pb2+ sorbed was calculated using mass balance after accounting for the
amount present in the water film originally surrounding the wet eggshells.
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Another experiment was conducted to quantify the removal of Pb2+ by precipitation using eggshell
extracts at different s/w ratios. A volume of 600 mL of eggshell water (ESW) with an s/w ratio of 1:200
was prepared using 150–500 µm eggshells. The mixture was mixed for 2 h in a water bath shaker at
150 rpm and 25 ◦C. The mixture was then decanted and filtered. The filtrate gave an ESW sample,
which was used in the preparation of Pb2+ solutions. The pH, alkalinity, Ca2+, and Mg2+ concentration
of the ESW were measured. The ESW was then used to prepare 50 mL solutions of concentrations
0 to 70 mg/L Pb2+. The solutions were mixed again for 2 h. Subsequently, they were filtered and
analyzed for alkalinity, pH, Ca2+, Mg2+, and Pb2+ concentration. This process was repeated for the
same eggshell size using an s/w ratio of 1:2000. This process is detailed in Figure 3.
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Figure 3. Experimental design for investigation of removal of Pb2+ in eggshell water (ESW).

2.8. Microstructure Characterization of Pb2+ Removal

FTIR and SEM analyses were used to investigate the changes in functional groups and morphology
of selected eggshells post-exposure to Pb2+ and examine the removal mechanisms. FTIR spectroscopy
was carried out on raw eggshells using a Shimadzu, IR-Prestige-21 spectrometer in transmittance
mode at a resolution of 4 cm−1 from 500 to 4000 cm−1. Similarly, it was performed on typical used
eggshells after Pb2+ removal in a solution of 40 mg/L Pb2+ and an s/w ratio of 1:200. Samples were
formulated by pulverizing eggshells into a powder, which was then sieved through an 80-micron sieve
to remove coarse particles. Obtained powder samples were mixed with potassium bromide at a 3:1
ratio, by mass, and made into pellets for FTIR testing.

A JEOL-JSM 6390A scanning electron microscope was used to examine the morphology of
eggshells with a particle size of 150–500 µm before and after Pb2+ removal. Pb2+ solutions of 20 mg/L at
s/w ratios of 1:200 and 1:2000 were utilized. To separate the eggshells from the solution, the mixture
was passed through a 125-micron sieve, rinsed with deionized water to remove any precipitated solids
on the eggshell surface, and dried in the oven at 100 ◦C for 24 h. Samples were sputter-coated with a
thin gold layer and examined in high-vacuum mode at 15 kV and magnification ranging from 100–1000.
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3. Results and Discussion

3.1. Raw Eggshells Characterization

Removal of contaminants from solution by a biomass material depends on the material’s surface
area and accessibility to active sites [45]. Nitrogen adsorption curves were used to evaluate the
surface area according to BET theory, while N2 desorption curves were used to evaluate the pore size
distributions based on the BJH model. The results are presented in Table 1 and Figure 4. As expected,
the surface area was found to decrease with increasing eggshell particle size. It is worth noting that
the BET surface area for eggshells was found to be comparable to the surface areas of other types of
biomass used for sorption, as olive stones, tomato husks, and Bacillus badius (Table 1). In addition,
the surface area of eggshells found in this study for particle size <150 µm, 0.977 m2/g, was similar
to that reported by Tsai et al. [35] for eggshells of particle size 77 µm, 1.023 m2/g. Figure 4 shows a
representative curve for the nitrogen adsorption of eggshells of particle size <150 µm; the eggshells
follow a type II isotherm with negligible hysteresis. This indicates a lack of affinity between eggshells
and N2 molecules [35]. The N2 adsorption isotherm signifies poor pore properties, owing possibly to a
non-porous surface. Tsai et al. [35] also reached a similar conclusion when analyzing eggshells.

Table 1. BET and Langmuir surface area calculations of biowaste material at various particle size ranges.

Material Size (µm) Surface Area
(m2/g)

Pore Volume
(103 cm3/g) Pore Size (nm) Reference

Eggshells <150 0.977 3.544 14.8 This work
150–500 0.056 - - This work

Eggshells 77.9 1.023 6.5 - [35]
Olive stones <1000 0.163 1.84 45.302 [46]

Tomato husks 75–150 0.68 0.0015 - [47]
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Figure 4. Nitrogen adsorption isotherm curves for eggshell powder of particle size <150 µm.

The thermogravimetric analysis of raw eggshells has been examined in previous studies [48–50].
Such analysis highlights the change in eggshell powder mass with temperature and gives an indication of
its composition. There is general agreement that the decomposition of raw eggshells with temperature
has two regions of mass loss. In the first region, a minor mass loss (around 3%) indicates the
decomposition of organic matter and occurs from 100 to 550 ◦C. Meanwhile, in the second region,
a major mass loss (around 40%) takes place at higher temperatures up to 850 ◦C, signifying the
decomposition of calcium carbonate [48–50].
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3.2. Preliminary Pb2+ Removal Experiments

A screening experiment of removal with time indicated that Pb2+ removal happened over a
short time period. The experiment was done using an initial Pb2+ concentration of 100 mg/L and
s/w ratio of 1:100; measurements of Pb2+ concentration were taken at 30 min and every hour for 6 h.
Little differences in removal were observed after 30 min of contact time. Therefore, to ensure equilibrium
status is achieved, 2 h was chosen as the contact time for all further experiments. Another screening
experiment was conducted to investigate the capacity of eggshells for Pb2+ removal at an s/w ratio of
1:200. The results indicated that eggshells showed a good potential for Pb2+ removal compared to
previously investigated biowaste materials [1,23,46]. A removal capacity (m) of 8.18 mg/g (pH = 5.9)
was found for an initial Pb2+ concentration of 70 mg/L, at which an equilibrium aqueous concentration
of 29.5 mg/L was reached. During the analysis of Pb2+ solution after contact with eggshells, it was
noticed that Ca2+ and Mg2+ were released into the solution by eggshells. Therefore, it was hypothesized
that there could be other removal mechanisms, in addition to sorption, which could be responsible
for the removal of Pb2+. Previous studies have noted that Pb2+ precipitation due to reaction with
carbonates could play a role in Pb2+ removal [51,52].

To confirm the potential precipitation of Pb2+ due to reaction with carbonates, an investigation
was conducted to determine the extent of Pb2+ precipitation by reaction with CO3

2− and HCO3
−.

NaHCO3 and Na2CO3 were added to 20 mg/L Pb2+ solution. As expected, the pH and alkalinity of
Na2CO3 and NaHCO3 solutions decreased when added to a Pb2+ solution. Indeed, immediately after
the addition of Na2CO3, the pH was 8.29 and then decreased to 6.09, and alkalinity dropped from
14 to 11 mg/L as CaCO3. Similarly, after the addition of NaHCO3, the pH decreased from 7.31 to 5.94
and the alkalinity dropped from 16 to 5.6 mg/L as CaCO3. The drop in alkalinity was accompanied by
a drop in Pb2+ concentration from 23.66 to 0.75 and 2.53 mg/L for Na2CO3 and NaHCO3 solutions,
respectively. This indicates that alkalinity was consumed and Pb2+ was precipitated upon contact with
CO3

2− and HCO3
−. These findings provide evidence that Pb2+ is precipitated by carbonates that are

released by eggshells in solution.

3.3. Effect of Particle Size and s/w Ratio on Removal of Pb2+

The method outlined in Section 2.6 was used to investigate the effect of s/w ratio and particle
size on the eggshell capacity for Pb2+ removal. The results, presented in Figure 5, show that eggshell
particle size generally did not have a measurable effect on the removal capacity, but a higher removal
capacity was achieved with the smaller particle size (<150 µm) at high initial Pb2+ concentrations
(>50 mg/L). This effect at a higher initial concentration of Pb2+ was observed in previous studies where
m decreased with the increase in eggshell particle size [42], or with the increase in the particle size of
calcite and aragonite [51]. Despite the large difference in the surface area of the two eggshell sizes
used in this study (Table 1), a rather insignificant difference in the eggshell capacity for Pb2+ removal
was noticed between the two sizes for initial Pb2+ concentrations below 50 mg/L (Figure 5). However,
eggshell particle size could result in a significantly lower removal capacity for larger particles and
higher initial Pb2+ concentration.

Furthermore, the removal capacity of eggshells decreases as the s/w ratio increases; at s/w ratios
1:1000 and 1:2000, the removal capacity is higher than that for ratios 1:100 and 1:200 (Figure 6). If the
removal of Pb2+ is due to sorption, then a decrease in the eggshell removal capacity with the increase
in the s/w ratio may be due to less effective mixing at a higher density of eggshells in the solution
causing reduced accessibility to sorption sites. On the other hand, if the removal of Pb2+ is due to
precipitation, then a decrease in the eggshell capacity with the increase in the s/w ratio could be due
to a decreased dissolution of CaCO3 per unit mass of eggshells at higher s/w ratios. In addition,
if precipitation occurs on the eggshell surface (microprecipitation) then less sites become available for
sorption. In this batch experiment mode, the highest removal capacity was found to be about 70 mg/g
which occurred for particle size <150 µm at an s/w ratio of 1:2000 and an initial Pb2+ concentration
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of about 60 mg/L. Furthermore, high percentage removals (up to 99%) were achieved for low Pb2+

concentrations (<30 mg/L) across all s/w ratios studied (not shown here). The low concentration of
solute ensured high removal.
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Figure 5. Removal of Pb2+ versus initial Pb2+ concentration for particle size 150–500 µm and <150 µm
at (a) s/w ratio 1:1000 (pH increased from 5.49 (SD 0.25) to 8.64 (SD 0.64) for particle size <150 µm and
from 5.49 (SD 0.25) to 6.92 (SD 0.67) for particle size 150–500 µm) and (b) s/w ratio 1:2000 (pH increased
from 5.49 (SD 0.25) to 6.89 (SD 0.72) for particle size <150 µm and from 5.49 (SD 0.25) to 6.86 (SD 0.72)
for particle size 150–500 µm).
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Figure 6. Removal capacity of eggshells for Pb2+ removal as a function of initial Pb2+ concentration
and s/w ratio for particle size 150–500 µm (pH increased from 5.76 (SD 0.48) to 8.35 (SD 0.27) for s/w
ratio 1:100; from 5.71 (SD 0.37) to 7.94 (SD 1.06) for s/w ratio 1:200; from 5.49 (SD 0.25) to 6.92 (SD 0.67)
for s/w ratio 1:1000; and from 5.49 (SD 0.25) to 6.86 (SD 0.72) for s/w ratio 1:2000).

Previous studies (Table 2) showed variations in the capacity of eggshells employed for Pb2+

removal, with values as low as 0.12 mg/g [29] to as high as 156 mg/g [42]. Such variations could
be due to differences in the experimental conditions employed, including differences in the initial
concentration, particle size, and s/w ratio. However, these studies only included one s/w ratio in their
investigation. As demonstrated in this study, the s/w ratio has a significant impact on the removal
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capacity (m). To gain insight into the effect of s/w ratio, normalized removal capacity (m/C0) is plotted
versus s/w ratio as shown in Figure 7. Normalized capacity values for each s/w ratio used in this study
were obtained from the slope of the best fit line with zero intercept of the corresponding data set
presented in Figure 6. Data from previous studies [28–30,42] were superimposed for comparison
purposes. Since these previous studies only included one s/w ratio in their investigation, an average
value of the slope (m/C0) was taken for each study. One study by Soares et al. [30] showed a decreasing
trend of (m/C0) with the increase in C0 and therefore the selected data points (Figure 7) represent those
before a plateau for removal capacity (m) was reached. The data of Figure 8 show a linear trend on a
log–log scale.

Table 2. Eggshell capacity for removal of Pb2+ as reported by other studies.

Study Eggshell Size (µm) s/w Ratio pH C0 (mg/L) m (mg/g)

[42] a 750 1:500 5.0 523, 1045 156
[28] <1000 1:40 5.5 10–150 2.24

[30] b <500 1:100 5.0 100–1435 12.9
[29] 210–400 1:40 NA 3 0.12

a Only the results for the 750 µm particle size are considered here. b Considered values represent those before a
plateau for removal capacity was reached.

From Figure 7, it is clear that the impact of the s/w ratio is significant. The best fit relationship
for the data in Figure 7 is given in Equation (3). The relation shows that the slope (m/C0) is almost
inversely proportional to the s/w ratio. Equation (3) is valid only in the range of the s/w ratio presented
in Figure 8 and before the removal capacity of eggshells (m) reaches a plateau, and for particle size
<1 mm.

log( m/C0 ) = − 0.933 log(s/w ratio) − 2.9 R2 = 0.99 (3)
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The predictive relationship (Equation (3)) could be used in designing batch reactors utilizing
eggshells for Pb2+ removal from wastewater. Specifically, this relationship could be used to optimize
the design conditions and configuration of the batch reactors (single versus sequential batch reactors).
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For example, based on Equation (3), 250 kg of eggshells would be required to reduce Pb2+ concentration
from 55 to 1 mg/L with a reaction time of 2 h for 10 m3 of contaminated water if one batch reactor
is used. However, if two or three batch reactors in series were to be used, the mass of eggshells
would be reduced to 80 and 12 kg, respectively, with a reaction time of 2 h for each reactor. Thus,
using multiple reactors in series reduces the required mass of eggshells and consequently reduces the
mass of generated waste. However, the use of multiple reactors as compared to a single reactor would
entail higher construction and operation costs. As such, Equation (3) could serve as a guide to reach an
optimal system design subject to economic and environmental constraints.
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Figure 8. Comparison of percentage Pb2+ removal using eggshells of size 150–500 µm and ESW at (a)
s/w ratio 1:200 (pH increased from 5.71 (SD 0.37) to 7.94 (SD 1.06) with eggshells, whereas with ESW the
pH instantly drops from 9.36 (ESW only) to 6.18 (SD 0.75) right after mixing with lead solution) and (b)
s/w ratio 1:2000 (pH increased from 5.49 (SD 0.25) to 6.86 (SD 0.72) with eggshells, whereas with ESW
the pH instantly drops from 9.36 (ESW only) to 6.06 (SD 0.51) right after mixing with lead solution).

3.4. Differentiation between Removal of Pb2+ by Sorption and Precipitation

To study the removal of Pb2+ by precipitation, the method outlined in Section 2.7 was followed.
The percentage of Pb2+ removal as a function of the initial Pb2+ in solution (C0) is presented in Figure 8.
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The figure compares the total Pb2+ removal obtained when eggshells were physically in solution and
Pb2+ removal due to precipitation with eggshell water (ESW). Clearly, precipitation plays a major role
in the removal of Pb2+ by eggshells. At a low initial concentration, Pb2+ removal could entirely be
attributed to precipitation due to the presence of carbonates in the solution. However, the role of
precipitation is reduced as the s/w ratio and initial concentration of Pb2+ become higher (Figure 8a).
The difference between the removal in the two cases (eggshells and ESW) could be attributed to sorption.
However, it was observed that aqueous Ca2+ in equilibrium with eggshells increased with the increase
in initial Pb2+ concentration, while alkalinity remained almost constant (Figure 8a). The level of Ca2+,
in the case of ESW, remained the same at 8.3 and 7.5 mg/L for s/w ratios 1:200 and 1:2000, respectively,
at all initial Pb2+ concentrations. Thus, comparison between Pb2+ removal with ESW versus that of
eggshells may provide an underestimation of the extent of precipitation. Further, the increase in Ca2+

in the presence of eggshells was more pronounced at the high s/w ratio (Figure 8a) compared to that
for the low s/w ratio (Figure 8b). Such a finding was accompanied by an almost constant alkalinity due
to the continuous release of carbonates by eggshells. This could explain the higher difference between
the removal of Pb2+ by eggshells and ESW at the high s/w ratio (Figure 8a).

To provide a better elucidation of the roles of different removal mechanisms. The authors resorted
to direct quantification of the amount of sorbed Pb2+ by acid digestion. Precipitation was then
calculated as the difference between total removal and percentage of Pb2+ sorbed on the eggshells.
This quantification is presented in Figure 9, which distinguishes Pb2+ removed by sorption from
that removed by precipitation at an s/w ratio of 1:2000. Though the percentage of Pb2+ removal
declined with increasing initial Pb2+ concentration, precipitation continued to be more prominent
than sorption up to an initial Pb2+ concentration of 60 mg/L, after which removal by precipitation
significantly dropped (Figure 9a) and became almost similar to removal by sorption. On the other hand,
the contribution of sorption to the percent removal was the same at different initial concentrations
but slightly decreased after 60 mg/L. These findings are consistent with those of Ahmad et al. [28],
who concluded that precipitation may become important for the removal of Pb2+ and Cu2+ by waste
eggshells. It should be noted that some studies suggest that microprecipitation of Pb2+ by carbonates
present in eggshells was followed by adsorption of the metal carbonates on the eggshell surface [30,42].
Thus, it is difficult to confirm that all the sorbed Pb was in the form of Pb2+, as there could be some
PbCO3 remaining on the surface, which could result in an underestimation of the role of precipitation
in Pb removal.Water 2020, 12, x FOR PEER REVIEW  13  of  20 
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Figure 9. Removal of Pb2+ by sorption and precipitation versus initial Pb2+ concentration
(size 150–500 µm and s/w ratio of 1:2000) expressed in (a) percent removal and (b) removal capacity.

Figure 9b shows the changes in removal capacity of eggshells as a function of initial Pb2+

concentration. The contribution of both sorption and precipitation to the removal capacity increased
with the increase in the initial Pb2+, but then both dropped after 60 mg/L. This behavior was also
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observed for the total removal capacity at this s/w ratio (1:2000) and particle size (150–500 µm) as
shown in Figures 5b and 6. The expectation is for the removal capacity (m) to reach a plateau value after
a certain initial concentration, as shown for Pb2+ removal by eggshells in the work of Soares et al. (2016)
and Cu2+ removal by eggshells in the work of Ahmad et al. (2012), in which the solution pH was
maintained at a fixed value (at 5 and 5.5, respectively). However, in this study, the observed decline,
rather than a plateau, in the removal capacity (m) could be attributed to a decrease in the available
carbonates needed for the precipitation reaction, coupled with a decrease in the solution pH. The latter
could be the reason why the observed removal capacity by sorption dropped as well.

3.5. Thermodynamic and Stiochiometric Analysis

Several Pb2+ solid phases could occur in the Pb-CaCO3-H2O system including PbO, Pb(OH)2,
PbCO3 (cerussite), Pb3(CO3)2(OH)2 (hydrocerussite), and Pb10(OH)6(CO3)6 (plumbonacrite). PbO and
plumbonacrite are thermodynamically stable at very high pH values (pH > 12) [53]. Pure Pb(OH)2(s)
is believed not to exist, but the basic salt, used to prepare the Pb solution, combined with aqueous
Pb(OH)2 could exist as a solid form at high pH [54]. In this study, the solution pH started at around pH
5.5 (only Pb2+ in the water) and increased to less than 9.0 after two hours from the addition of eggshells,
making lead carbonate, in the form of cerussite or/and hydrocerussite, the more probable solid that
could be formed. The chemical reactions describing the formation of cerussite and hydrocerussite
along with their solubility product (Ksp) values [52] are

Pb2+(aq) + CO3
2−(aq) = PbCO3(s) Ksp = 7.9 × 10−14 (4)

3Pb2+(aq) + 2CO3
2−(aq) + 2OH−(aq) = Pb3(CO3)2(OH)2(s) Ksp = 3.16 × 10−46 (5)

Thermodynamic analysis was conducted to investigate the possible formation of cerussite or
hydrocerussite using the range of values of Pb2+, CO3

2−, and pH encountered in this study. Pb2+

ranged from 10 to 70 mg/L (4.8 × 10−5 to 3.3 × 10−4 mol/L) and alkalinity ranged from 10 to 40 mg/L as
CaCO3. If all alkalinity is due to the release of CO3

2− from the eggshells, then the molar concentration
of CO3

2− would range from 1 × 10−4 to 4.2 × 10−4 mol/L. The activity coefficients of Pb2+ and CO3
2−

were determined using the Debye–Huckel law as described by Snoeyink and Jenkins [55] and fell in
the range of 0.77 to 0.89 (an average value of 0.83 was considered here for Pb2+ and CO3

2−). Based on
that, the values of the ion activity product for cerussite ({Pb}{CO3}, where { } refers to ion activity =

activity coefficient ×molar concentration) range from 3.3 × 10−9 to 9.7 × 10−8. These values are higher
than the Ksp of cerussite (7.9 × 10−14), indicating favorable conditions for the formation of this solid.
Analogous calculations of the ion activity product for hydrocerussite ({Pb}3{CO3}2{OH}2) resulted in
values that range from 4.4 × 10−39 to 2.6 × 10−28, which are higher than its Ksp (3.16 × 10−46), and hence
the conditions also favor the formation of hydrocerussite.

The above analysis indicates that the precipitate formed in the Pb-eggshell system of this study
could be cerussite or/and hydrocerussite. There is no agreement in the literature about the relative
stability of cerussite and hydrocerussite. For aqueous Pb2+ in contact with CaCO3 in open systems,
Bilinski and Schindler [56] concluded that hydrocerussite is the most stable solid phase, whereas Taylor
and Lopata [53] indicated that cerussite is thermodynamically more stable than hydrocerussite at all
pH values. On the other hand, for a closed aqueous system (i.e., with no exchange of atmospheric
CO2), hydrocerussite becomes more stable at pH > 7 [51].

Stoichiometric analysis was carried out to investigate the extent to which the experimental data
of Pb2+ precipitation with eggshells are aligned with the formation of cerussite and hydrocerussite.
Figure 10 plots the concentration of reacted Pb2+ (expressed as the difference between the initial and
final Pb2+ concentration in solution) versus the drop in the carbonate level estimated from the alkalinity
measurement of the control solution (with eggshells but without Pb2+) and of the Pb2+ solution for
two s/w ratios. The dotted line in Figure 10 represents the stoichiometry of the cerussite formation.
This line has a slope of 1.0 since 1 mol of Pb2+ reacts with 1 mol carbonate to form cerussite. The solid
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line represents the stoichiometry for hydrocerussite formation and has a slope of 1.5 (3 mol of Pb2+

reacts with 2 mol of carbonate to form hydrocerussite). Most of the experimental data lie within the
two lines, which is consistent with the notion that the removal of Pb2+ from the eggshell solution is
due to the formation of lead carbonate. As shown in Figure 10, some of the experimental data are
above the lines of cerussite and hydrocerussite formation. This is expected and could be attributed to
two reasons: (1) not all Pb2+ precipitated but some was sorbed on the eggshells which resulted in a
higher reacted Pb2+ than what could be predicted by stoichiometry, and (2) the eggshells could release
additional carbonate during the reaction to reach a new equilibrium state and this could result in an
apparent lower CO3

2− change than that estimated based on the reaction stoichiometry. Nonetheless,
the observed drop in Pb2+ versus the drop in alkalinity is justified based on the stoichiometry for the
formation of lead carbonate.
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Figure 10. Alignment of experimental results of eggshells (size 150–500 µm) with the stoichiometry for
the formation of cerussite and hydrocerussite. ∆Pb2+ refers to the difference in the initial and final
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difference in the alkalinity of the control solution and of the Pb2+ solution for each bottle.

3.6. FTIR Analysis

The change in functional groups of eggshells before and after Pb2+ removal was examined using
FTIR spectroscopy. Figure 11 shows the typical FTIR spectrum of raw and used eggshells with
40 mg/L Pb2+ solution. The infrared bands at 712 and 872 cm−1 are associated with the respective
in-plane and out-of-plane bending vibrations of calcium carbonate (CaCO3) in its polymorph form
of calcite [35,57]. A broad band in the range of 1300–1500 cm−1, centered at 1422 cm−1, is recognized
as a C–O stretching mode vibration of CaCO3 [57]. Such bands have also been identified as v4,
v2, and v3 vibration modes of carbonate ion, respectively [58]. These bands are observed in both
samples, providing evidence to the stability and inertness of calcite when exposed to the Pb2+ solution.
Furthermore, raw eggshells were characterized by a major absorption peak at 2350 cm−1, corresponding
to a C=O stretching vibration [59]. However, such a peak was not detected in the used eggshells sample,
indicating that this carbonate polymorph was less stable and was released into the Pb2+ solution to
cause removal by precipitation.
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Figure 11. FTIR analysis of eggshells before and after Pb2+ removal (40 mg/L Pb2+, s/w ratio 1:200,
and particle size 150–500 µm).

3.7. SEM Analysis

SEM micrographs of Figures 12–14 illustrate the eggshells with a particle size of 150–500 µm before
and after Pb2+ removal. Figure 12 of raw eggshells (processed based on the procedure in Section 2.2)
shows the agglomeration of small particles, with the absence of connecting channels. This supports
the BET results, suggesting eggshells to be a non-porous material. This conclusion is further supported
by the N2 isotherm type II curve (Figure 4), corresponding to non-porous materials. Similar findings
have been reported for raw eggshells in other work [29,35]. In addition, the micrographs show that the
surface texture of raw eggshells is rough and uneven.
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Figure 12. Raw eggshells, particle size 150–500 µm at magnification (a) × 100, (b) × 500, and (c) × 1000.
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Figure 13. Eggshells, particle size 150–500 µm, after Pb2+ removal process with s/w ratio of 1:200 and
20 mg/L Pb2+ solution at magnification (a) ×100, (b) ×500, and (c) ×1000.
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Figure 14. Eggshells, particle size 150–500 µm, after Pb2+ removal process with s/w ratio of 1:2000 and
20 mg/L Pb2+ solution at magnification (a) ×100, (b) ×500, and (c) ×1000.

The removal process induced changes to the morphology of the eggshells. Figure 13 presents
the microstructure of eggshells post-exposure to Pb2+ with an s/w ratio of 1:200. It is clear that the
surface of the eggshells is different from that of the raw eggshells. In fact, the surface is denser and less
porous, owing to the deposition of Pb2+ and formation of lead carbonate (PbCO3). At a lower s/w ratio
of 1:2000 (Figure 14), more Pb2+ has been deposited on the eggshells surface, leading to the growth
of needle-like PbCO3 crystals. The morphology of PbCO3 illustrated herein is consistent with that
reported in previous studies [60,61]. This is also consistent with the trend of a higher removal capacity
of eggshells (m) at lower s/w ratios (Figure 6). Nevertheless, SEM micrographs presented herein cannot
be used to differentiate the mechanism of Pb2+ deposition onto the eggshells, i.e., microprecipitation
or sorption.

4. Conclusions

Eggshells are a common biowaste that could be recycled for the removal of Pb2+ from wastewater,
thus promoting the use of nature-based sustainable solutions for both waste management and
wastewater treatment. In this study, the influence of the particle size of ground eggshells and s/w
ratio on removal of Pb2+ from aqueous solutions was investigated. Results show that the percent Pb2+

removal was not significantly different for particle sizes 150–500 µm and <150 µm despite the large
difference in the surface area of the two eggshell sizes. A high percentage removal (up to 99%) of
Pb2+ by eggshells was achieved for low initial Pb2+ concentrations (<30 mg/L) across all s/w ratios
studied. SEM images confirmed that the surface of eggshells used for Pb2+ removal became denser
and less porous due to Pb2+ deposition and lead carbonate formation. Needle-like PbCO3 crystals
were observed in samples with a lower s/w ratio, which coincides with the trend where eggshells
exhibited higher removal capacity at lower s/w ratios. A developed predictive relationship suggests
that the removal capacity of eggshells normalized to the initial Pb2+ concentration is almost inversely
proportional to the s/w ratio. The relationship explains differences in the Pb2+ removal capacities of
eggshells reported by others. The developed relationship could be utilized to design batch reactors for
Pb2+ removal by eggshells subject to economic and environmental constraints.

The study also attempted to quantify the role of different removal mechanisms in the total removal
of Pb2+. Results confirmed that precipitation played a major role in the removal of Pb2+ by eggshells.
However, this role was reduced as the s/w ratio and initial concentration of Pb2+ became higher.
The difference between the extent of Pb2+ removal by eggshells and eggshell water suggested that
sorption also played a role in Pb2+ removal. This was confirmed by the direct quantification of the
concentration of Pb2+ sorbed on the eggshells and by the results from FTIR spectroscopy. Indeed,
FTIR spectroscopy of eggshells highlighted the presence of high- and low-stability calcium carbonate
polymorphs that existed in raw eggshells. While the former polymorph was detected in the used
eggshells sample, the latter was not, signifying its release into the Pb2+ solution to cause removal by
precipitation. It was also observed that the contribution of both sorption and precipitation dropped
at the high concentration. It was speculated that such decline was due to a decrease in the available
carbonates needed for precipitation coupled with a decrease in the solution pH.
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Abstract: The adsorption mechanisms of mercury ion (Hg2+) by different fractions of biochar
were studied, providing a theoretical basis and practical value for the use of biochar to remediate
mercury contamination in water. Biochar (RC) was prepared using corn straw as the raw material.
It was then fractionated, resulting in inorganic carbon (IC), organic carbon (OC), hydroxyl-blocked
carbon (BHC), and carboxyl-blocked carbon (BCC). Before and after Hg2+ adsorption, the biochar
fractions were characterized by several techniques, such as energy-dispersive X-ray spectroscopy
(EDS), Fourier-transform infrared spectroscopy (FTIR), and X-ray photoelectron spectroscopy (XPS).
Obtained results indicate that the reaction mechanisms of RC for Hg2+ removal mainly include
electrostatic adsorption, ion exchange, reduction, precipitation, and complexation. The equilibrium
adsorption capacity of RC for Hg2+ is 75.56 mg/g, and the adsorption contribution rates of IC
and OC are approximately 22.4% and 77.6%, respectively. Despite the lower rate, IC shows the
largest adsorption capacity, of 92.63 mg/g. This is attributed to all the mechanisms involved in Hg2+

adsorption by IC, with ion exchange being the main reaction mechanism (accounting for 39.8%).
The main adsorption mechanism of OC is the complexation of carboxyl and hydroxyl groups with
Hg2+, accounting for 71.6% of the total OC contribution. BHC and BCC adsorb mercury mainly via
the reduction–adsorption mechanism, accounting for 54.6% and 54.5%, respectively. Among all the
adsorption mechanisms, the complexation reaction of carboxyl and hydroxyl groups with Hg2+ is the
dominant effect.

Keywords: biochar; different fractions; Hg2+; characterization; adsorption mechanism

1. Introduction

Mercury is a highly toxic, non-essential heavy metal. Even at low concentrations, it poses potential
threat to human health [1]. Inorganic mercury is the most common form of mercury found in aquatic
ecology. It stably accumulates in aqueous solutions and does not degrade easily. Under natural
conditions, it easily reacts with chemicals and microorganisms via a methylation reaction, producing
mercury forms with increased toxicity, such as methylmercury or dimethylmercury [2]. According to
United States Environmental Protection Agency (EPA) regulations, mercury concentrations in treated
wastewater and drinking water must be less than 10 and 2 µg/L, respectively [3]. Therefore, it is of great
significance to study mercury removal from water. Treatment methods for mercury removal mainly
include chemical precipitation, ion exchange, reduction, coagulation, solvent extraction, and adsorption
methods. Among them, adsorption is widely applied due to its advantages of fast action, superior
removal efficiency, inexpensive nature of adsorbents, and easy access to raw materials that can be
used as adsorbents [4–6]. Biochar is the most commonly used adsorbent material, showing high
adsorption efficiency [7]. In previous studies, commonly used raw materials for biochar preparation
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included walnut shells [8], flax shive [9], guava skin [10], fruit shell of Terminalia catappa [11], rice
husk [12], sugarcane bagasse [13], coconut husk [14], and peanut husk [15], all showing good adsorption
results. In general, biochar adsorbs heavy metals mainly via combining metal ions with aromatic
alcohols or acids, and carbonates [16]. The main adsorption pathways are through electrostatic effect,
reduction, complexation, and cation exchange. Kong et al. [17] showed that the phenolic hydroxyl
groups contained in soybean stalk-based biochar had a strong reduction effect, reducing Hg2+ to
Hg0 during Hg2+ adsorption. Das et al. [18] studied Hg2+ adsorption by Aspergillus versicolor
biomass and suggested complexation as the main mechanism between oxygen-containing functional
groups and Hg2+. Kílıç et al. [19] observed the release of a large concentration of basic metal ions
(Ca2+, Na+, and K+) during Hg2+ adsorption by activated sludge biomass, indicating that an ion
exchange mechanism was involved in the adsorption process. Dong et al. [20] used XPS to analyze
the adsorption mechanisms of Hg2+ by Brazilian pepper biochars at different pyrolysis temperatures.
It was shown that biochar prepared at relatively low temperatures (300 and 450 ◦C) adsorbs Hg2+

mainly through complexation with hydroxyl and carboxyl functional groups, while biomass carbon
prepared at 600 ◦C has a graphite-like structure and Hg–Cπ is formed between Hg2+ and the C=C
structure. As a heterogeneous material, biochar is mainly composed of inorganic mineral components
(ash) and organic carbonaceous components. Current studies on adsorption of pollutants by biochar
mainly focus on the overall removal effect of biochar, with research on the adsorption mechanisms of
pollutants by different fractions of biochar being very limited. The contribution rate of each fraction of
the adsorbent during the adsorption mechanism for a certain pollutant needs to be further studied.

Herein, biochar was prepared using corn stover as the raw material, which was then fractionated
to prepare inorganic, organic, hydroxyl-blocked, and carboxyl-blocked carbonaceous fragments.
Through physicochemical analysis (element composition, pH value, and isoelectric point pHpzc),
Boehm titration and surface analysis (FTIR, XPS, and EDS) measurements before and after Hg2+

adsorption, the mercury adsorption mechanisms, and structure–property relationships of biochar and
its fractions were studied. This research has important practical significance for mercury removal from
water by biochar.

2. Materials and Methods

2.1. Preparation of Biochar Fractions

Raw carbon was synthesized from cornstalk (sourced from Da Xu Village, Zibo, Shandong, China)
and air-dried outdoors. It was ground when the moisture content dropped below 10% and was
put in a ceramic crucible for pyrolysis and carbonization at 500 ◦C with a rate of 20 ◦C/min for 6 h
under N2 atmosphere. The biochar removed from the furnace was cooled in a desiccator, weighed,
and stored in airtight plastic bags. Raw carbon was referred to as RC. RC was placed in a tube furnace,
the temperature of which was raised to 600 ◦C at a rate of 20 ◦C/min and kept for 4 h to obtain inorganic
carbon (IC). RC was thoroughly mixed for 24 h with an acid mixture (0.3 M HF + 0.1 M HCl), at a
solid/liquid ratio of 1:250 (g/mL). The mixture was then washed and dried to obtain organic carbon
(OC). Meanwhile, a quantity of 9.0 g of RC was thoroughly mixed with 633 mL of anhydrous methanol
and 5.4 mL of 0.1 M HCl to block carboxylic acid groups (–COOH) by methyl esterification of carboxyl
groups. After being stirred for 6 h, the mixture was washed and dried to obtained carboxyl-blocked
carbon (BCC). Similarly, hydroxyl-blocked carbon (BHC) was prepared by blocking hydroxyl groups
(–OH) via thoroughly mixing and stirring 5.0 g of biochar and 100 mL of HCHO for 6 h [21–23].
The yield of each fraction of biochar was calculated.

2.2. Physicochemical Properties of Biochar Fractions

Typically, 1.0 g of biochar was weighed and placed in a 100 mL covered conical flask. Meanwhile,
20 mL of deionized water was boiled and let to cool before being added into the flask. Subsequently,
the mixture was shaken at 120 r/min and 25 ◦C for 24 h. It was then taken out and let to sit still for
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5 min. The pH of the solution was determined using a Mettler Delta 320 pH Meter (Mettler Toledo,
Guangzhou, China) [24].

For a typical test, 50 mL of 0.01 M KNO3 solution was pipetted into a 100 mL covered conical flask.
The initial pH value was adjusted to a value within the range of 2–10, using 0.10 M HCl or NaOH
solution, and denoted as pHi. Then, 0.1 g biochar was added and the mixture was shaken at 120 r/min
and 25 ◦C, for 48 h. Subsequently, the mixture was filtered and the pH of the filtrate was marked as
pHf. In the case where ∆pH (∆pH = pHf − pHi) is 0, the value of pHi (or pHf) is the pHpzc of the
biochar [25].

A Vario EL cube elemental analyzer (Elementar, Karlsruhe, Germany) was used to determine the
C, H, and N content of biochar and its fractions, and the H/C value was calculated.

2.3. Determination of Oxygen-Containing Functional Groups on Biochar Surface

Boehm titration [26] was applied to quantitatively determine the oxygen-containing functional
groups on the surface of biochar. Specifically, 1.0 g of biochar was placed in a 100 mL covered conical
flask, and 25 mL of 0.05 M alkaline solution (NaHCO3, Na2CO3, and NaOH) and 25 mL of 0.05 M
acidic solution (HCl) were added, respectively. The mixture was shaken at 120 r/min and 25 ◦C for 24 h
before being subjected to filtration. Subsequently, back titration was carried out with 0.05 M NaOH
and HCl [27] to determine the content of acidic and basic groups on the surface of biochar.

2.4. Adsorption Experiment and Characterization before and after Hg2+ Adsorption

A HgCl2 3 mM solution was prepared. Then, 1.0 g of biochar (passed through a 200-mesh sieve)
and 200 mL HgCl2 solution were placed into a 250 mL covered conical flask. The mixture was shaken
at 120 r/min and 25 ◦C for 24 h and filtrated upon reaching adsorption equilibrium. The pH of the
filtrate was measured, and the concentration of Hg2+ was determined via an inductively coupled
plasma mass spectrometer (ICP-MS, Santa Clara, CA, USA). On this basis, the Hg2+ amount adsorbed
was calculated. Meanwhile, the leaching experiments of all biochars were conducted under the same
conditions, with samples withdrawn at certain time intervals (3, 5, 10, 20, 30, 60, 90, 120, 150, 180, 240,
300, 420, 540, and 720 min). After filtration, the changes in the concentrations of K+, Na+, and Hg2+ in
the leaching solution were measured.

The surface functional groups of the samples before and after mercury adsorption were identified
by Fourier-transform infrared spectroscopy (FTIR), using a Nicolet 5700 machine (Thermo Nicolet,
Waltham, MA, USA). The change in the valence state of Hg2+ before and after mercury adsorption was
determined by X-ray photoelectron spectroscopy (XPS), using an Axis Ultr DLD machine (Thermo
Fisher Scientific, Waltham, MA, USA) and analyzing the experimental data using the software Peak 4.1.
(Hampton, MA, USA) The main elemental composition of biochar was detected by an energy-dispersive
spectrometer (EDS), using a Quanta 250 (FEI, Hillsboro, OR, USA).

3. Results and Discussion

3.1. Physicochemical Properties of Biochar and Analysis of Surface Functional Groups

The different biochar fractions examined displayed varied physicochemical properties, as well
as difference in the concentration of surface functional groups. According to Lehmann [28] and
Shaaban et al. [29], when the pH value of the biochar is greater than pHpzc, the biochar surface is
negatively charged, which combined with positively charged ions present in the solution, leads to
weakened competitiveness of H+. As shown in Table 1, the pH of the biochar was greater than pHpzc,
so the surfaces of the five biochar fractions are all negatively charged, posing an electrostatic adsorption
effect on Hg2+. OC has the lowest pH with the highest contents of acidic functional groups such as
–OH and –COOH groups. This may be caused due to OC not being cleaned thoroughly after acid
washing or due to a replacement of the cations in the functional groups, such as –COOM (M is a metal
cation) by H+ during the acid washing process, resulting in the acidity of OC [30,31]. The pH value
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of OC did not change significantly after Hg2+ adsorption, which may be due to the release of H+ by
the complexation reaction between carboxyl/hydroxyl functional groups and Hg2+ [32]. Hg2+ mainly
exists in the anion forms of HgCl− and HgClO− in acidic solutions [33]. The carboxyl and hydroxyl
functional groups present on OC surface consume H+ by protonation, forming positively charged
–OH2+ and –COOH2+, which combine with HgCl− and HgClO− through electrostatic effect to remove
Hg2+. IC has the highest concentration of strongly basic functional groups, possibly attributed to
it being the product of RC pyrolysis and carbonization at 600 ◦C. Thy et al. [34] showed that after
high-temperature pyrolysis, graphitization of biochar occurs via polycondensation of low-temperature
aromatization, which removes organic components, resulting in increased alkali metal ions. The pH
of IC dropped significantly after Hg2+ adsorption, attributed to the fact that Hg2+ easily reacts with
OH− to form Hg2(OH)2 precipitation under alkaline conditions, resulting in decreased concentration
of OH− [35]. Although the concentration of carboxyl and hydroxyl oxygen-containing functional
groups in BHC and BCC decreased significantly, the H/C value of BHC and BCC decreased, and the
number of lactone groups increased significantly. Dougherty et al. [36] showed that a smaller H/C
value represents a lower degree of carbonation and a higher degree of aromatization. They showed that
the strength of the cation –π effect is mainly determined by the aromaticity degree of biochar surface,
i.e., the more abundant the –π conjugated aromatic structure, the stronger the electron donating ability
of the biochar, and thereby, the more significant the reduction effect. Therefore, BHC and BCC show a
strong reduction effect.

Table 1. Physicochemical properties and the number of surface functional groups of biochar (mmol/g).

Biochar pHpzc pH pH after
Adsorption H/C Carboxyl Lactone

Group
Phenolic
Hydroxyl

Acid
Functional

Groups

Basic
Functional

Groups

RC 9.3 9.5 7.6 0.036 0.370 0.050 0.125 0.545 0.970
IC 10.4 10.9 8.6 0.314 0.105 0.210 0.080 0.395 1.390
OC 3.3 3.6 3.3 0.043 0.495 0.090 0.355 0.940 0.285

BHC 8.2 8.4 6.4 0.017 0.400 0.190 0.015 0.605 0.905
BCC 8.1 8.3 6.5 0.018 0.180 0.195 0.175 0.550 0.895

RC: raw carbon; IC: inorganic carbon; OC: organic carbon; BHC: hydroxyl-blocked carbon; BCC:
carboxyl-blocked carbon.

3.2. FTIR Analysis of Biochar Fractions before and after Hg2+ Adsorption

The FTIR spectra of different biochar fractions before and after Hg2+ adsorption are shown in
Figure 1. A significant characteristic peak at 3431 cm−1 was observed for all the five biochar fractions.
This was assigned to –OH stretching vibration of alcohol hydroxyl groups and phenolic hydroxyl
groups formed via intermolecular hydrogen bonding, indicating the large concentration of –OH
contained in the biochar fractions [37]. The broad peak around 1578 cm−1 was assigned to the stretching
vibration of C=O in the lactone group and C=C in mononuclear aromatic hydrocarbons [38], while the
stretching vibration of –COOH resulted in the broad peak observed around 1425 cm−1 [39]. Therefore,
it can be concluded that biochar contains oxygen-containing functional groups, such as –COOH, –OH,
and lactone groups, observations consistent with the results in Table 1.

The absorption peaks weakened after Hg2+ adsorption for all the five biochar fractions, with the
most significant changes observed for absorption bands at 3431 and 1425 cm−1, indicating that
the concentration of –OH and –COOH groups were significantly affected by Hg2+ adsorption.
The absorbance of OC, RC, and BCC at 3431 cm−1 decreased by 0.474, 0.327, and 0.185, respectively,
after Hg2+ adsorption, indicating that the –OH groups possibly reacted with Hg2+. This is consistent
with the perspective proposed by Herrero et al. [40] that the phenolic hydroxyl groups on the adsorbent
surface undergo a complexation reaction with Hg2+. At 1425 cm−1, the absorbance of OC, RC,
and BHC decreased by 0.178, 0.103, and 0.083, respectively, after Hg2+ adsorption. Zhang [41]
and Goyal [42] et al. also found that the oxygen-containing functional groups (e.g., –COOH) on
the biochar surface reacted with Hg2+, which weakened the vibration signal of –COOH in FTIR.
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Before Hg2+ adsorption, the concentration of lactone functional groups in BHC and BCC was big
(Table 1). After Hg2+ adsorption, the absorbance of BHC and BCC at 1578 cm−1 decreased by 0.166 and
0.182, respectively, indicating that the C=O in the lactone group and C=C in aromatic hydrocarbons
engaged in a reaction with Hg2+. A smaller H/C value represents a more significant reduction effect of
cation –π, as the –π electron of the benzene ring can reduce Hg2+ to Hg+ [36,43]. This also proves that
BHC and BCC have a strong reduction effect, in accordance with Table 1.
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Figure 1. FTIR spectra before and after Hg2+ adsorption by biochar (a): RC, IC, and OC; (b): BHC
and BCC.

3.3. XPS Analysis of Biochar Fractions before and after Hg2+ Adsorption

XPS characterization was carried out for biochar fractions before and after mercury adsorption,
to analyze the valence changes of C, O, and Hg and to further clarify the adsorption mechanisms
of mercury by biochar. Table 2 shows the peak area changes of different forms of C and O in the
five biochar fractions before and after mercury adsorption. After mercury adsorption by RC and
OC, the contents of carboxyl C (288 eV) decreased by 6.4% and 9.5%, and the contents of carboxyl O
(534.6 eV) decreased by 9.6% and 13.0%, respectively. Meanwhile, the contents of hydroxyl O (532.4 eV)
decreased by 4.7% and 5.6% in RC and OC, respectively. These results are consistent with the FTIR
analysis, indicating that the –COOH and –OH functional groups on the biochar surface complexed
with Hg2+. The variation of carboxyl and hydroxyl groups on the OC surface is more significant than
that on RC surface, attributed to OC being weakly acidic whereas RC is alkaline. Hg2+ is more likely
to form Hg(OH)2 under alkaline conditions [44], but OC contains more –COOH and –OH functional
groups and, therefore, engages more Hg2+. The content of hydroxyl O on BCC surface decreased by
7.1%, while the contents of carboxyl C and O on BHC surface dropped by 5.3% and 6.8%, respectively.
This indicates that the –COOH groups of BHC and –OH groups of BCC also contribute greatly to
mercury removal. After Hg2+ adsorption by IC, BHC, and BCC, the areas of C peaks at 284.7 (C=C)
and 531.7 eV (C=O) decreased significantly, and the O peak at 531.7 eV decreased by 3.1%, 13.0%,
and 15.9%, respectively. These changes indicate that C=C and C=O are also involved in Hg2+ removal,
by combining with mercury to form Hg–Cπ and remove Hg2+ [45].
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Table 2. Elemental binding energy and mass content of different biochar components before and after
Hg2+ adsorption.

Element BE(eV) a PA(%) b of RC PA(%) b of IC PA(%) b of OC PA(%) b of BHC PA(%) b of BCC

BS c AS d BS AS BS AS BS AS BS AS

C1s(C=C) 284.7 54.0% 49.7% 55.8% 51.2% 50.6% 52.1% 61.4% 55.5% 60.7% 52.8%
C1s(C–O) 285.6 25.7% 36.7% 14.0% 27.1% 12.9% 24.1% 5.7% 25.4% 7.5% 23.6%
C1s(C=O) 287.1 8.0% 7.7% 22.2% 18.6% 16.4% 15.1% 22.1% 13.6% 27.4% 19.7%
C1s(–COO) 288.8 12.3% 5.9% 8.0% 3.1% 18.1% 8.6% 10.8% 5.5% 4.5% 4.0%
O1s(C=O) 531.7 25.5% 33.2% 41.2% 38.1% 27.4% 37.7% 51.5% 38.5% 53.4% 37.5%
O1s(hydroxyl) 532.4 23.5% 18.8% 15.5% 11.7% 25.5% 16.9% 7.4% 7.2% 21.7% 14.6%
O1s(C–O) 533.6 25.2% 31.7% 21.3% 36.9% 17.0% 28.3% 15.1% 35.1% 19.8% 40.9%
O1s(COO) 534.6 25.8% 16.3% 21.0% 13.3% 30.2% 17.2% 26.1% 19.3% 5.1% 5.0%

a BE: binding energy, b PA: peak area, c BS: before sorption of Hg2+, d AS: after sorption of Hg2+.

The XPS pattern analysis of Hg4f (Figure 2) confirms that a certain amount of Hg2+ was adsorbed
on biochar. Obvious Hg4f 7/2 and Hg4f 5/2 peaks were observed for RC, IC, and OC, at the binding
energies of 101.50 and 101.80 eV, which are two states of spin orbits with a split value of 4.1 eV (distance
between two Hg4f peaks), representing the complexes of (–COO)2Hg and (–O)2Hg [46,47]. According to
the areas of fitted peaks assigned to (–COO)2Hg and (–O)2Hg, the complexations by IC, RC, and OC
account for 39.8%, 68.9%, and 71.6%, respectively, with the corresponding (–COO)2Hg taking up 18.0%,
51.0%, and 64.6%, respectively. Therefore, it can be concluded that the main adsorption mechanism of
RC and OC is a complexation, dominated by –COOH functional groups. Manivannan [48], Wang [49],
and Hyland [50] et al. have discovered that the peaks at the binding energies of 102.5 (Hg4f 7/2) and
106.4 eV (Hg4f 5/2) correspond to Hg2+; the fitted peak at 103.6 eV is attributed to Hg2Cl2; and the peak
at 99.8 eV is assigned to Hg0. The fitted peak of Hg+ at 103.6 eV is present in the XPS spectra of all
the five biochar factions, with the fitted peak of Hg0 at 99.8 eV being observed only for IC (Figure 2).
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According to the above analysis, the fitted peaks at 105.6 and 105.9 eV represent (–COO)2Hg and
(–O)2Hg, respectively, indicating that the complexation reaction accounts for 23.3% and 28.3% in the
adsorptions by BHC and BCC, respectively. Xu et al. [51] assigned the fitted peak around 101.7 eV to
Hg–Cπ, formed from the reduction of Hg2+ to Hg+ by the –π bond and the further combination of Hg+

with C=C and C=O. Its peak area accounts for 37.1% and 41.4% in the XPS spectra of BHC and BCC,
respectively. According to the areas of fitted peaks at 103.6 eV (Hg2Cl2) in the XPS spectra of BHC and
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BCC, reduction accounts for 17.5% and 13.1%, respectively. Thus, the overall reduction effect of BHC
and BCC contribute 54.6% and 54.5%, respectively. Therefore, the main adsorption mechanism of BHC
and BCC is by reduction.

3.4. EDS Analysis of Biochar Fractions before and after Hg2+ Adsorption and Leaching Experiments

According to the EDS spectra of the five biochar fractions before and after Hg2+ adsorption and
leaching experiments of all biochar, IC contains the most basic cations. Therefore, only IC analysis
results were displayed. As shown in Figure 3a, after Hg2+ adsorption by IC, the concentration of metal
cations, such as K+, Na+, Mg2+, and Al2+, on the biochar decreased, accompanied by the appearance of
a relatively obvious mercury peak, indicating that there may be an ion exchange mechanism during the
adsorption process. Among the various cations, the most significant reduction was observed for K+,
followed by Na+, implying that Hg2+ is more prone to ion exchange with K+ and Na+. As suggested by
Figure 3b, the K+ and Na+ concentrations gradually increased with time, and the Hg2+ concentration
simultaneously decreased, until the adsorption equilibrium. The adsorption contribution rates of K+

and Na+ (30.6% and 10.3%, respectively) were calculated, and based on the concentration of K+, Na+,
and Hg2+ at the adsorption equilibrium, the adsorption contribution rate of ion exchange was 40.9%.
According to studies carried out by Kílıç [19] and Carro et al. [52], K+ and Na+ are more prone to
ion exchange with Hg+. The contents of Hg+ and Hg2+ determined by XPS analysis are 17.3% and
23.9%, respectively. Hence, in the total ion exchange of 40.9%, Hg+ and Hg2+ take up 17.3% and 23.6%,
respectively. Associating with XPS analysis, the complexation and reduction reactions during Hg2+

adsorption by IC account for 39.8% and 36.4%, respectively. Therefore, the main mechanism for Hg2+

adsorption by IC is ion exchange. In addition, the adsorption contribution rates of ion exchange in
the removal of Hg2+ (40.9%) by IC is higher in comparison with other adsorbents such as 31.7% by
activated sludge biomass [19] and 35.0% by algal biomass [52].

Water 2020, 12, x FOR PEER REVIEW 7 of 12 

 

BHC and BCC contribute 54.6% and 54.5%, respectively. Therefore, the main adsorption mechanism 
of BHC and BCC is by reduction. 

3.4. EDS Analysis of Biochar Fractions before and after Hg2+ Adsorption and Leaching Experiments 
According to the EDS spectra of the five biochar fractions before and after Hg2+ adsorption and 

leaching experiments of all biochar, IC contains the most basic cations. Therefore, only IC analysis 
results were displayed. As shown in Figure 3a, after Hg2+ adsorption by IC, the concentration of metal 
cations, such as K+, Na+, Mg2+, and Al2+, on the biochar decreased, accompanied by the appearance of 
a relatively obvious mercury peak, indicating that there may be an ion exchange mechanism during 
the adsorption process. Among the various cations, the most significant reduction was observed for 
K+, followed by Na+, implying that Hg2+ is more prone to ion exchange with K+ and Na+. As suggested 
by Figure 3b, the K+ and Na+ concentrations gradually increased with time, and the Hg2+ concentration 
simultaneously decreased, until the adsorption equilibrium. The adsorption contribution rates of K+ 
and Na+ (30.6% and 10.3%, respectively) were calculated, and based on the concentration of K+, Na+, 
and Hg2+ at the adsorption equilibrium, the adsorption contribution rate of ion exchange was 40.9%. 
According to studies carried out by Kílıç [19] and Carro et al. [52], K+ and Na+ are more prone to ion 
exchange with Hg+. The contents of Hg+ and Hg2+ determined by XPS analysis are 17.3% and 23.9%, 
respectively. Hence, in the total ion exchange of 40.9%, Hg+ and Hg2+ take up 17.3% and 23.6%, 
respectively. Associating with XPS analysis, the complexation and reduction reactions during Hg2+ 
adsorption by IC account for 39.8% and 36.4%, respectively. Therefore, the main mechanism for Hg2+ 
adsorption by IC is ion exchange. In addition, the adsorption contribution rates of ion exchange in 
the removal of Hg2+ (40.9%) by IC is higher in comparison with other adsorbents such as 31.7% by 
activated sludge biomass [19] and 35.0% by algal biomass [52]. 

0.0 0.5 1.0 1.5 2.0 2.5 3.0 3.5 10

(a)

 

 IC
K O

Na
Mg Al

Si K Ca

 

 IC+Hg2+

Mg Si

Hg
O Cl Hg

E(KeV) 0 70 140 210 280 350 420 490 560 630 700
50

100

150

200

250

300

350

400

Co
nc

en
tra

tio
n 

of
 m

eta
l i

on
s (

m
g/

L)
 

  Hg+ (mg/L)
  Na+ (mg/L)
  K+ (mg/L)

Time (min)

(b)

5
10
15
20
25
30
35
40
45
50

 

60
70
80
90
100
110
120
130
140

 

 
Figure 3. (a) EDS analysis before and after adsorption of Hg2+ by IC; (b) The concentration change of 
K+, Na+, and Hg2+ with oscillation time after adsorption of Hg2+ by IC. 
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3.5. Adsorption Mechanisms

All five biochar fractions have negatively charged surfaces and can adsorb positively charged Hg2+

via, for example, electrostatic effects (Table 1). According to the above analysis, the main adsorption
mechanisms and contribution rates of Hg2+ adsorption by RC and its fractions were determined. Based
on Table 3, the equilibrium adsorption amount of Hg2+ by RC is 75.56 mg/g. As calculated based on
the mass fractions of IC and OC, the theoretical adsorption capacity of RC is 75.52 mg/g, which is very
close to the measured value of 75.56 mg/g, indicating that the adsorption contribution rates of inorganic
and organic components in RC account for approximately 22.4% and 77.6%, respectively. The main
adsorption mechanism of RC and OC in the Hg2+ adsorption process is based on a complexation
reaction, where oxygen-containing functional groups, such as –COOH and –OH groups, react with
Hg2+ to form (–COO)2Hg and (–O)2Hg complexes. The complexation effects of RC and OC contribute
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68.9% and 71.6%, respectively. In the complexation reaction of RC, the contribution rates of the
adsorption by –COOH and –OH groups are 51.0% and 17.9%, respectively. The reaction formulae are
as follows [17]:

2 (-COOH) + Hg2+→ (-COO)2-Hg + 2H+, (1)

2 (-OH) + Hg2+→ (-O)2-Hg + 2H+. (2)

IC has the maximum equilibrium capacity for Hg2+ adsorption of 92.63 mg/g. This may be due
to the reduction of Hg2+ to Hg+ and Hg0 by –π electrons and phenolic hydroxyl groups (36.4%),
the complexation reaction between carboxyl/hydroxyl functional groups and Hg2+ (39.8%), and the ion
exchange of Hg2+ and Hg+ with K+ and Na+ (40.9%) occurring simultaneously. The main adsorption
mechanism of IC is ion exchange, during which the ion exchange of Hg+ and Hg2+ contributes 17.3%
and 23.6%, respectively.

As shown in Table 3, the equilibrium capacities for Hg2+ adsorption by BHC and BCC are
significantly lower compared to IC, being 66.30 and 61.13 mg/g, respectively. In addition, the calculated
theoretical adsorption capacities of BHC and BCC, based on their mass fractions, are 65.96 and
61.43 mg/g, respectively, which are close to the measured values. The –π electrons and phenolic
hydroxyl groups on the surfaces of BHC and BCC reduce Hg2+ to Hg+, and total reduction ratios
take up 54.6% and 54.5%, respectively. According to the adsorption capacities of BHC and BCC,
the adsorption contribution rates of the –COOH groups on BHC surface and the –OH functional groups
on BCC surface are 20.4% and 12.3%, respectively. As for RC, –COOH and –OH groups contribute
51.0% and 17.9% respectively, to the total adsorption. The reason for this difference may be attributed
to the presence of some –COOH and –OH functional groups remaining after the blocking of the biochar
functional groups (Table 1).

Table 3. Contribution rate (%) and adsorption quantity of Hg2+ (mg/g) at equilibrium by biochars.

Biochars Mass Percentage (%) Adsorption Quantity of
Hg2+ (mg/g)

Adsorption
Mechanism

Adsorption
Contribution Rate (%)

RC 100.0 75.56
Complexation with
–COOH and –OH 68.9

Reduction reaction 25.2

IC 22.4 92.63

Complexation with
–COOH and –OH 39.8

Reduction reaction 36.4
Cation exchange 41.2

OC 77.6 70.57
Complexation with
–COOH and –OH 71.6

Reduction reaction 13.0

BHC 87.3 66.30
Complexation with

–COOH 23.3

Reduction reaction 54.6

BCC 81.3 61.13
Complexation with

–OH 28.3

Reduction reaction 54.5

The adsorption mechanisms of Hg2+ removal by RC include electrostatic adsorption, ion exchange,
reduction, precipitation, and complexation. Among all adsorption mechanisms, the complexation
reaction of –COOH/–OH groups with Hg2+ plays the dominating roles, and the adsorption contribution
rate of –COOH functional groups is greater than that of –OH functional groups.

The adsorption capacity of Hg2+ by corn-straw-based biochar (75.56 mg/g) was found to be
higher than some values reported in literature, such as 35.71 mg/g by sugarcane bagasse [13],
22.82 mg/g by peanut husk biochar [15], 19.30 mg/g by activated sludge biomass [19], and 24.20 mg/g
by Brazilian pepper biochars [20]. It is, however, similar to the value determined for Aspergillus
versicolor biomass (75.60 mg/g) [18], and slightly lower than the adsorption capacities reported for
flax shive sorbent (89.50 mg/g) [9] and fruit shell of Terminalia catappa (82.93 mg/g) [11]. Moreover,
the irreversible complexation reaction of –COOH/–OH groups with Hg2+ is the main adsorption
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mechanism, which reduces the secondary pollution to aqueous solution even depositing it to the water
bottom. Therefore, it is helpful to provide theoretical basis and data support for the special adsorption
of functional adsorbents and has practical significance for the treatment of mercury pollution in
water. In addition, by studying the adsorption mechanisms of biochar different fractions for Hg2+,
the contribution rate of each fraction of the adsorbent to Hg2+ was calculated, providing a certain
theoretical basis for the research on the removal of Hg from biochar.

4. Conclusions

Except for OC, which is weakly acidic, the other four biochar fractions are basic (IC has the strongest
basicity), and their pH values are significantly lower after Hg2+ adsorption. In addition, the pH values
of all five biochar fractions are greater than their corresponding pHpzc values. The surfaces of the
biochar fractions are negatively charged and adsorb positively charged Hg2+.

The equilibrium adsorption capacity of RC for Hg2+ is 75.56 mg/g, with IC and OC contributing
22.4% and 77.6%, respectively. IC has the largest equilibrium adsorption capacity of 92.63 mg/g,
which may be due to all the adsorption mechanisms involved in the adsorption process. Moreover,
the equilibrium adsorption capacities of BHC and BCC are significantly lower, being 66.30 and
61.13 mg/g, respectively.

There are five reaction mechanisms identified for Hg2+ removal by biochar: electrostatic adsorption,
cation exchange, precipitation, reduction effect of –π and phenolic hydroxyl groups, and complexation
by –OH and –COOH groups. The main adsorption mechanism of RC and OC is the complexation
of oxygen-containing functional groups with Hg2+, accounting for 68.9% and 71.6%, respectively.
The contribution rates of –COOH and –OH groups in RC complexation reaction are 51.0% and 17.9%,
respectively, while those in OC complexation reaction are 64.6% and 7.0%, respectively. Among the five
examined fractions, IC plays a major role in mercury adsorption by RC. All adsorption mechanisms
identified are involved in the adsorption process by IC, with ion exchange being the main one,
accounting for 39.8%. The reduction effect of phenolic hydroxyl groups and –π electrons is the main
mechanism for Hg2+ removal by BHC and BCC, taking up 54.6% and 54.5% of the total adsorption
for each fragment, respectively. In addition, the adsorption contribution rates of –COOH groups on
BHC surface and –OH functional groups on BCC surface are 20.4% and 12.3%, respectively. Among all
the adsorption mechanisms, the complexation reaction of –COOH/–OH groups with Hg2+ plays the
dominating roles, and the adsorption contribution rate of –COOH functional groups is greater than
that of –OH functional groups. These conclusions play a guiding role in the remediation mechanism of
heavy metals by biochar in water. The prepared RC could be a promising low-cost adsorbent for the
treatment of Hg2+-contaminated water.
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Abstract: The purpose of this study was to compare the removal efficiencies of manganese (Mn) and
iron (Fe) using pristine banana peel biochar (BPB) and phosphoric acid pre-treated biochars (PBPB)
derived from banana peels. The removal efficiencies of Mn and Fe were investigated under different
adsorbent dosages (0.4–2 g L−1), temperatures (15–45 ◦C), and ionic strengths (0–0.1 M), and were
directly correlated to the differences in physicochemical properties of BPB and PBPB, to identify the
removal mechanisms of heavy metals by adsorption processes. The removal of Mn by PBPB obeyed
the Freundlich isotherm model while the removal of Mn and Fe by BPB followed the Langmuir
isotherm model. However, the removal of Fe by PBPB followed both Freundlich and Langmuir
isotherm models. The removal efficiencies of Mn and Fe by BPB and PBPB increased with increasing
temperatures and decreased with increasing ionic strengths. PBPB more effectively removed Mn and
Fe compared to BPB due to its higher content of oxygen-containing functional groups (O/C ratio of
PBPB = 0.45; O/C ratio of BPB = 0.01), higher surface area (PBPB = 27.41 m2 g−1; BPB = 11.32 m2 g−1),
and slightly greater pore volume (PBPB = 0.03 cm3 g−1; BPB = 0.027 cm3 g−1). These observations
clearly show that phosphoric acid pre-treatment can improve the physicochemical properties of
biochar prepared from banana peels, which is closely related to the removal of heavy metals by
adsorption processes.

Keywords: biochar; manganese; iron; banana peel; adsorption; pre-treatment; phosphoric acid

1. Introduction

Water pollution by heavy metals released from various industrial activities such as metal
plating and cleaning, mining, refineries, coatings, batteries, and automobile radiators, is an
emerging environmental issue in water treatment engineering since heavy metals may pose
adverse effects on human health and aquatic ecosystems due to their high toxicity, carcinogenicity,
and non-biodegradability [1,2]. Among various heavy metals used in industrial activities, manganese
(Mn) and iron (Fe) are known to be major inorganic pollutants affecting water quality [3]. Although Mn
is essential to activate enzymes in the human system, high Mn concentrations can generate respiratory
diseases, and continuous administration can cause neurotoxicity risk in humans [3,4]. In the case of Fe,
it can cause undesirable aesthetic concerns (i.e., metallic tastes) and lead to the growth of ferrobacteria
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related to odor problems [3]. The World Health Organization (WHO) have set a safe drinking water
concentration of 0.05 and 0.3 mg L−1 for Mn and Fe, respectively [5]. Based on these reasons, there is
great need to develop an economic and efficient method for removing heavy metals from wastewater.

Several treatment techniques, including membrane filtration (e.g., reverse osmosis and
nanofiltration), chemical precipitation, and oxidation/reduction, are available for the removal of
heavy metals, including Mn and Fe, from industrial wastewater [6–10]. A commonly practiced Mn
and Fe treatment approach is to chemically oxidize dissolved Mn(II) to particulate Mn(IV) or dissolved
Fe(II) to particulate Fe(III), followed by physical separation of the insoluble precipitates from water
using clarification and filtration processes [9,11]. However, most of those are not applicable for
wastewater treatment due to their low removal efficiencies when the heavy metal concentrations are
lower than 100 mg L−1 [12]. In contrast, activated carbon may effectively remove heavy metals from
wastewater even at low concentrations [13]. Despite this advantage, the use of the activated carbon
adsorption process for the removal of heavy metals has been limited as it requires high maintenance
and operational costs [14]. In recent years, biochars, which can be produced at low cost, have attracted
great attention as an alternative to activated carbon [15–18]. Biochar is an ecofriendly adsorbent
produced using by-products of the agricultural industries and wastes from various crops, and is
effective for removing heavy metals from wastewater [18–21].

Over the wide range of crops, bananas cultivated in more than 130 countries are regarded to
be one of the most widely grown tropical fruits in the world [22]. The world production of bananas
was approximately 117.9 million tons in 2015 [23], and about 7 million tons of banana peel wastes are
produced annually (the proportion of banana peels in total dry weight = 25–30%) [24]. Currently, most
banana peel wastes are used as natural fertilizers on soils in agricultural fields, and some of them are
fed to animals [25]. Banana peels contain a large amount of pectins which are complex polysaccharides
consisting of galacturonic acids, arabinoses, galactoses, and rhamnoses. Among them, galacturonic
acids have a strong binding capacity to the metal cations in the aqueous phases due to the presence of
carboxyl groups [22,26]. Therefore, biochar derived from banana peels is considered to be a promising
option for removing heavy metals effectively from wastewater.

Raw biochars have showed feasibility for adsorbent material to remove contaminants including
heavy metals and organic pollutants [17,18,21,27,28]. However, the sorption capacities can be enhanced
by treatment with acids, nanocomposites, and activation agents [17,29,30]. For example, Chu et al.
showed that phosphoric acid treatment improved the porosity of biochars from pine sawdust, cellulose,
and lignin [31]. The modified biochars provided better sorption of carbamazepine and bisphenol
A. The sorption for 15 different pesticides by biochars from rice straw and corn stover was also
increased by phosphoric acid treatment due to increased functional groups and aromatization of the
biochars [32]. Considering the effects of phosphoric acid treatment on porosity and the modification of
functional groups of biochars, the treatment method can be applied to improve removal efficiencies
of heavy metals by biochars from other sources. In addition, phosphoric acid has advantages in low
pyrolysis temperature, low cost, and low corrosivity to the equipment [31]. Nevertheless, to the best
of our knowledge, phosphoric acid pre-treatment has not been used to enhance the physicochemical
properties of biochars from banana peels in association with the adsorption of heavy metals.

The main purpose of this study was to evaluate the effects of phosphate pre-treatment on the
adsorption of heavy metals (i.e., Mn and Fe) using biochars prepared from banana peels. First, the
physicochemical characteristics of pristine and phosphoric acid pre-treated biochars derived from
banana peels were rigorously characterized. Then, various adsorption experiments were conducted
to investigate optimum adsorbent dosages, adsorption kinetics, adsorption isotherms, and effects of
temperature and ionic strengths on adsorption. The improved adsorption efficiencies by phosphoric
acid treatment were analyzed based on the physicochemical characteristics of the biochar, and the
adsorption mechanisms of Mn and Fe were discussed. This study improves our understanding of the
effect of phosphoric acid treatment on modification of the surface structure and functional groups of
biochars for heavy metal removal.
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2. Materials and Methods

2.1. Materials

Banana peel wastes were collected in Chuncheon-si (Gangwon-do, Korea). Mn (KMnO4,
oxidation state = +7, concentration = 1000 mg L−1) and Fe (Fe(NH4)2·(SO4)2, oxidation state = +2,
concentration = 1000 mg L−1) AA standard solutions and phosphoric acid (H3PO4), were purchased
from Daejung Chemicals & Metals (Siheung-Si, Gyeonggi-Do, Korea). Mn(VII) and Fe(II) solutions
for adsorption experiments were prepared by diluting the concentrated standard solutions in
deionized water.

2.2. Production of Biochar

The banana peel wastes were dried in an oven at 105 ◦C for 24 h, ground using a mortar, washed
several times with deionized (DI) water to remove impurities on their surfaces, and then dried in
the oven at 105 ◦C for 12 h. From the resulting banana peel powder, 50 g was immersed in a 500 mL
phosphoric acid solution (20 wt. %) for 2 h to activate adsorption sites, and dried at 105 ◦C for 12 h.
Pristine and phosphoric acid pre-treated banana peel wastes (weight of each banana peel waste = 20 g)
were pyrolyzed in the tubular furnace (PyroTech, Namyangju, Gyeonggi-do, Korea) at 600 ◦C (heating
rates = 0.2 ◦C min−1) under N2 conditions (N2 flow rate = 0.25 L min−1) for 2 h and then cooled to
room temperature. Biochars prepared from banana peel wastes were washed several times with DI
water, filtered with a 0.7 µm GF/F filter (Whatman, Maidstone, UK), and then dried in the oven at
105 ◦C for 12 h. Biochars produced from pristine and phosphoric acid pre-treated banana peel wastes
are defined as BPB (banana peel biochar without pre-treatment) and PBPB (pre-treated banana peel
biochar), respectively.

2.3. Characterization of Biochar

Element composition of BPB and PBPB was analyzed using an elemental analyzer (EuroEA3000
CHNS-O, Euro Vector S.p.A, Via Tortona, Milan, Italy). The ash content was calculated by subtracting
the quantities of carbon (C), hydrogen (H), nitrogen (N), and oxygen (O) from the total mass fraction of
the adsorbents. The specific surface area of biochar was determined with a Bronauer–Emmett–Teller
(BET) analyzer (BELSORP-mini II, MicrotracBEL, Japan). The functional group composition of the
adsorbents was identified using attenuated total reflectance-Fourier transform infrared spectroscopy
(ATR-FTIR) (Frontier Optica, Perkin Elmer, Waltham, MA, USA).

2.4. Adsorption Experiments

2.4.1. Optimal Adsorbent Dosages

Prior to the adsorption kinetics experiments, the optimum dosage of BPB and PBPB for each
heavy metal was determined. The adsorbents (dosage = 0.02–4 g L−1) were added to 25 mL of heavy
metal solution (each metal concentration = 10 mg L−1, pH = 7.0) and then mixed at 150 rpm and 25 ◦C
using a shaking incubator (VS-8480, Vision Scientific, Daejeon-Si, Korea) for 3 h. All the adsorption
tests were repeated three times to minimize experimental errors.

2.4.2. Adsorption Kinetics Analysis

For adsorption kinetics experiments, the optimum dosage of each adsorbent was added to 25 mL of
sample solutions (each heavy metal concentration = 10 mg L−1) and mixed at 150 rpm using the shaking
incubator for 0–24 h (temperature = 25 ◦C, pH = 7.0). The concentrations of Mn and Fe at the initial
and equilibrium states were measured using colorimetric methods with a UV-Vis spectrophotometer
(UV-1280, Shimadzu, Kyoto, Japan) at UV absorbances of 525 and 510 nm, respectively. All the
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adsorption tests were repeated three times to minimize experimental errors. The amount of adsorbed
heavy metals at time t (qt (mg g−1)) was calculated as follows [14]:

qt =
(C0 −C)V

m
(1)

where C0 and C are the initial and final concentrations (mg L−1) of heavy metals in the solutions, V is
the volume (L) of the solution, and m is the mass (g) of the used adsorbents.

The removal efficiencies of heavy metals were calculated using Equation (2) [14]:

Removal efficiency of heavy metal (%) =
(C0 −Ce)

C0
× 100 (2)

where Ce represents the concentrations of each heavy metal (mg L−1) at equilibrium of the solutions.
The adsorption kinetics of Mn and Fe were investigated using Equations (3) and (4):

Pseudo-first-order model : log(qe − qt) = log(qe) − k1t
2.303

(3)

Pseudo-second-order model :
t
qt

=
1

k2q2
e
+

t
qe

(4)

where k1 (min−1) is the constant of the pseudo-first-order equation, and k2 (g mg−1 min−1) is the
constant of the pseudo-second-order equation. qe (mg g−1) is the adsorption capacity at equilibrium.

2.4.3. Adsorption Isotherm Analysis

The adsorption isotherms of Mn and Fe by BPB and PBPB were identified with 6 different initial
concentrations (each heavy metal concentration = 1–10 mg L−1) under controlled conditions (agitation
time = 24 h, mixing speed = 150 rpm, temperature = 25 ◦C, pH = 7.0). The adsorption results were
analyzed using the Langmuir and Freundlich isotherm models.

Langmuir isotherm : qe =
qmaxKLce

1 + KLce
(5)

where qe (mg g−1) is the maximum monolayer adsorption capacity of heavy metals, and KL (L mg−1) is
the equilibrium constant of the Langmuir equation.

Freundlich isotherm : qe = KFc1/n
e (6)

where KF (mg1−(1/n) L1/n g−1) is the Freundlich adsorption constant, and n is the dimensionless empirical
coefficient related to adsorption strength, which depends on the surface heterogeneity.

2.4.4. Effects of Temperatures and Ionic Strengths

The effects of temperature and ionic strength on the adsorption of heavy metals by BPB and
PBPB were investigated at various temperatures (15–45 ◦C) and ionic strength conditions (0.005–0.1 M)
(each heavy metal concentration = 10 mg L−1, agitation time = 6 h, mixing speed = 150 rpm,
temperature = 25 ◦C, pH = 7.0). The removal efficiencies of Mn and Fe using BPB and PBPB were
calculated using Equations (2) and (3) as described in the previous section.

3. Results and Discussion

3.1. Physical Properties of Biochar

Figure 1 illustrates the functional group composition of BPB and PBPB, measured using ATR-FTIR.
The functional group composition of BPB and PBPB was similar, but the intensities of the IR peaks of
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the functional group composition affecting the adsorption of heavy metals were different. The IR peaks
related to O-H stretching and C-O stretching of alcohols appeared at 3500–3000 cm−1 (BPB = 3443 cm−1,
PBPB = 3431 cm−1) and 1210–1100 cm−1 (BPB = 1103 cm−1, PBPB = 1180 cm−1) due to the presence of
alcohol functional groups (-CH2OH-) derived from the cellulose component of the banana peels [33].
The IR peaks related to N-H stretching of amides were found in the range of 1650–1550 cm−1

(BPB = 1565 cm−1, PBPB = 1575 cm−1). Furthermore, C-H stretching of alkanes and C-H stretching
of aromatics exhibited relatively strong IR peaks in the range of 1500–1300 cm−1 and 900–670 cm−1,
respectively [34]. The IR peak derived from C-O stretching of alcohols exhibited a relatively high
IR intensity in PBPB compared to BPB in the range of 1210–1100 cm−1 because the phosphoric acid
pre-treatment promoted the formation of oxygen-containing functional groups closely associated with
the adsorption of heavy metals [34,35].
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Figure 1. Attenuated total reflectance (ATR)-FTIR spectra of banana peel biochar without pre-treatment
(BPB) and pre-treated banana peel biochar (PBPB).

Table 1 shows the elemental composition and surface properties of BPB and PBPB. Although
the hydrogen, nitrogen, and ash content of BPB and PBPB were similar (H content of BPB = 1.6%,
H content of PBPB = 1.9%; N content of BPB = 2.9%, N content of PBPB = 2.2%; ash content of BPB
= 19.0%, ash content of PBPB = 16.4%), PBPB had lower carbon content (54.7%) and higher oxygen
content (24.8%) compared to BPB (C content = 75.4%, O content = 1.1%). Therefore, the H/C, O/C, and
N/C ratios of PBPB were much higher than those of BPB. These observations indicate that increases in
hydroxyl and carboxyl functional groups in PBPB after phosphoric acid pre-treatment may enhance
electrostatic attractions between heavy metals and the adsorbent surfaces intimately related to the
adsorption of heavy metals [36]. Furthermore, the specific surface area and total pore volume of PBPP
(specific surface area = 27.41 m2 g−1; total pore volume = 0.032 cm3 g−1) were considerably greater
compared to BPB (BPB = 11.32 m2 g−1; total pore volume = 0.027 cm3 g−1). These results suggest that
heavy metals can be adsorbed more readily by PBPB than BPB due to its abundance of adsorption
sites [12].
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Table 1. Physicochemical properties of BPB and PBPB.

Elements Composition (%) Atomic Ratio SBET
(m2 g−1)

Pore Volume
(cm3 g−1)C H O N Ash H/C O/C N/C

BPB 75.4 1.6 1.1 2.9 19.0 0.022 0.014 0.038 11.32 0.027
PBPB 54.7 1.9 24.8 2.2 16.4 0.035 0.453 0.039 27.41 0.032

3.2. Effects of Adsorbent Dosages

Figure 2 presents the change in the removal efficiencies of Mn and Fe as a function of adsorbent
dosages. The removal efficiencies of Mn and Fe using BPB and PBPB were increased with increasing
adsorbent dosages because of the increased availability of adsorption sites on the adsorbent surfaces [14].
The lower removal efficiencies of Mn by BPB and PBPB compared to those of Fe might be attributed to
differences in the electronegativity and ion radius of Mn and Fe. Since Fe has a higher electronegativity
than Mn (Fe = 1.8, Mn = 1.5) and a small ion radius, it can more easily diffused into the pores of PBPB
and BPB [37,38]. In the equilibrium state, PBPB exhibited higher removal efficiencies of Mn and Fe
than BPB (removal efficiency of Mn by BPB = 32%, removal efficiency of Mn by PBPB = 46%, removal
efficiency of Fe by PBPB = 96%, removal efficiency of Fe by BPB = 85%). These results mean that
phosphate pre-treatment promoted the formation of functional groups on the biochar surfaces capable
of adsorbing heavy metals [27,39]. The removal efficiencies of Mn by BPB and PBPB reached the steady
state at an adsorbent dosage of 3 g L−1 while the steady states of Fe adsorption occurred at 0.1 g L−1 for
BPB and 0.3 g L−1 for PBPB, respectively. Hence, the PBPB and BPB dosages obtained at their steady
states for Mn and Fe were applied for further adsorption experiments.
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Figure 2. Effects of biochar dosages on the adsorption of heavy metals using BPB and PBPB: (a) Mn 
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3.3. Adsorption Kinetics of Mn and Fe

Figure 3 depicts the adsorption kinetics of Mn and Fe by BPB and PBPB. The adsorption proceeded
rapidly in the beginning for both heavy metals (Mn ≤360 min; Fe ≤180 min) and almost reached
equilibrium at 10 h. A possible explanation for these results is that the availability of adsorption
sites plays key roles in the adsorption of Fe and Mn by BPB and PBPB [19]. Table 2 presents the
kinetic model parameters for the adsorption of Mn and Fe by BPB and PBPB. Based on the correlation
coefficient values (R2), the pseudo-second-order model better described the adsorption of Mn and Fe
by BPB and PBPB than the pseudo-first-order model. These observations indicate that the adsorption
of Mn and Fe by BPB and PBPB is predominantly governed by chemical adsorption (i.e., covalent

244



Water 2020, 12, 1173

bonding or ion/electron exchange) [27]. As shown in Figure 3, the adsorption capacities at equilibrium
(qe) of Mn and Fe by BPB were 1.14 and 31.61 mg g−1, respectively. Meanwhile, the qe of Mn and Fe by
PBPB were 2.03 and 32.99 mg g−1, respectively. The higher qe values by PBPB support the assumption
that PBPB is more effective for the adsorption of heavy metals than BPB due to its higher content of
oxygen-containing functional groups [34,35].Water 2020, 12, x FOR PEER REVIEW 7 of 13 
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Figure 3. Adsorption kinetics of heavy metals onto BPB and PBPB: (a,b) Mn and (c,d) Fe (agitation
time = 24 h, agitation speed = 150 rpm, adsorbent dosage of BPB and PBPB for Mn = 3 g L−1, adsorbent
dosage of BPB for Fe = 0.1 g L−1, adsorbent dosage of PBPB for Fe = 0.3 g L−1, initial concentration of
Mn and Fe = 10 mg L−1, pH = 7, and temperature = 25 ◦C).

Table 2. Kinetic model parameters for the adsorption of Mn and Fe by BPB and PBPB (n = 3).

k R2

BPB
Mn

First-order (min−1) 0.008 0.944
Second-order (g mg−1 min−1) 0.029 0.999

Fe
First-order (min−1) 0.007 0.867

Second-order (g mg−1 min−1) 0.004 0.999

PBPB
Mn

First-order (min−1) 0.009 0.965
Second-order (g mg−1 min−1) 0.003 0.977

Fe
First-order (min−1) 0.019 0.892

Second-order (g mg−1 min−1) 0.006 0.999
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3.4. Adsorption Isotherms of Mn and Fe

The adsorption mechanisms of Mn and Fe by BPB and PBPB were analyzed using the Langmuir
and Freundlich adsorption isotherm models (Figure 4 and Table 3). The Langmuir isotherm model was
well-fitted to the adsorption of Mn and Fe by BPB (R2 of Mn = 0.972, R2 of Fe = 0.869). These results imply
that monolayer adsorption is responsible for the adsorption of Mn and Fe by BPB [7]. The adsorption
of Mn by PBPB followed the Freundlich isotherm model (R2 = 0.993) more closely than the Langmuir
isotherm model (R2 = 0.898). It is evident that multilayer adsorption strongly contributes to the
adsorption of Mn by PBPB [13]. However, the adsorption of Fe by PBPB followed both Freundlich
(R2 = 0.933) and Langmuir isotherms (R2 = 0.949). The n value of the Freundlich isotherm model was
used to examine the adsorption affinity of Mn and Fe onto BPB and PBPB (Table 3): (i) n > 1 (favorable),
(ii) n = 1 (linear), and (iii) n < 1 (unfavorable) [30]. The adsorption of Mn and Fe by BPB (n value of
Mn = 7.267, n value of Fe = 1.069) and the adsorption of Mn by PBPB (n value = 2.471) were favorable
whereas the adsorption of Fe by PBPB (n value = 0.977) was not favorable. The separation parameter
RL value, based on RL = 1/(1 + KLC0) of the Langmuir isotherm model, was also calculated to assess
the adsorption preference of Mn and Fe toward BPB and PBPB: (i) RL > 1 (unfavorable), (ii) RL = 1
(linear), (iii) 1 > RL > 0 (favorable), and (iv) RL = 0 (irreversible) [40]. Since the RL values of Mn and
Fe by BPB and PBPB were in the range of 0–1 (RL of Mn by BPB = 0.003; RL of Fe by BPB = 0.146; RL

of Mn by PBPB = 0.012; RL of Fe by PBPB = 0.156), the adsorption of Mn and Fe by BPB and PBPB
seemed to be favorable.
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Figure 4. Adsorption isotherms of heavy metals onto BPB and PBPB: (a)–(b) Mn and (c)–(d) Fe 
(agitation time = 24 h, agitation speed = 150 rpm, adsorbent dosage of BPB and PBPB for Mn = 3 g L-1, 
adsorbent dosage of BPB for Fe = 0.1 g L−1, adsorbent dosage of PBPB for Fe = 0.3 g L−1, initial 
concentration of Mn and Fe = 10 mg L−1, pH = 7, and temperature = 25 °C).  

Figure 4. Adsorption isotherms of heavy metals onto BPB and PBPB: (a,b) Mn and (c,d) Fe (agitation
time = 24 h, agitation speed = 150 rpm, adsorbent dosage of BPB and PBPB for Mn = 3 g L−1, adsorbent
dosage of BPB for Fe = 0.1 g L−1, adsorbent dosage of PBPB for Fe = 0.3 g L−1, initial concentration of
Mn and Fe = 10 mg L−1, pH = 7, and temperature = 25 ◦C).
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Table 3. Isotherm model parameters for adsorption of Mn and Fe by BPB and PBPB (n = 3).

Mn Fe

BPB

Langmuir

KL (L mg−1) 32.204 0.583
qe (mg g−1) 0.796 27.355

RL 0.003 0.146
R2 0.972 0.869

Freundlich
KF (mg1−(1/n) L1/n g−1) 0.821 3.864

n 7.267 1.069
R2 0.81 0.826

PBPB

Langmuir

KL (dm3 mg−1) 7.943 0.540
qe (mg g−1) 2.319 29.55

RL 0.012 0.156
R2 0.898 0.949

Freundlich
KF (mg1−(1/n) L1/n g−1) 1.161 4.611

n 2.471 0.977
R2 0.993 0.933

3.5. Effects of Temperature on Adsorption of Mn and Fe

The effects of temperature on the adsorption of Mn and Fe by BPB and PBPB are compared
in Figure 5. The removal efficiencies of Mn and Fe by both BPB and PBPB were increased with
increasing temperatures from 15 (removal efficiency of Mn by BPB = 17%, removal efficiency of Mn
by PBPB = 46%, removal efficiency of Fe by BPB = 88%, removal efficiency of Fe by PBPB = 97%) to
45 ◦C (removal efficiency of Mn by BPB = 32%, removal efficiency of Mn by PBPB = 65%, removal
efficiency of Fe by BPB = 97%, removal efficiency of Fe by PBPB = 99%). These results suggest that
high temperatures may provide sufficient energy for the adsorption of heavy metals on the surficial
and interior layers of biochars [41]. From the higher removal efficiencies of Mn and Fe by PBPB than
BPB, it can be concluded that the abundance of oxygen-containing functional groups facilitates the
adsorption of heavy metals by carbonaceous adsorbents [36].
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3.6. Effects of Ionic Strength on Adsorption of Mn and Fe

Figure 6 illustrates the effects of ionic strength on the removal of heavy metals by BPB and PBPB.
The removal efficiencies of Mn and Fe by BPB and PBPB were gradually decreased with increasing ionic
strengths. For example, when ionic strength was increased from 0 to 0.1 M, the removal efficiencies of
Mn by BPB and PBPB were decreased from 35% and 54% to 21% and 32%, respectively. Meanwhile,
the removal efficiencies of Fe by BPB and PBPB were decreased from 95% and 99% to 84% and 96%,
respectively. These observations imply that increases of ionic strength may reinforce the electrostatic
repulsion between heavy metals and the biochar surfaces and reduce the availability of adsorption
sites on the biochar surfaces through the aggregation of biochars [42]. The removal efficiencies of
Fe by BPB and PBPB were less affected by the changes in ionic strength compared to the removal
efficiencies of Mn by BPB and PBPB because Fe has a smaller ion radius and higher electronegativity
than Mn [37,38]. These inherent natures allowed Fe to exhibit higher attractive charges in the nucleus
on the electron orbital [37,38]. Therefore, Fe more easily penetrated into the pores of biochars compared
to Mn [37,38]. In addition, the higher removal efficiencies of Mn and Fe by PBPB (removal efficiency
of Mn = 32–54%; removal efficiency of Fe = 96–99%) than BPB (removal efficiency of Mn = 21–35%;
removal efficiency of Fe = 84–95%) at all the tested ionic strengths provide evidence that the surface
structural features and oxygen-containing functional group abundance govern the adsorption of heavy
metals by carbonaceous adsorbents [12,21,22].
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and (b) Fe (agitation time = 6 h, agitation speed = 150 rpm, adsorbent dosage of BPB and PBPB for
Mn = 3 g L−1, adsorbent dosage of BPB for Fe = 0.1 g L−1, adsorbent dosage of PBPB for Fe = 0.3 g L−1,
initial concentration = 10 mg L−1, pH = 7, and temperature = 25 ◦C).

4. Conclusions

In this study, phosphoric acid pre-treatment on banana peel biochar was investigated for
enhancement of Mn and Fe removal efficiencies. The physicochemical characteristics of pristine
and phosphoric acid pre-treated biochars were characterized using the elemental analyzer, BET,
and ATR-FTIR. These characterizations revealed that phosphoric acid pre-treatment facilitated the
formation of oxygen-containing functional groups (i.e., hydroxyl and carboxyl functional groups),
which could enhance the adsorption of heavy metals on the biochar surfaces. In addition, phosphoric
acid pre-treatment improved specific surface area and pore volume for more adsorption sites for heavy
metals. The adsorption experiments showed that phosphoric acid pre-treatment can improve the
removal of Mn and Fe significantly. The results of the adsorption kinetics of Mn and Fe by BPB and
PBPB were well-matched to the pseudo-second-order, indicating that adsorption was predominantly
governed by chemical adsorption. The adsorption of Mn and Fe by BPB obeyed the Langmuir
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isotherm model, whereas the Freundlich isotherm model described the adsorption of Mn by PBPB well.
The adsorption of Fe by PBPB followed both Freundlich and Langmuir isotherm models. Furthermore,
the adsorption of Mn and Fe by both BPB and PBPB increased with increasing temperature. However,
the removal efficiencies were decreased with increasing ionic strength. From the excellent adsorption
performance of Mn and Fe by PBPB compared to BPB, it can be concluded that phosphoric acid
pre-treatment is a promising method to enhance Mn and Fe removal by banana peel biochar.
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Abstract: The application of biosorption in the removal of heavy metals from water faces a challenge
of safe disposal of contaminated biomass. In this study, a potential solution for this problem
was proposed by using a biosorption-pyrolysis process featured by pretreatment of biomass with
phosphoric acid (PA). The PA pretreatment of biomass increased the removal efficiency of heavy
metal Pb from water by sorption, and subsequent pyrolysis helped immobilize Pb in the residual char.
The results indicate that most (>95%) of the Pb adsorbed by the PA-pretreated biomass was retained
in the char, and that the lower pyrolysis temperature (350 ◦C) is more favorable for Pb immobilization.
In this way, the bioavailable Pb in the char was hardly detected, while the Pb leachable in acidic
solution decreased to <3% of total Pb in the char. However, higher pyrolysis temperature (450 ◦C)
is unfavorable for Pb immobilization, as both the leachable and bioavailable Pb increased to >28%.
The reason should be related to the formation of elemental Pb and unstable Pb compounds during
pyrolysis at 450 ◦C, according to the X-ray diffraction study.

Keywords: heavy metal; biosorption; biochar; immobilization; phosphoric acid

1. Introduction

Water pollution by heavy metals, such as Pb, is one of the most serious environmental issues in
the world. In comparison with other technologies for removing heavy metals from water, biosorption
has the advantages of low operation cost, abundant biomass availability, and easy acceptance by the
public [1–5]. Many kinds of plant-derived biomass wastes have been used for sorption of heavy metals,
such as Pb, Cd, and Cu [6–8]. However, the practical applications of biosorption in the removal of
heavy metals face two challenges. The first is that the sorption capacity of many indigenous biosorbents
needs to be enhanced. Except for some biosorbents derived from algae and wheat bran, the maximum
sorption of Pb by many lignocellulosic materials (seed husks, hulls and leaves, etc.) has shown to be
<50 mg/g [6,9]. For seeking the solution of this problem, chemical modifications of biomass have been
used for enhancing the sorption capacity [10–12]. The chemical modifying agents, including inorganic
bases (e.g., NaOH), mineral acids (e.g., HNO3), and organic compounds (e.g., urea) can enhance the ion
exchange, and increase the functional groups and metal holding capacity of biosorbents. Among these
modifying agents, phosphoric acid (PA) has shown to be a good candidate. PA has been used to
modify olive pomace [13], corncob [14], rice husk [15], bagasse [16], wheat straw biochar [17] and so
forth, so that their sorption to heavy metals was greatly enhanced. The second and more significant
challenge is related to the safe disposal of the contaminated biomass after sorption of heavy metals.
As the biomass is readily decomposed, the adsorbed heavy metals would be released or leached from
the contaminated biomass if it was not properly disposed.

253



Water 2020, 12, 2381

The proposed methods for disposal of heavy metal-contaminated biomass include incineration [18],
composting [19], and pyrolysis [20], among others. Both incineration and composting have the problem
of secondary pollution because the heavy metals will be dispersed into surroundings. In comparison,
pyrolysis is operated in a closed system, and dispersion of heavy metals is controllable. Thus, pyrolysis
has been used more frequently for post-treatment of heavy metal-contaminated biomass [21–26].
Pyrolysis is useful for valorization of contaminated biomass by transforming it into bio-fuel [27,28],
and has also been used for preparing biochars that are good adsorbents to many pollutants [29–31].
The distribution of heavy metals in various fractions of pyrolysis product (e.g., oil or char) depends on the
specific pyrolysis technique and heavy metal species [32–34]. For example, higher pyrolysis temperatures
resulted in more emission of heavy metals into volatile fractions (e.g., oil) [27,35]. In contrast, slow
pyrolysis at relatively low temperatures is more efficient for retention of heavy metals in the char [36,37].
Furthermore, at the same pyrolysis conditions, the heavy metals Cu, Zn, and Pb are more readily
retained in the char than Cd [38]. As the char is more resistant to degradation than the biomass,
pyrolysis is a feasible solution for disposal of heavy metal-contaminated biomass if most of the heavy
metals are retained in the char and their stability in the char is guaranteed. In our previous studies,
we investigated the stability of Pb and Cd in the char, and found that addition of phosphates in the
contaminated biomass before pyrolysis enhanced the retention and stability of heavy metals [39–41].

In this work, a novel biosorption-pyrolysis process using PA-pretreated biomass was used to
attempt to remove Pb from aqueous solution and subsequently immobilize Pb in the char. The specific
objectives were to test two hypotheses: the first is that the PA pretreatment of biomass will enhance its
sorption to Pb, and the second and more significant is that the subsequent pyrolysis of the contaminated
biomass will increase the stability of Pb in the char. Different from our previous studies using
phosphates as the additive for pyrolysis of the contaminated biomass [39], the biomass derived from
an aquatic plant was firstly treated with PA, and then used for sorption of Pb in aqueous solution.
The Pb-contaminated biomass was pyrolyzed, and the retention and stability of Pb in the char was
evaluated. The comparison with the biosorption-pyrolysis process using un-pretreated biomass was
also performed, and the immobilization mechanism of Pb in the char was investigated by using X-ray
diffraction (XRD) and infrared spectra (IR).

2. Materials and Methods

2.1. Biomass and PA Pretreatment

The plant biomass was derived from the Hydrocotyle verticillata species, an aquatic plant that is
widely distributed in tropical and subtropical zones. Its great adaptability and vitality makes it a good
choice for phytoremediation of polluted or eutrophic water. The floating part (leaves and stems) of the
Hydrocotyle plant was collected from a local river at Shaoxing, Zhejiang Province of China. The biomass
was dried in an oven at 100 ◦C to a constant weight, and pulverized to a size of <0.15 mm. Elemental
analysis using the EA3000 elemental analyser (Euro Vector, Italy) indicates that the pristine biomass
(Mass) is composed of C 40.7%, O 29.7%, H 5.9%, N 1.5%, and S 0.6% by weight. The ash content of
the biomass measured at 750 ◦C is 15.7% by weight. Phosphoric acid (H3PO4, PA) of analytical grade
(Sinopharm Chemical Reagent Co. Ltd., China) was used for pre-treating the biomass. The biomass
powder was soaked in 30 wt% PA solution for 24 h, then washed by water until the pH of the effluent
reached 6.0. Two PA dosages with the mass ratio of PA/biomass = 0.5 or 1.0 were chosen according to
the preliminary experiments. The dry solid residue obtained by PA pretreatment is labeled hereafter as
PA0.5Mass or PA1.0Mass, respectively, according to the PA dosage (0.5 or 1.0) used for pretreatment.

2.2. Pb Removal and Sorption Experiments

Pb(NO3)2 of analytical grade (Sinopharm Chemical Reagent Co. Ltd., Shanghai, China) was
used to prepare Pb solutions for removal and sorption experiments. Of the biosorbent (un-pretreated
biomass (Mass) or PA-pretreated biomass (PA0.5Mass or PA1.0Mass)), 50 mg was added to 20 mL of

254



Water 2020, 12, 2381

aqueous Pb solution with initial concentrations (C0, mg/L) ranging from 5 to 50 mg/L. The slurry
was adjusted to an initial pH of 5.0 with diluted HNO3 solution, and placed in a thermostatic shaker
bath at 25.0 ± 0.2 ◦C and shaken for 6 h when the sorption reached equilibrium according to our
preliminary experiments. The supernatant solution was sampled and the Pb concentration (Ce) in
solution was analyzed by the flame atomic absorption spectrometry (AAS) (AA-7000, Shimadzu,
Japan). The removal efficiency (%) was calculated by Equation (1).

Removal efficiency(%) =
C0 −Ce

C0
× 100% (1)

The isothermal sorption experiments were conducted in a way similar to the removal experiments,
except that a higher C0 range (50–300 mg/L) was used, so as to leave a certain equilibrium Pb
concentration (Ce) in the solution. The quantity adsorbed (Qe, mg/g) was calculated by Equation (2):

Qe = (C0 −Ce) × V
m

(2)

where V is the volume of aqueous Pb solution (0.02 L) and m is the mass of biomass used for sorption
experiments (0.05 g). The isothermal sorption data were further analyzed with the Langmuir and
Freundlich sorption isotherm models. The Langmuir model has been expressed in Equation (3):

Qe =
QmbCe

1 + bCe
(3)

where Qm gives the maximum sorption capacity (mg/g) based on the monolayer adsorption model, and b
(L/mg) is the Langmuir constant. The empirical Freundlich model has been expressed in Equation (4):

Qe = kFCe
1/n (4)

where kF is the Freundlich sorption constant, and n gives the sorption intensity of biosorbents.

2.3. Pyrolysis of Pb-Contaminated Biomass

To obtain an adequate amount of contaminated biomass for subsequent pyrolysis, the biomass
sample (1.5 g) was mixed with 500 mL of Pb solution with C0 = 100 mg/L at initial pH = 5.0, and the
mixture was stirred magnetically at room temperature for 6 h. Then the solid residue was filtered out
and dried at 100 ◦C. The Pb-contaminated biomass powder was marked as Pb@Mass, Pb@PA0.5Mass,
or Pb@PA1.0Mass according to the biomass sample used for biosorption. Pyrolysis of the Pb-contaminated
biomass was carried out at 350 or 450 ◦C in a quartz tube furnace filled with N2 gas. The relatively
lower pyrolysis temperature was used because a higher temperature will lead to less retention of
Pb in the char, according to a previous report [39]. The resulting Pb-concentrated chars are referred
to hereafter as Pb@Char350, Pb@PA0.5Char350, Pb@PA1.0Char350, Pb@Char450, Pb@PA0.5Char450,
and Pb@PA1.0Char450, respectively, depending on the temperature and feedstock biomass used for
pyrolysis. The amount of Pb loaded in the biomass (Qmass, mg/g) and then concentrated in the chars
(Qchar, mg/g) was determined using a microwave digestion method [40], and the Pb concentration in
the dilute digestion solution was determined using AAS. Retention efficiency of Pb (%) in the char after
pyrolysis was calculated by Equation (5).

Retention efficiency in the char(%) =
Qchar

Qmass
×Yield of char(%) (5)

2.4. Evaluation of the Stability of Pb in the Solid Samples

The bioavailable Pb, namely that available for utilization by living organisms, was evaluated
with the DTPA extraction method using a buffer DTPA (diethylene triamine pentacetate acid) solution
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according to the ISO standard (ISO 14870-2001). The leachable Pb in the samples was evaluated based
on the amount of extractable Pb with the acid solution used in the Toxicity Characteristic Leaching
Procedure (TCLP, EPA Test Method 1311). The details for the DTPA extraction and the TCLP test follow
the procedures reported previously [40,42].

2.5. Sample Analysis

Surface composition of the biomass samples was determined with a JSM-6360LV scanning electron
microscope (SEM) (JEOL, Tokyo, Japan) equipped with an X-act energy dispersive X-ray spectrometer
(EDS) (Oxford, UK). Infrared spectra (IR) were recorded in the 4000–400 cm−1 region on a Nexus FT-IR
spectrophotometer (Nicolet, Glendale, WI, USA) using a KBr pellet. The crystalline species in the
biomass and chars were identified by X-ray diffraction (XRD) using D/MAX3A (Rigaku, Tokyo, Japan)
equipment with CuKα radiation and a goniometer rate of 4◦/min.

3. Results and Discussion

3.1. Influence of PA Pretreatment on the Removal of Pb by Biomass

The results in Figure 1a indicate that the removal efficiency of Pb by the Hydrocotyle biomass
(Mass) is enhanced after PA treatment, despite that the sample (PA1.0Mass) pretreated with more PA
performed worse than the counterpart using less PA (PA0.5Mass). At the dosage of biomass used in this
study (2.5 g/L), Pb is almost completely removed by PA0.5Mass when the initial concentration (C0) of
Pb (II) ranged from 5~50 mg/L. In contrast, the removal efficiency of Pb by the un-pretreated biomass
dropped to <85% with the C0 increase to 50 mg/L. The enhanced removal efficiency corresponds
well to the improved sorption of Pb by biomass after PA pretreatment (Figure 1b). The maximum
sorption (Qm) calculated with the Langmuir model (Equation (3)) increased to 78.7 mg/g for PA0.5Mass
from 69.6 mg/g for the indigenous biomass (Mass) (Table 1). The Qm values of the biosorbents in
this study are close to those lignocellulosic materials with high sorption capacity to Pb reported in
literature [6,7]. In addition, the n values calculated with the Freundlich model are much larger than 1
(Table 1), indicating that all the biosorbents favored the sorption of Pb [17]. The kinetic analysis
indicates that the sorption of Pb by all three biosorbents (Mass, PA0.5Mass, and PA1.0Mass) fitted well
to the pseudo-second-order model (R2 > 0.99), and the sorption rate by the biomass was increased by
PA-pretreatment according to the calculated rate constants (Table S1 in the Supplementary Materials).
The quantity of Pb adsorbed by all three biosorbents (Mass, PA0.5Mass and PA1.0Mass) increased with
the initial pH and the initial Pb concentrations in solution (Figures S2 and S3 in the Supplementary
Materials). Therefore, the Hydrocotyle biomass and its PA-pretreated derivatives are potential sorbents
for removal of heavy metals from water.

The relatively high sorption of Pb by the Hydrocotyle biomass and its PA-pretreated derivatives
is related to their surface properties. Figure 2 shows the SEM images of the un-pretreated biomass
(Figure 2a) and the PA-pretreated biomass (Figure 2b). The rough surface of PA0.5Mass favors the
sorption by providing more reactive sites. The specific surface area measured by the BET method is
7.24 m2/g for PA0.5Mass, which is higher than that of the un-pretreated biomass (1.42 m2/g). Thus,
PA-pretreatment increases the surface area of biomass and makes more reactive sites available for
the sorption of Pb. The EDS analysis indicates that there are some inorganic minerals composed
of Ca and K on the biomass surface, which are useful for sorption of Pb through cation exchange.
For example, Pb can replace K in carbonate and sulfate to form precipitates, and this is a major pathway
for sorption of Pb by those biomasses and biochars rich in inorganic minerals [43–45]. The sorption of
Pb by biomass is also related to the surface functional groups. As can be seen in Figure 3, the bands at
1735, 1440, 1160–1060 cm−1 indicate oxygen-containing functional groups (C=O, C–OH, and C–O) on
the biomass surface, which facilitate the sorption of Pb through surface complexation that has also
been reported to contribute much to biosorption of heavy metals [46,47]. Some previous studies have
shown that PA treatment can strengthen the acid functional groups of biomass [13,16,48], due to the

256



Water 2020, 12, 2381

dissociation of these groups. In addition, PA pretreatment of the biomass introduces a new PO4
3−

group (at 1023 cm−1) that can bind Pb through formation of phosphates, according to the IR spectra
(Figure 3). However, pretreatment with a higher dosage of PA (1.0 g/g dry biomass) may result in
over-acidification of biomass, which may inhibit the precipitation of Pb, so that the decreased removal
efficiency and sorption capacity was observed on PA1.0Mass in comparison with PA0.5Mass (Figure 1).
The over-acidification of biomass is confirmed by the change of pH before and after sorption of Pb.
For example, at the same initial Pb concentration (e.g., C0 = 250 mg/L) and same initial pH = 5.0, pH in
the solution after sorption of Pb dropped to 4.8, 4.7, and 4.4, respectively for the sorption systems using
Mass, PA0.5Mass, and PA1.0Mass. Namely, the pH in the PA1.0Mass system is much lower than the
other two systems, and lower pH favors dissolution of Pb and impacts its removal by biomass.Water 2020, 12, x FOR PEER REVIEW 5 of 13 
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Table 1. Fitting results of the sorption data with the Langmuir and the Freundlich models.

Models
Langmuir Freundlich

Qm (mg/g) b (L/mg) R2 kF n R2

Mass 69.6 0.0788 0.992 20.6 4.21 0.855
PA0.5Mass 78.7 0.373 0.996 36.7 5.72 0.853
PA1.0Mass 76.9 0.242 0.993 32.8 5.39 0.839
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3.2. Influence of Pyrolysis on Pb Retention in the Char

Pyrolysis of the contaminated biomass at high temperatures will increase the risk of emission
of Pb with volatile matters, and decrease the retention of Pb in the char, according to the previous
studies [40–42]. Thus, two relatively low temperatures (350 and 450 ◦C) were used for pyrolysis of the
Pb-contaminated biomass in this work, and the retention efficiency of Pb in various chars is shown in
Figure 4. As can be seen, the Pb retentions in the two chars derived from the un-pretreated biomass
were both less than 85%, and higher pyrolysis temperature (450 ◦C) led to lower retention efficiency
due to the emission of Pb with volatile matters [27,35]. In comparison, the Pb retentions in the four
chars (PA0.5char350, PA1.0char350, PA0.5char450, and PA1.0char450) derived from the PA-pretreated
biomass were all >95%, and a higher dosage of PA used for pretreatment favors retention of more
Pb in the char, indicating that PA pretreatment helped inhibit the emission of Pb during pyrolysis.
PA is often used for activation of carbonization of biomass [49,50], and has shown to be effective for
increasing the yield of char according to the previous reports [51,52], which is in consistency with
that observed in this study (Figure 4a). The higher yield of char means less production of volatile
matters, and introduction of PO4

3− may also strengthen the binding of Pb to the solid char, which will
be investigated in-depth in the following Section 3.4. Therefore, PA pretreatment of the biomass and
subsequent pyrolysis enhanced the retention of Pb in the char, which is beneficial for reducing the
hazard of secondary pollution due to pyrolysis of heavy metal-contaminated biomass.
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Figure 4. (a) Yield of chars, and (b) retention efficiency of Pb in the chars obtained by pyrolysis of
Pb-contaminated biomass pretreated with various dosages of PA (0, 0.5 and 1.0 g/g mass).

3.3. Influence of Pyrolysis on Stability of Pb in the Char

The stability of Pb retained in the chars was first evaluated with the DTPA extraction method.
Figure 5a shows the bioavailability of Pb in six chars, and the three Pb-contaminated biomass
samples were also included for comparison. As can be seen, Pb adsorbed by biomass is readily
bioavailable, whether the un-pretreated biomass or the PA-pretreated biomass was used as the sorbent.
The DTPA- extractable Pb from the three biomass are all over 85%, so the sole PA pretreatment
could not ensure the stability of Pb, although its sorption was enhanced as that shown in Figure 1b.
Pyrolysis of the contaminated biomass sharply reduced the bioavailability of Pb in the char; in particular,
the DTPA-extractable Pb is lower than 5% for the three chars obtained by pyrolysis at a lower temperature
(Pb@Char350, Pb@PA0.5Char350, and Pb@PA1.0Char350). The DTPA-extractable Pb in the last two chars
derived from the PA-pretreated biomass is close to zero. The results show that pyrolysis significantly
enhanced the stability of Pb, and PA pretreatment can further reduce the bioavailability of Pb in the
char. However, the DTPA-extractable Pb from the chars was lifted to >28% as the pyrolysis temperature
increased to 450 ◦C, indicating that a higher pyrolysis temperature is unfavorable for immobilization
of Pb. The similar results about the influence of pyrolysis temperature on stability of heavy metals in
the char have been reported by Shi et al. [40]. The reason may be related to the different binding states
between Pb and the chars obtained at different pyrolysis temperatures, which will be further discussed
in the following Section 3.4.

The Pb immobilization by pyrolysis was further assessed with the TCLP test, and the results of
leachable Pb in the biomass and chars are shown in Figure 5b. Interestingly, Pb adsorbed in the biomass
was not readily leachable, with the highest leachable ratio of 5.34% observed on the biomass without
PA pretreatment, although most of the Pb adsorbed in the biomass was bioavailable (Figure 5a). Such a
difference should be related to the interactions between Pb and biomass, which are dominated by
surface complexation and cation exchange, because there are plentiful oxygen-containing functional
groups and exchangeable cations (e.g., K+) on the biomass surface according to the IR and EDS analysis
(Figures 2 and 3). These interactions are readily broken down by a chelating agent, such as DTPA,
but insensitive to acetic acid used in the TCLP test. Furthermore, pyrolysis increased the amount of
leachable Pb in the Pb@Char350 and Pb@Char450 chars, and higher pyrolysis temperatures resulted in
more leachable Pb (Figure 5b). The reasons should be mainly related to the change of solid’s properties
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during the pyrolysis. Pyrolysis makes biomass lose functional groups such as –OH and C–O that
are essential for sorption of Pb through surface complexation. At the meantime, inorganic minerals
in biomass will be transformed into alkaline matter, such as carbonates or (hydr)oxides [53]. Thus,
the interactions between Pb and solid will be changed by formation of Pb oxide or carbonates that
are readily dissolved in acid. Therefore, direct pyrolysis, especially at higher temperatures (450 ◦C),
is not favorable for immobilization of Pb in an acidic environment, because nearly half of Pb in the
Pb@Char450 sample is leachable (Figure 5b). Despite this result, the encouraging fact is that the two
chars (Pb@PA0.5Char350 and Pb@PA1.0Char350) obtained at 350 ◦C and derived from the PA-pretreated
biomass show good immobilization of Pb, with the ratio of leachable Pb accounting for less than 3%.
In combination with the results shown in Figure 5a, we conclude that pyrolysis at 350 ◦C can immobilize
Pb adsorbed by the PA-pretreated biomass. The similar immobilization of heavy metals in the char
using phosphates as the additive for pyrolysis has been observed in our previous studies [39–41].
What makes this work differently is that the biomass was firstly pretreated with PA, which enhanced
its efficiency for removal of Pb before it was immobilized by pyrolysis. In general, such a combined
biosorption-pyrolysis will be a promising strategy for removal of heavy metals from aqueous solution
and subsequent safe disposal of the contaminated biosorbents.
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3.4. Investigations about the Immobilization Mechanisms

The X-ray diffraction (XRD) technique and IR spectra were used to examine the biomass and
chars obtained by different treatments, so as to understand the mechanisms of Pb immobilization.
The XRD patterns (Figure 6) indicate that there is no crystalline constituent other than cellulose in
the Pb-contaminated biomass. However, the stable PbS crystal was found in all the chars, which
should be one reason for immobilization of Pb. Furthermore, several strong peaks attributed to
the lead phosphates (e.g., Ca8Pb2(PO4)6(OH)2 at 2θ = 51.6◦, and Pb9(PO4)6 at 2θ = 26.8◦ and 33.2◦)
were observed in the Pb@PA1.0Char350 sample. These lead phosphates contribute to the enhanced
stability of Pb in this char, so the bioavailability and leachability of Pb were suppressed. However,
as the pyrolysis temperature increased to 450 ◦C, the elemental Pb and unstable Pb compounds
(PbO and Pb3(CO3)(OH)2) were formed according to the XRD patterns (Figure 6), which can explain
the results obtained in the TCLP test, in which more leachable Pb was observed in the chars obtained
at a high pyrolysis temperature (450 ◦C) (Figure 5). Further, a new peak at 1156 cm−1 was found in
the IR spectra (Figure 7) of two chars derived from the PA-pretreated biomass (Pb@PA1.0Char350
and Pb@PA1.0Char450), which could be assigned to C–O stretching vibrations in P–O–C (aromatic)
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linkage [49]. Thus, Pb phosphates would be bound to the carbon matrix through this linkage, which
made Pb be stably anchored on the char [52].
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4. Conclusions

The combined biosorption-pyrolysis process can be used for efficient removal of Pb from aqueous
solution and then immobilization of Pb in the char, when the Hydrocotyle biomass is pretreated with
PA. The PA-pretreatment increased the surface area and introduced more functional groups in the
biomass, and enhanced the removal efficiency of Pb by biosorption. The subsequent pyrolysis of the
Pb-contaminated biomass at relatively low temperatures (350 and 450 ◦C) retained most of the Pb in the
char, and use of the PA-pretreatment further increased the retention efficiency to >95%. Furthermore,
both the bioavailability and leaching potential of Pb in the char were significantly reduced by pyrolysis
with the aid of PA-pretreatment, and pyrolysis at 350 ◦C is more favorable for the immobilization of Pb
than that at 450 ◦C. The immobilization mechanisms are related to the formation of Pb phosphates
and their linkage to the carbon matrix, according to the investigations with XRD and IR spectra.
Despite the promising results obtained in this study, the long-time stability of Pb in the char deserves
further investigation by considering more environmental factors, such as pH, temperature, humidity,
and microbial effect, before the safe disposal of the char.
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Abstract: Human hair is considered a ubiquitous waste product and its accumulation can cause
environmental problems. Hence, the search for alternatives that take advantage of this waste as a new
raw material is of interest, and contributes to the idea of the circular economy. In this study, chemically
modified human hair was used as a low cost biosorbent for the removal of heavy metal ions from
aqueous solutions. The effect of the contact time, the pH, and the biosorbent concentration on the
biosorption process were investigated. Kinetic modeling indicated that the pseudo-second order
kinetic equation fitted well with R2 > 0.999. Furthermore, the equilibrium data fitted the Langmuir
adsorption isotherm at 295 K resulting in saturation concentrations of 9.47 × 10−5, 5.57 × 10−5,
3.77 × 10−5, and 3.61 × 10−5 mol/g for the sorption of Cr(III), Cu(II), Cd(II), and Pb(II), respectively.
The biosorption process did not change the chemical structure and morphology of the hair, which was
shown by FTIR and SEM. In addition, desorption experiments prove that 0.1 mol/L EDTA solution
is an efficient eluent for the recovery of Pb(II) from the treated human hair. To summarize, treated
human hair showed satisfactory biosorption capacity and can be considered as an effective biosorbent
for the treatment of water with a low concentration of heavy metal ions.

Keywords: human hair; heavy metal; kinetics; isotherms; biosorption

1. Introduction

Heavy metal ions are considered extremely harmful to humans, aquatic organisms, and other life
forms because of their toxicity, accumulation, and non-biodegradable nature, causing various diseases
and disorders [1]. Hence, the removal of heavy metal ions from wastewater has attracted attention for
the protection of public health and the environment [2]. Conventional methods for removing heavy
metal ions, including chemical precipitation, flotation, ion exchange, evaporation, and membrane
processes are practical and cost-effective only with high strength wastewater (which contains high
concentration levels of pollutants), and they are ineffective when applied to low strength aqueous
effluents with heavy metal ion concentrations less than 100 ppm [3]. Adsorption techniques currently
play an important role in the removal of heavy metal ions from wastewater, offering considerable
advantages, such as low-cost, availability, profitability, ease of operation, and efficiency [4,5]. Various
materials have been developed as adsorbents for the removal of heavy metal ions. In particular,
activated carbon is frequently used as an adsorbent due to its high surface area, high adsorption
capacity, and high degree of surface reactivity [6]. However, activated carbon is relatively expensive and
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is difficult to recycle by eluting the heavy metal ions because of the strong interaction between activated
carbon and heavy metal ions. Waste biogenic materials are considered ideal alternative biosorbents for
the removal of heavy metal ions from low strength wastewater due to their relatively good cost-effective
adsorption capacity [7]. Accordingly, various biogenic materials, including chitosan derivatives [8],
agricultural waste materials [9], chicken feathers [10,11], cork waste [12,13], rubber leaf powder [14],
chemically modified plant waste [15], and soybean stalks [16], among others, have been proposed and
applied as biosorbents to effectively remove heavy metal ions. The good biosorption properties of
these biogenic materials are attributed to the presence of abundant metal binding functional groups
of these materials, such as carbonyl, carboxyl, hydroxyl, sulphate, sulfur, phosphate, and amido and
amino groups [17].

Among natural resources, keratinous materials can be used as biosorbents, either directly or after
activation, to remove heavy metal ions due to their intricate networks characterized by high stability,
insolubility in water, and high surface area containing many carboxyl, amido, and sulfur functional
groups [18]. In addition, keratin is an abundant nonfood protein; in fact, it is the major component of
wool, hair, horns, nails, and feathers. Moreover, keratin wastes, such as feathers, horns, nails from
butchery [19], human hair from hairdressers, poor quality raw wools from sheep breeding, and some
by-products from the textile industry, amount globally to more than four millions tons per year [20].
Several examples of the use of keratinous materials have been already reported, especially using
modified keratinous materials. Al-Asheh et al. compared adsorption capacities between inactivated
and chemically activated chicken feathers as a biosorbent for removing heavy metal ions (i.e., Cu(II)
and Zn(II)) from wastewater [21]. Park et al. prepared wool and silk blend nanofibrous membranes by
electrospinning, which exhibited an excellent performance as an adsorbent of heavy metal ions [22].
The Aluigi research group successfully prepared keratin-rich nanofiber mats by electrospinning wool
keratin/polyamide blends. This material shows good adsorption capacity for Cu(II) ions from water,
with the adsorption capacity increasing with the increase of the specific surface area of the nanofiber
mats [23].

Keratinous-composed human hair is considered a ubiquitous waste product and its accumulation
can cause environmental problems. Hence, the search for alternatives that take advantage of this
waste as a new raw material is of interest, and contributes to the idea of circular economy. In this
sense, human hair can contribute significantly in many critical areas of public importance, such as
agriculture, medicine, construction materials, and pollution control [24]. In particular, the presence
of carboxyl, amido, and disulfide groups in human hair suggest this waste product could be a good
biosorbent of several chemicals, including heavy metals, although it has been rarely studied for
this application [11]. In this regard, one of the major drawbacks is that its hydrophobic nature in
native form limits the diffusion of heavy metal ions from the solution to the external surface of
the human hair [22]. To overcome this issue, disulfide bonds present in human hair can be readily
oxidized to yield the corresponding cysteic acid residues, which increase the hydrophilic properties of
the human hair and subsequently improve its capability to bind positively charged metal ions [25].
For this reason, oxidized human hair was chosen in the present work as a biosorbent for the removal
of heavy metal ions from aqueous solutions. Environmental parameters affecting the biosorption
process, such the pH value, biosorbent concentration, and contact time were studied. In addition,
FT-IR and SEM analysis were conducted for the structural and morphological characterization of the
biosorbent after the oxidation pretreatment and after the subsequent heavy metal biosorption process.
The kinetic and isotherm data experimentally obtained were correlated with the established kinetic
models (pseudo-first order, pseudo-second order, and Weber–Morris intraparticle diffusion model) and
with well-known thermodynamic models (Freundlich and Langmuir). A comparison between these
was performed. Finally, a desorption/regeneration test was performed in order to study the reusability
of the biosorbent.
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2. Experimental

2.1. Chemicals

All the chemicals used in this work were of analytical grade. Stock solutions of separate heavy
metal ions, such as Cr(III), Mn(II), Ni(II), Co(II), Cu(II), Zn(II), Cd(II), and Pb(II) were prepared by
dissolving their nitric salts (>99%, all from Panreac, Spain) in deionized water. A 1000 ppm stock
solution of metal ions was first prepared, which was then diluted to the initial heavy metal concentration
for each experiment. Sodium hydroxide (>98%, Panreac, Spain) and nitric acid (>70%, JT-Baker, Spain)
were alternatively used for the pH adjustment of the initial aqueous solution prior to commencing the
biosorption experiments. In all the experiments, the initial pH was measured, and usually the final pH
was also checked, using an Omega 300 pH meter (Crison instruments, S.A., Spain).

2.2. Human Hair

Human hair waste (from different male individuals of approximately 13 years of age) was
collected from local barbershops. The human hair samples were mixed together, washed with common
laboratory detergent, rinsed several times with deionized water (purified with a milli-Q Gradient
system from Millipore Corporation) and then left to dry at room temperature (22 ± 1 ◦C). The hair was
cut to an approximate length of 1–2 mm using scissors.

2.3. Chemical Treatment of Human Hair

The treatment process of the human hair was carried out as follows: 20.0 g of the untreated
human hair was weighed and soaked in 400 mL of the pretreatment reagent of known concentration
(10% H2O2, originally at 35% in water, from Sigma-Aldrich, Germany) and at adjusted pH of 9 (pH 9.0
yields better biosorption results in comparison with others, when pH 5.0, pH 7.0 and pH 9.0 are
assayed) [26]. After a given soaking time (5 h), the solution was filtered. The hair separated from
the solution was washed many times with deionized water. To minimize any loss of the treated hair,
at each washing step, the hair was separated by centrifugation, and the liquid was then decanted.
Finally, the treated and cleaned hair was dried at room temperature.

2.4. Characterization of Human Hair

Structural characterization of the human hair was carried out to analyze any chemical change
produced in the samples after the oxidative pretreatment and/or after the biosorption of heavy
metals. The identification of the functional groups in the untreated and treated human hair was
performed using a Fourier transform infrared (FT-IR) spectrometer (Tensor 27, Bruker, Germany).
The spectra were recorded in the range of 600–4000 cm−1 with 16 scans and a resolution of 4 cm−1.
The surface morphology of the human hair samples (untreated and treated) was observed by scanning
electron microscope (SEM; ZEISS EVO® MA 10, Oberkochen, Germany). The samples used the
sputter-coating arrangement.

2.5. Heavy Metal Ions Biosorption Experiments

The uptake of heavy metal ions onto the hair systems was carried out by batch experiments at a
constant temperature (22 ± 1 ◦C) on a rotary mixer (CE 2000 ABT-4, SBS Instruments SA, Barcelona,
Spain) at 25 rpm. In all sets of experiments, 0.1 g of human hair (untreated or treated) was weighed
in 50 mL plastic extraction tubes; the 10 mL of heavy metal ion aqueous solution was added and
the final system was shaken for a certain period of time. Usually, the concentration of each heavy
metal ion was 0.10 mmol/L (for multiple heavy metal system containing eight ions) and 0.18 mmol/L
(in the multiple-metal system containing four ions, and also in the single-metal systems). The pH was
adjusted to 4.0, unless otherwise specified. The initial pH of the multiple heavy metal aqueous solution
was varied within the range 1.0 to 6.0 (higher pH values were not considered to avoid precipitation
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of metal hydroxides). To study the effect of the biosorbent concentration on metal uptake, its mass
was varied from 1 to 20 g/L. The effect of the initial metal ion concentration on biosorption isotherms
was studied in single-metal systems with 0.1 g of treated human hair. A range of initial metal ion
concentrations from 0.5 × 10−3 to 2.0 mmol/L was used. In all cases, after agitation, the two phases
were separated by decantation and the liquid was filtered through 0.22 µm syringe Millipore filters
(Millex-GS, Millipore, Ireland). Then, the heavy metal concentration in the remaining aqueous solution
was determined by an inductively coupled plasma optical emission spectrophotometer with mass
detector, ICP-MS (XSERIES 2 ICP-MS, Thermo Scientific, Bremen, Germany).

The uptake of the metal ions by human hair was calculated using Equation (1), which quantifies
the biosorption efficacy:

% biosorption =
Ci −C f

Ci
× 100 (1)

where Ci and Cf are the initial and the final concentration of heavy metal in the aqueous phase solution,
respectively (in mmol/L).

The amount of metal sorbed per unit of mass of biosorbent at time t (qt in mmol/g) was calculated
using Equation (2):

qt(mmol/g) =
(Ci −C f ) ×V

W
(2)

where V is the total volume of the solution (in L), W is the amount of biosorbent (in g), and Ci and Cf
are the initial and the final concentrations of heavy metal in the aqueous solution (each given in units
of mmol/L), respectively.

The amount of metal sorbed at the equilibrium per unit of mass of biosorbent (qe in mmol/g) was
obtained as follows:

qe(mmol/g) =
(Ci −Ce) ×V

W
(3)

where V is the total volume of the solution (in L), W is the amount of biosorbent (in g), and Ci and Ce

are the initial and equilibrium concentrations of heavy metal in the aqueous solution (each given in
units of mmol/L), respectively.

All batch biosorption experiments were carried out in duplicate and the results are reported as
their average in the corresponding figures (experimental errors found were less than 2.5% and 0.0025
mmol/g in the biosorption percentage and the biosorption capacity, respectively).

2.6. Desorption, Regeneration and Reuse

Desorption experiments were performed only for the removal of Pb(II) from treated human hair
samples as biosorbent. Each hair sample containing the adsorbed Pb(II) was contacted and stirred with
10 mL of 0.1 mol/L HNO3 or 10 mL of 0.1 mol/L EDTA. After 24 h of mixing (with the rotary mixer) at
room temperature (22 ± 1 ◦C), the aqueous and solid phases were separated by centrifugation and
subsequent filtration, and the Pb(II) content of the final solution was analyzed by ICP-MS, as indicated
in Section 2.5. Desorption percentage was calculated using Equation (4):

% desorption =
amount o f Pb(II) desorbed

amount o f Pb(II) adsorbed
× 100 (4)

The reuse of the treated human hair in a second biosorption step, after elution of the adsorbed metal
ions (with nitric acid or EDTA), requires the cleaning of the remaining eluting solution from the surface
of the biomaterial. The treated human hair was washed with deionized water and dried in an oven at
40 ◦C overnight. These regenerated human hair samples were employed to adsorb heavy metals again.

All batch biosorption, desorption, and regeneration experiments were carried out in duplicate and
the results are reported as their average in the corresponding figures (experimental errors found were
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less than 2% and 0.002 mmol/g, in the biosorption and desorption percentages and the biosorption
capacity, respectively).

3. Results and Discussion

3.1. Comparison of Biosorption Efficacy between Untreated and Treated Human Hair

The oxidation of human hair usually takes place with hydrogen peroxide in an acid or alkaline
medium by attacking the disulfide bond of keratin. As a result of this reaction, sulfonic acid groups
are formed, and hair samples are functionalized. In an alkaline medium, the oxidation process is
much more effective [26]. Moreover, during oxidation, other proteins in the human hair are also
oxidized, which leads to cell membrane damage causing the cortex and the cuticle to open and separate.
The objective of this pretreatment is to increase the hydrophilicity of the human hair surface and also
to increase its specific surface area. The biosorption capacities of untreated and treated human hair
samples for recovering eight metal ions (Cr(III), Mn(II), Ni(II), Co(II), Cu(II), Zn(II), Cd(II), and Pb(II))
were determined. The obtained results are shown in Figure 1. As seen from the figure, the metal
biosorption capacity of chemically treated human hair is significantly better than that of untreated
human hair. Moreover, the affinity of both types of hair for Cr(III), Cu(II), and Pb(II) is greater than that
for the other metal ions, which can be explained by the stronger interactions between the functional
groups of the biosorbent and these three metal ions. The metal biosorption onto the treated human
hair follows in the order of Cr(III) > Pb(II) > Cu(II) > Cd(II) > Ni(II) > Co(II) > Mn(II) > Zn(II). Finally,
four metal ions, namely, Cr(III), Cu(II), Cd(II), and Pb(II), were selected from those metals to study the
biosorption mechanism of treated human hair in subsequent experiments.
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Figure 1. Comparison of biosorption between untreated and treated human hair in a multiple-metal
system. The initial metal ion concentration was 0.1 mmol/L, the contact time was 24 h, the pH was 4.0,
and the biosorbent was 0.1 g in 10 mL of the initial solution.

3.2. FT-IR and SEM Characterization

In order to understand how metal ions bind to the biosorbent, it is essential to identify the functional
groups of its surface as these could be responsible for the metal binding. Thus, the untreated, treated,
and metal loaded-treated human hairs were discriminated by FT-IR, as can be seen from the infrared
spectra collected in Figure 2. The full-scan spectra of human hair (Figure 2a) display their corresponding
infrared peaks. The broad and medium intensity band ranging from 3000 to 3600 cm−1 is indicative of
the stretches of the bonds belonging to the carboxylic acid (-COOH), alcohol (-OH), and amino acid
(-NH2) groups. The peaks located at 1632 cm−1 (amide I), 1520 cm−1 (amide II), and 1241 cm−1 (amide
III) are related to typical human hair amino acids. The peaks at 1041, 1075, 1180, and 1229 cm−1 all
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correspond to different products of cystine oxidation in human hair, and their peak assignment belongs
to sulfonate (S-O sym. stretch), cystine monoxide (R-SO-S-R), sulfonate (S-O asym. stretch), and cystine
dioxide (R-SO2-S-R), respectively. Carefully comparing the spectra of the three different hair samples,
some differences can be seen between them, as expected, due first to the oxidation process (treated
human hair), and, later, to the metal biosorption (metal loaded-treated human hair), particularly in the
region from 850 to 1750 cm−1 (see Figure 2b). The intensity of the peaks at 1041 and 1180 cm−1 increased
after chemical pretreatment, which means that conversion of cystine to cysteic acid, cystine monoxide,
and cystine dioxide, as well as to sulfonates, occurred during this treatment process. The weak broad
shoulder between approximately 1000 and 1130 cm−1 in the untreated human hair infrared spectra is
probably due to environmental factors, such as sunlight, chlorinated water, and frequent shampooing
causing partial oxidation of the hair surface [27]. The FT-IR spectra from treated human hair before and
after the metal biosorption are very similar, indicating that the main functional groups on treated human
hair did not change during the metal biosorption process (which can be an indication of a possible
reuse of such biomaterial). However, the slight differences found around 1400 cm−1, and some red shift
of the emission spectra (from 3277.2 cm−1 to 3274.8 cm−1, from 1526.8 cm−1 to 1519.7 cm−1, and from
1078.4 cm−1 to 1074.9 cm−1), before and after the biosorption process, is probably related to the presence
of the heavy metal ions on the hair surface. Based on the FT-IR spectra changes, as seen in Figure 2, some
hair surface chemical functional groups (including hydroxyl, amino, carboxyl, and sulfonic acid) could
act as important biosorption sites for heavy metal ions.
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The scanning electron microscopy (SEM) technique was applied to address concern about the
alteration of the human hair surface morphologies in the different cases of the study. Figure 3 shows
the SEM micrographs of the untreated, treated, and metal-loaded treated human hair. It is observed
that each cuticle scale of the human hair is uniquely shaped. Some have smooth rounded edges
and others have jagged edges, overlapping each other as they ascend along the length of the fiber
towards the tip (Figure 3). The surface topographies of the untreated and treated human hair are
different (see Figure 3a,b for comparison): the majority of the cuticle scales of the treated human hair
fibers represent a more jagged appearance, probably due to the oxidation treatment. After metal
biosorption, the surface appears to be somewhat smoother compared with the hair prior to its use,
suggesting that the cuticle scales are closed through biosorption, probably due to the acidic water
media (see Figure 3b,c).
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3.3. Effect of the pH in Multiple Metal System

The pH level of the aqueous solution is an important variable for the biosorption of metal ions
onto the biosorbents, due to the metal speciation and the speciation of the chemical functional groups
present on the biosorbent’s surface. The pH was controlled at the beginning and end of the experiments
in order to evaluate any differences. The changes observed were lower than 0.3 units, and thus
considered not significant.

The effect of the pH solution on the removal efficacy of the treated human hair for Cr(III), Cu(II),
Cd(II), and Pb(II) was studied between pH 1.0 and 6.0 in the multiple-metal system (Figure 4). As
observed from the results in Figure 4, the biosorption of metal ions increases significantly with
increasing the pH. This behavior can be explained by the competition between the protons and the
metal ions for the same binding site on the surface of the treated human hair. At low pH values, the
surface of the biosorbent would also be surrounded by H+ ions, which decrease the Cr(III), Cu(II),
Cd(II), and Pb(II) ions interaction with binding sites of the treated human hair. As the pH increases,
the basic forms of the chemical functional groups on the hair surface predominate, increasing negative
charge, so metal cation biosorption increases. However, when the pH is around 5, the partial hydrolysis
of metal ions (particularly for Cu; the remaining metals could occur at pH higher than 5) results in the
formation of M(OH)n

(m−n) species affecting the biosorption hair capability. The biosorption percentage
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found could be related to the precipitation of the metals. Therefore, pH 4.0 was selected as the optimal
condition in the subsequent experiments.
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Figure 4. Effect of pH on the biosorption of the treated human hair for Cr(III), Cu(II), Cd(II), and Pb(II)
in the multiple-metal system. The initial concentration was 0.18 mmol/L, the contact time was 24 h, and
the biosorbent was 0.1 g in 10 mL initial solution.

3.4. Effect of Biosorbent Concentration

The effect of the biosorbent concentration on the removal efficacy of Cr(III), Cu(II), Cd(II), and
Pb(II) ions was studied in the range of 1–20 g/L in a multiple-metal system (Figure 5). It was observed
that the removal efficacy of the treated human hair for Cr(III), Cu(II), Cd(II), and Pb(II) ions increased
with the increase of biosorbent concentration (Figure 5a). This can be explained by the increase in
surface area of the biosorbent when increasing its amount, which in turn increases the binding sites.
For Cr(III) and Pb(II), the sorbed metal ion (mmol) per unit weight of biosorbent significantly decreased
by increasing the biosorbent concentration (Figure 5b). This can be explained due to the fact that at
high biosorbent concentration, the available metal ions in the aqueous solution are insufficient to cover
all the biosorbent sites due to the corroborated high affinity of these two metals (as can be seen from
results collected in Figures 1 and 4). Furthermore, the metal uptakes (mmol/g) for Cu(II) and Cd(II) are
basically stable with the increase of biosorbent concentration; this means the biosorption quantity of
Cu(II) and Cd(II) increases through increasing the biosorbent concentration. Thus, functional groups
induced on the biosorbent hair surface have stronger affinity for Cr(III) and Pb(II) than for Cu(II)
and Cd(II).
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Figure 5. Effect of the biosorbent concentration on the percentage of biosorption (a) and on the amount
of sorbed metal ion per unit weight of biosorbent (b) of the treated human hair for Cr(III), Cu(II), Cd(II),
and Pb(II) in the multiple-metal system. The initial metal ions concentration was 0.18 mmol/L, the
contact time was 24 h, and the pH of the 10 mL initial aqueous solution was 4.0.

3.5. Effect of Contact Time

Contact time with aqueous contaminated samples is an important parameter for successful usage
of biosorbents in practice. Multiple- and single-metal aqueous systems (at pH = 4) of Cr(III), Cu(II),
Cd(II), and Pb(II) were placed in contact with treated human hair (0.1 g) for periods of 5, 10, 20, 30,
and 45 min, and 1, 2, 3, 4, 6, 12, 24, 48, and 72 h. Results plotted in Figure 6 show the biosorption
capacity of treated human hair for removing Cr(III), Cu(II), Cd(II), and Pb(II) ions. Three steps can be
differentiated during biosorption: the initial step with fast metal biosorption, the second step with
gradual biosorption, and the third step, which can be related to the equilibrium uptake. The first step
can be related to the diffusion of metal species from the solution to the external surface of the hair,
which occurred instantaneously. The second step corresponds to a gradual biosorption uptake of heavy
metal ions until reaching an equilibrium (the third stage). For each metal ion, the biosorption efficacy is
higher for the single-metal system than for the multiple-metal system. Among these, the percentage of
biosorption for Cd(II) is outstanding, with an increase from 29% to 86%. Furthermore, the single-metal
system reached the biosorption equilibrium more rapidly than the multiple-metal system (around
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only 30 min in the former case), which is attributed to the effect of the competition between the heavy
metal ions. Therefore, the selectivity order is Cr(III) > Pb(II) > Cu(II) > Cd(II), which corresponds to
biosorption efficacy in the single-metal system of 98%, 96%, 95%, and 86%, respectively.
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different contact times. (a) Multiple-metal system, and (b) single-metal system. The initial metal ion
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3.6. Kinetic Studies

Kinetic models have been used to model experimental data in order to investigate the mechanism
of biosorption. Furthermore, it is important to determine the potential rate controlling steps, such as
mass transport, chemical reaction, and intraparticle diffusion processes, in such systems. Many attempts
have been made to formulate a general expression describing the kinetics of liquid–solid phase sorption
systems [28]. In the present case, the kinetic models applied to the treated human hair as a biosorbent of
heavy metals in solution were the pseudo-first order equation [29], the pseudo-second order equation,
and the Weber–Morris intraparticle diffusion model. These are given by Equations (5)–(7), respectively:

log(qe − qt) = log qe − k1

2.303
t (5)
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t
qt

=
1

k2q2
e
+

t
qe

(6)

qt = k3t1/2 + kd (7)

where, qe and qt are the amount of biosorbed metal ions per unit of mass biosorbent (in mmol/g) at
the equilibrium and at time t (min), respectively; k1 (in min−1) is the rate constant of the pseudo-first
order equation; k2 (in g/(mmol·min)) is the rate constant of the pseudo-second order equation; k3 is
the intraparticle diffusion rate constant (in mmol/(g·min1/2)); and kd is the intercept that relates to the
thickness of the boundary layer.

Experimental data were fitted to pseudo-first and pseudo-second order kinetic models and the
rate corresponding constants (k), correlation coefficients (R2), and qe were estimated (values shown in
Table 1). It is noteworthy that the pseudo-first order equation does not fit well for the whole range
of time, which is generally applicable only over the initial time of the sorption processes, i.e., 30 and
60 min for the multiple- and single- metal biosorption systems, respectively [30]. Moreover, for the
four metal ions in single and multiple systems, the calculated qe did not match well with experimental
data, which suggests the insufficiency of the pseudo-first order model to fit the experimental data.

The pseudo-second order model is more likely to predict kinetic behavior for the whole range
of time studied, which indicates that chemical sorption is the rate-controlling step [31]. Correlation
coefficients were always greater than 0.999, and the values of the predicted equilibrium biosorption
capacities showed a good correlation with the experimental qe values for all four metal ions in both
systems. This shows that the biosorption process perfectly complies with the pseudo-second order
model. In other words, the chemical sorption due to the formation of chemical bonds between the
metal and sorbent in a monolayer onto the surface is the rate-controlling step [32]. The equilibrium
biosorption capacities for Cr(III), Cu(II), Cd(II), and Pb(II) were 0.0166, 0.0174, 0.0165, and 0.0174 mmol/g,
respectively, in the single-metal system, and 0.0155, 0.00945, 0.00429, and 0.0133 mmol/g, respectively,
in the multiple-metal system.

Table 1. Sorption kinetic constants in the multiple- and single-metal systems for Cr(III), Cu(II), Cd(II),
and Pb(II) for both pseudo-first and pseudo-second order models.

Metal Cr Cu Cd Pb

System Single Multiple Single Multiple Single Multiple Single Multiple

Pseudo
first order

k1 × 103

(min−1)
9.21 a 4.19 b 6.91 a 15.0 b 26.3 a 12.9 b 26.8 a 27.3 b

qe
(mmol/g) 0.00132 0.00655 0.00263 0.00346 0.00151 0.00190 0.00173 0.00233

R2 0.9327 0.7343 0.9905 0.8794 0.9136 0.8592 0.8381 0.9030

Pseudo
second
order

k2
(g/mmol min) 15.4 1.51 3.83 6.75 38.2 16.2 17.8 16.6

qe
(mmol/g) 0.0166 0.0155 0.0174 0.00945 0.0165 0.00429 0.0174 0.0133

R2 1.000 0.9993 0.9999 0.9999 1.000 0.9997 1.000 1.000

kd
(mmol/g) 0.0151 0.00831 0.0145 0.00517 0.0148 0.00223 0.0157 0.0103

a: 30 min, b: 1 h.

For the single-metal system, the kinetic constant values found for the pseudo-second order model
(k2) decreased in the following order: Cd (II) > Pb(II) > Cr(III) > Cu(III). This indicates that Cd (II) was
more easily and rapidly adsorbed by treated human hair than Pb(II), Cr (III), and Cu (II). In this case,
the sorption rate was lower for the heavy metal with the smallest ionic radius since Cu(II) has an ionic
radius of 0.069 nm compared to 0.097 nm for Cd(II), 0.119 nm for Pb(II), and 0.070 nm for Cr(III).
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The pseudo-first and pseudo-second order models cannot provide information about the diffusion
mechanism controlling biosorption. Thus, the Weber–Morris intraparticle diffusion model was
adjusted [33]. The plots of qt versus t1/2 are shown in the Figure 7. Unlike some simple cases,
mathematical formulations representing the diffusion and biosorption are generally solvable analytically.
In this case, these plots can be divided into multi-linear correlations, which indicates that the biosorption
process take place in three steps and is not controlled solely by the intraparticle diffusion mechanism.
The first stage corresponds to the sharper stage, where the metal ions move from the solution to
the external surface of the biosorbent, through film diffusion, or the boundary layer diffusion of the
metal species [34]. The second step describes the gradual biosorption onto the surface of the treated
hair, where the intraparticle diffusion is the rate-limiting [35]. The third stage corresponds to the
final biosorption equilibrium where the intraparticle diffusion starts to slow down due to extremely
low metal ion concentration left in the solution. The presence of these three stages in the plots
(Figure 7) suggests that the film diffusion and intraparticle diffusion were simultaneously controlling
the biosorption process and both are enhanced with the increase of the initial metal concentration.Water 2020, 12, x FOR PEER REVIEW 13 of 18 
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3.7. Thermodynamic Isotherm Characterization

Sorption isotherms at equilibrium are very important data to understand the mechanism of each
sorption system from a physicochemical perspective. The sorption capacity of a sorbent can be also
described by the equilibrium sorption isotherm, which is characterized by some specific constants
whose values provide information about the affinity between the liquid–solid sorption systems.

In the present study, two isotherm models were selected to fit the experimental data, namely,
the Freundlich and Langmuir isotherm models [36]. The linear forms of the Freundlich and Langmuir
isotherms are presented by Equations (8) and (9), respectively:

log qe = log kF +
1
n

log Ce (8)

Ce

qe
=

b
KL

Ce +
1

KL
(9)

where Ce is the equilibrium concentration of the metal ion in the residual solution (in mol/L); qe is the
amount of the sorbed metal at the equilibrium per unit of mass of sorbent (in mol/g); kF and n are
Freundlich constants; and KL = Q0b, where Q0 and b are the Langmuir constants, corresponding to the
saturation concentration of the sorbed metal ion per unit of mass of sorbent (in mol/g) and the ratio of
sorption/desorption rates (in L/mol), respectively.

For both models and following Equations (8) and (9), log qe versus log Ce and Ce/qe versus Ce are
calculated and compared with the experimental data, respectively. In addition, all the constants and
correlation coefficients obtained for each model are summarized in Table 2.

Table 2. Freundlich and Langmuir isotherm constants for the biosorption of Cr(III), Cu(II), Cd(II),
and Pb(II) by the treated human hair.

Constant Cr Cu Cd Pb

Freundlich
KF × 103 1.56 2.87 0.546 0.247

n 2.30 1.90 2.86 3.63
R2 0.8646 0.8402 0.9291 0.8607

Langmuir

Q0 × 105 (mol/g) 9.47 5.57 3.77 3.61
B × 10−4 (L/mol) 1.07 2.06 8.64 8.04

KL (L/g) 1.01 1.15 3.26 2.90
R2 0.9912 0.9905 0.9952 1.000

−∆G0 (kJ/mol) 22.8 24.4 27.9 27.7

From the correlation coefficient values of both isotherm equations, it was observed that the
Langmuir isotherm fitted the data better than the Freundlich isotherm, showing that the biosorption
process relies on a specific site’s sorption mechanism where adsorbate molecules occupy specific sites
on the biosorbent. In Figure 8, experimental and calculated data for the Langmuir isotherm model are
represented showing good correlation between the data. Taking on board the Langmuir equation, the
saturated biosorption capacities of the treated human hair at 295 K for Cr(III), Cu(II), Cd(II), and Pb(II)
were 9.47 × 10−5, 5.57 × 10−5, 3.77 × 10−5, and 3.61 × 10−5 mol/g, respectively.

It is worth noting that the theoretical maximum values of adsorption capacity given by the
Langmuir equation (Qo) for the treated human hair were found to decrease in the order Cr (III) >

Cu(II) > Cd(II) ~Pb(II). The metals with highest absorption capacities are those with lowest ionic
radius, i.e., Cu(II) and Cr(III), while Pb(II), which has the largest ionic radius (0.119 nm), shows the
smallest sorption capacity. This observed trend, based on the ionic radius, may be caused by the quick
saturation of adsorption sites induced by the largest ions. This behavior is in agreement with that
observed for the absorption of Pb(II), Cd (II), Ni(II), and Zn(II) using natural zeolite as a sorbent, where
the adsorbed amount decreased as the ionic radius increased [37].
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In addition, from the estimated Langmuir sorption/desorption constant, the standard Gibb’s free
energy (∆G0) of the biosorption process can be evaluated by using Equation (10):

∆G0 = −RT ln b (10)

where b is the Langmuir equilibrium constant shown in Equation (8), R is the universal gas constant
(8.314 J/mol K), and T is the absolute temperature (K). The standard Gibb’s free energy (∆G0) values
are shown in Table 2. The negative ∆G0 values indicate that the biosorption of metals into human hair
is thermodynamically feasible and of spontaneous nature.

3.8. Desorption, Regeneration, and Reuse Studies

Recovery of the adsorbed heavy metals and reuse of the biosorbent are of significance from the
viewpoint of practical application. As indicated previously, two eluent solutions, EDTA and HNO3,
were screened for their potential to desorb Pb(II) ions from metal-adsorbed treated human hair (98% of
biosorption). Both eluents can effectively desorb the heavy metal ions from the metal loaded-treated
human hair, with the elution efficiency of EDTA solution being slightly better than that of the HNO3

solution, 89% ± 1% and 85% ± 1%, respectively. EDTA may combine both acidic and complexing
effects, while nitric acid only has the acidic effect to liberate the adsorbed metals, which explains the
higher ability of EDTA for removing the metal. In addition, the ability of EDTA to complex heavy
metals, such as lead, due to the high complex constant, is well known.

The reuse of regenerated human hair for the possible continuous removal of heavy metals was
investigated. After the desorption process, the hair samples were washed several times (following
two different methods of cleaning), dried in an oven at 40 ◦C overnight, and their performance in
a second biosorption step of fresh Pb(II) aqueous sample was then checked. The results show that
the metal removal percentages (in the second biosorption step) of the regenerated hair samples are
dependent on the elution methods. When using EDTA as eluent and deionized water for rinsing the
used biomaterials, the Pb(II) removal percentage was 87 ± 2 %, while for samples eluted with HNO3

the metal removal was 38 ± 4 %. Consequently, although HNO3 is a very powerful metal eluent,
it shows negative effects for the reuse of hair samples and results in a decrease of metal uptake capacity
during the second application. This is probably because the acidic environment after the desorption
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step with nitric acid leads to the ionization state of functional groups on the biomaterial’s surface, thus
becoming a competitive medium for the next metal biosorption step. To confirm this concept, another
set of samples were first eluted using EDTA, then rinsed with HNO3 solution, and later washed with
deionized water and dried. The biosorption capacities of the regenerated human hair samples by this
method also decreased the second time (75 ± 1 %). It is clear that the desorption of metal adsorbed
onto the biomaterials using HNO3 negatively affects their reuse.

4. Conclusions

Chemically treated human hair behaved better than untreated hair in the process of removing
metals from aqueous effluent. In particular, treated human hair was demonstrated to be an effective
biosorbent for the removal of Cr(III), Cu(II), Cd(II), and Pb(II), and showed less effectiveness for metals
such as Ni(II), Co(II), Mn(II), and Zn(II). It was observed that the operating parameters controlling the
biosorption process, such as the pH of the aqueous heavy metal solution, the biosorbent concentration,
and the contact time, had a significant influence on the metal uptake. In addition, treated human hair
showed higher biosorption capacity when metals were applied in the single-system compared with the
multiple-system solution, due to the induced competition between metal ions for the biosorbent sites.
In the single system, removal efficacy of the treated human hair was found to be 86% for Cd(II), 92%
for Cu(II), 96% for Pb(II), and 98% for Cr(III) when working with 10 g/L of biosorbent concentration at
pH = 4.0.

According to the kinetic study, the biosorption of metal ions onto the treated human hair followed
well the pseudo-second order kinetic model. Hence, physico-chemical interaction between induced
functional groups (i.e., sulfonic acid groups as demonstrated by FTIR) in treated hair and metal ions is
the fundamental mechanism controlling biosorption, with the film diffusion being the rate limiting step.
Biosorption at equilibrium was better correlated with the Langmuir isotherm model compared to the
Freundlich model, corroborating the finding that the mechanism of sorption is based on site-specific
molecular sorption. The calculated standard Gibb’s free energy (∆G0) indicated the thermodynamically
feasible and spontaneous nature of the biosorption process.

Preliminary desorption experiments proved that EDTA and HNO3 solutions were efficient eluents
for the recovery of Pb(II) from the treated human hair. In particular, the treated human hair regenerated
with EDTA showed the best biosorption efficiency when reused.

Taking into consideration the present findings, it can be stated that treated human hair could
potentially be used as an effective and low-cost biosorbent for the removal of heavy metal ions from
aqueous solution.
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Abstract: Removal of aquatic cadmium ions using biochar is a low-cost method, but the results
are usually not satisfactory. Modified biochar, which can be a low-cost and efficient material,
is urgently required for Cd-polluted water and soil remediation. Herein, poplar bark (SB) and poplar
sawdust (MB) were used as raw materials to prepare modified biochar, which is rich in N- and
S- containing groups, i.e., TSBC-600 and TMBC-600, using a co-pyrolysis method with thiourea.
The adsorption characteristics of Cd2+ in simulated wastewater were explored. The results indicated
that the modification optimized the surface structure of biochar, Cd2+ adsorption process by both
TSBC-600 and TMBC-600 was mainly influenced by the initial pH, biochar dosage, and contact
time, sthe TSBC-600 showed a higher adsorption capacity compared to TMBC-600 under different
conditions. The Langmuir adsorption isotherm model and pseudo-second-order kinetic model were
more consistent with the adsorption behavior of TSBC-600 and TMBC-600 to Cd2+, the maximum
adsorption capacity of TSBC-600 and TMBC-600 calculated by the Langmuir adsorption isotherm
model was 19.998 mg/g and 9.631 mg/g, respectively. The modification method for introducing N
and S into biochar by the co-pyrolysis of biomass and thiourea enhanced the removal rate of aquatic
cadmium ions by biochar.

Keywords: biochar; thiourea; cadmium pollution; adsorption characteristics; water treatment

1. Introduction

Cadmium (Cd) has extreme biological toxicity, long half-life, and low elimination efficiency [1]. It is
one of the “ten chemicals of major public health concern” listed by the World Health Organization [2].
Cd can readily cause damage to the internal organs and systems of the human body, and is the most
toxic transition metal element that poses global human health risks [3]. In 2014, the fraction of points
that exceeded the standard quantity of Cd in cultivated land in China was 7% [4], and the area of
farmland polluted by Cd reached 20 million hectares, which was mainly caused by irrigation due
to industrial wastewater [5]. With the improvement in food safety standards and environmental
awareness of the public, the prevention of Cd contamination of the food chain has become a common
concern [6].

Irrigation using wastewater is the main source of Cd pollution in farmland soil [7]. Therefore,
eliminating Cd from wastewater is the most effective remediation method [8]. Currently, the methods
for the removal of Cd2+ in wastewater are mainly chemical precipitation, ion exchange, membrane
separation, coagulation, and adsorption [9]. Among them, the adsorption method is widely used
due to the low energy consumption, high removal rate, and simple operation. Biochar is a type of
carbon-rich porous material [10], which is accessible by high-temperature conversion of biomass
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in anoxic or anaerobic environments. It has been widely used in sewage treatment. Li et al. used
vinegar-residue biochar to adsorb Cd2+ in water, while the maximum adsorption capacity for Cd2+

was only 2.91 mg/g [11]. Yakkala et al. prepared Buffal weed biochar to adsorb Cd2+ and Pb2+ in water,
and the adsorption capacity was 11.63 mg/g and 333.33 mg/g, respectively [12]. Jing et al. prepared
biochar to adsorb Cd2+ in soil, and the adsorption capacity was 5.00 mg/g [13]. Although biochar can
adsorb cadmium ion to some extent, it is limited by the surface pore structure and functional groups,
and the single biochar adsorption capacity is very limited [14]. To maximize the adsorption of biochar,
modification by doping becomes an important method to optimize the pore structure of biochar and
increase the functional groups and specific adsorption sites. Currently, the main methods include
chemical modification of the surface, co-pyrolysis, and catalytic esterification [15–17]. Previous studies
have shown that the type of modifier, as well as the modification method can affect the quality of the
modified biochar [18–20]. Ma et al. synthesized modified biochar rich in -NH2 by cross-linking using
polyethyleneimine as the modifier, and the maximum adsorption capacity of the modified biochar to
Cr6+ was 435 mg/g, much higher than the 23.09 mg/g before modification [21]. Park et al. prepared
sulfur-modified biochar by the co-pyrolysis of sulfur and wood chips at 600 ◦C; after impregnation,
the maximum adsorption capacity of the modified biochar for mercury was 107.5 mg/g, which was
higher than that of the raw materials by 86%. This modification method enables sulfur to be doped
into the biochar structure in the form of groups and enhanced the specific adsorption capacity of
biochar [22]. At present, sulfur and nitrogen-modified biochar are the most common technologies,
which have several disadvantages such as low practicability, low utilization of modifiers, and one
modifier that can only be completed via modification [23].

Therefore, the specific objectives of this study are: (1) to prepare biochar with stable performance,
rich functions, strong adsorption capacity, and multiple modifications as one step pyrolysis; (2) to
compare the microstructure and physical characteristics of raw biochar and modified biochar by
multiple techniques; (3) to evaluate the adsorption characteristics of thiourea-modified biochar on
cadmium ions under different conditions, and experimental data were investigated with isotherm
model and kinetic sorption model. The main aims of this study include understanding the role of
the modified biochar produced from co-pyrolysed thiourea in the removal of Cd2+, and providing
technical support for its application in environmental remediation.

2. Materials and Methods

2.1. Preparation of Thiourea Modified Biochar

The collected sawdust and bark (from Wenchang Campus of China University of Mining and
Technology, Xuzhou, Jiangsu, China) were thoroughly washed with deionized water and dried in
an oven at 60 ◦C for 24 h. The biomass raw material and thiourea were weighed at a mass ratio of 1:1,
respectively, and placed in a tubular furnace under an argon atmosphere after even mixing. The furnace
was heated up to 300 to 700 ◦C at a heating rate of 5 ◦C/min and kept at the same temperature for 2 h
to prepare thiourea-modified biochar (denoted as TSBC-600 and TMBC-600, where T stands for the
pyrolysis temperature). The samples were crushed, passed through a 60-mesh sieve, and stored for
future use (preparation is shown in Figure S1).

For comparison, unmodified biochar materials (MBC-600, SBC-600) were prepared by heating to
600 ◦C at 5 ◦C/min in an argon atmosphere without adding thiourea.

2.2. Physicochemical Properties and Structural Characterization of Biochar

Deionized water and biochar were mixed at a mass ratio of 20:1, and the pH value of the aqueous
solution was measured with a pH meter to determine the acidity and basicity of the biochar. The ash
content was measured by the combustion method [24]. The specific surface area and pore size
distribution of biochar were investigated using N2-isothermal adsorption and desorption experiments.
The specific surface area of the material was calculated using the Brauner-Emmett-Teller (BET) equation,
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and the pore size distribution of the materials was determined by using the Density functional theory
(DFT) model.

Field emission scanning electron microscope/energy-dispersive X-ray spectroscopy (SEM-EDX)
(FEI QuantaTM 250, FEI, Boston, MA, USA) was used to observe the surface morphology; Fourier
transform infrared spectroscopy (FTIR) (VERTEX 80V, Bruker, Karlsruhe, Germany) was used to
characterize the surface properties of biochar. Typically, approximately 0.02 g of the dry sample was
thoroughly mixed with KBr and pressed into semi-transparent pellets using a manual hydraulic press,
and all spectra were acquired with a resolution of 2 cm−1 for 28 scans, over a wavenumber range
between 400 and 4000 cm−1. X-ray photoelectron spectroscopy (XPS) (ESCALAB 250Xi, Thermo Fisher,
Boston, MA, USA) was used to characterize the chemical state of the biomass carbon material, and the
binding energy values were all calibrated based on the hydrocarbon contamination using the C 1s
peak at 284.8 eV.

2.3. Batch Adsorption Experiment

2.3.1. Determining the Relationship between Pyrolysis Temperature and Biochar
Adsorption Performance

An amount of 0.02 g of the modified biochar prepared at five different temperatures was placed
into a centrifuge tube, 20 mL of 10 mg/L Cd2+ solution was added and then shaken well. The mixture
was oscillated at 25 ◦C for 24 h. Finally, the optimal pyrolysis temperature of biochar was determined.

2.3.2. Determining the Relationship between pH and the Amount of Cd2+ Adsorbed by Biochar

Amounts of 0.01 mol/L HCl and 0.01 mol/L NaOH were used to modulate the pH of 20 mL of
10 mg/L Cd2+ solution to 2, 3, 4, 5, 6, and 7 for minimizing the effect of Cd-chloride hydrolysis, then
weremplaced one hour and there was no observed precipitation by the transillumination test, and then
0.02 g modified biochar were added. The mixture was mixed well and oscillated at 25 ◦C for 24 h.

2.3.3. Determination of the Relationship between the Dosage and the Capacity of Cd2+ Adsorbed
by Biochar

The concentration of modified biochar was controlled to be 1, 2, 3, 4, 5, 6, 7, 8, 9, 10 g/L, respectively.
The pH of the TMBC solution and TSBC solution was modulated to be 7, respectively. The initial
concentration of Cd2+ in each solution was 10 mg/L. Finally, the optimal dose of biochar was determined.

2.3.4. Adsorption Kinetics

0.10 g of TMBC-600 was added into a 50 mL centrifuge tube, and subsequently, 20 mL of 100 mg/L
Cd2+ solution was added. The pH was adjusted to be 7, and the samples were taken after oscillation
for 5, 10, 30, 60, 120, 240, 360, 720, and 1440 min, respectively. For TSBC-600, the mass was 0.08 g,
and the other procedures were the same as those of TMBC-600.

The adsorption kinetic equation can reflect the change in the adsorption capacity of the adsorbent
to the solute as a function of time, i.e., the speed of the adsorption rate [25]. In this study, the more
commonly used pseudo-first-order and pseudo-second-order kinetic model equations were used to fit
the adsorption data.

Adsorption capacity:

qe =
(C0 −Ce) ×V

m
(1)

qt =
(C0 −Ct) ×V

m
(2)
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pseudo-first-order kinetic model equation:

ln(1 − qt

qe
) = −k1t (3)

pseudo-second-order kinetic model equation:

t
qt

=
1

k2q2
e
+

t
qe

(4)

where t is the adsorption time (min); C0 is the initial concentration of Cd2+ in the solution (mg/L);
Ce is concentration of Cd2+ in the solution when the adsorption reaches equilibrium (mg/L); Ct is
the concentration of Cd2+ in the solution at t (mg/L); V is the volume of the solution participation in
the adsorption reaction (L); m is the mass of the added biochar (g); qe is the equilibrium adsorption
capacity for biochar when the adsorption reaches equilibrium(mg/g); qt is the adsorption capacity for
biochar at t (mg/g); k1 is the rate constant of the pseudo-first-order kinetic equation (min−1); k2 is the
rate constant of the pseudo-first-order kinetic equation (g/mg/min).

2.3.5. Isothermal Adsorption

An amount of 0.10 g of TMBC-600 was added into a 50 mL centrifuge tube, and then 20 mL of 5,
10, 30, 100, 250, and 500 mg/L Cd2+ solution was added, respectively. The pH was adjusted to be 7 and
subsequently oscillated for 24 h at room temperature. For TSBC, the mass was 0.08 g, and the other
procedures were the same as those of TMBC-600.

In this study, Langmuir and Freundlich isothermal adsorption models were used to analyze the
adsorption of the two modified biochars. For the Langmuir model, it is assumed that the surface of the
adsorbent has the same adsorption active sites and that the adsorption occurs in the monolayer [26].

Langmuir equation:

Qe =
Qm ×KL ×Ce

1 + KLCe
(5)

Freundlich equation:
Qe = KfC

1/n
e (6)

where Qm is the maximum adsorption capacity (mg/g); KL (L/g) is the affinity constant of the interaction
between the adsorbate and the adsorbent; Ce is the concentration of the adsorbate when the adsorption
reaches equilibrium (mg/L); Kf is the Freundlich adsorption capacity parameter; n is the empirical
parameter of the adsorption strength (determined by the heterogeneity of the material).

3. Results

3.1. Effects of Modification on the Physicochemical Properties of Biochar

The physicochemical properties of biochar before and after modification are shown in Table 1.
It can be seen from Table 1 that the biochar is alkaline due to the release of alkaline salts during the
pyrolysis, and the pH of the biochar is increased after modification. This indicates that the change
in pH and the ash content are positively correlated, as the ash of biochar contains K, Ca, Na, Mg, S,
and other elements. These elements are attached to the surface of the biochar in the form of oxides and
carbonates, and are alkaline in solution [27]. In addition, these inorganic components can co-precipitate
with cadmium ions to remove [28]. The N2 adsorption was carried out for the TMBC-600 and TSBC-600
(Figure S2). TMBC-600 and TSBC-600 exhibit reversible type I isotherm, a microporous filling at low
P/P0 and a H4 typed hysteresis loop within intermediate and high P/P0, indicating the coexistence of
both micropores and meso-/macropores in TMBC-600 and TSBC-600 [29]. From the DFT pore width
distribution, TMBC-600 demonstrates low micropores and abundant mesopores, and TSBC-600 shows
more micropores. Compared with the samples before modification, the BET specific surface area of
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TMBC-600 and TSBC-600 increased by 3.08 m2/g and 2.93 m2/g, respectively, and the internal pore
diameter increased by 0.17% and 1.48%, indicating that the surface and pore structure of the modified
biochar has changed significantly. This is because, during the slow pyrolysis process, the steam
generated by the modifier at high temperature penetrates the internal structure of the raw biochar,
dredging the pores in it. This is consistent with the research results reported by O’Connor et al. [16].

Table 1. Physicochemical properties of MBC-600, SBC-600, TMBC-600, and TSBC-600.
BET, Brauner-Emmett-Teller.

Samples Yield (%) Ash (%) pH BET Surface
Area (m2/g)

Average Pore
Diameter (nm)

MBC-600 24.26 46.75 7.07 2.46 4.66
SBC-600 31.42 41.68 9.92 2.77 1.94

TMBC-600 — 57.46 8.94 5.54 4.83
TSBC-600 — 47.71 10.85 5.70 3.42

Notes: MBC-600, poplar sawdust biochar; SBC-600, poplar bark biochar; TMBC-600, thiourea modified poplar
sawdust biochar; TSBC-600, thiourea modified Poplar bark biochar.

3.2. Effect of Modification on Morphology and Structure of Biochar

Figure 1 shows the SEM-EDS images of two materials before and after modification. From Figure 1,
it is observed that before the modification, both SBC-600 and MBC-600 have a lamellar structure, which
is more regularly arranged. The internal and external structures are well-formed and the surface is
rough. The lamellar stack structure is obvious with an obvious pore structure. As proposed by Wu et
al. [30] also, after modification, the granular and block structure of TSBC-600 and TMBC-600 increased,
presumably due to the introduction of sulfur-containing groups that increased the number of biochar
particles and the surface became smooth. Part of the pore structure was blocked, the impurities on the
biochar surface reduced, and the outline of the structure was clear. EDS analysis indicated that the
nitrogen content of the TSBC-600 increased from 3.57% to 15.43%, and the sulfur content increased
from 0.30% to 3.68%; the nitrogen content of the TMBC-600 increased from 3.30% to 13.61%, and the
sulfur content increased from 0.17% to 2.89%, which fully confirmed that N and S were successfully
doped into the biochar during the modification process.
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3.3. Effects of Modification on Functional Groups on the Biochar Surface

The FTIR spectra of the two biochars (TMBC-600 and TSBC-600) before and after modification and
before and after adsorption are shown in Figure 2. From Figure 2, the absorption peak at approximately
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3300 cm−1 is assigned to the stretching vibration of -OH [31], and the strong absorption peaks appearing
near 2988 cm−1 at TMBC-600 and TSBC-600 are the stretching vibration of -NH2 [32], indicating that the
nitrogen in thiourea participated in the amination of the surface of the biochar during the modification
process. The absorption peak at 2901 cm−1 was assigned to the stretching vibration of -CH2 or -CH [33].
The characteristic peak appearing at 2358 cm−1 after modification may be caused by the stretching
vibration of the -C≡N triple bond, and the two strong absorption peaks, i.e., 1066 cm−1 and 1244 cm−1

appearing in the frequency band of 1050–1250 cm−1 are the stretching vibration absorption peaks of C-S
and C=S [30], respectively, indicating the presence of sulfurization during the modification of biochar.
The characteristic absorption peak at 1439 cm−1 is attributed to the stretching vibration of C-N [34],
and the absorption peak at 1585 cm−1 may be the absorption characteristic peak of C=N or C=O [14].
Generally, C-H stretching vibrational absorption peaks of methyl and methylene appear in the vicinity
of 2960 cm−1, and the adsorption frequency of methylene will shift to the low-frequency region and
the absorption intensity will become weaker after the introduction of the S atoms [35]. The peak at
2901 cm−1 evidences this and confirms that the S-containing groups were involved in the modification.
The absorption peak in the 1400–1600 cm−1 band shifted after the reaction and the peak intensity
weakened, indicating that Cd2+ and the functional group on the surface of the biochar were bound
to the adsorption site by complexation [36]. The characteristic peaks of -NH2 and sulfur-containing
groups weakened after the adsorption reaction, indicating that the newly introduced functional groups
participated in the adsorption of Cd2+.
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3.4. XPS Analysis of Biochar before and after Modification

To further verify whether this modification method successfully doped N and S into the biochar
carbon lattice, X-ray photoelectron spectroscopy analysis was used to analyze the change in the binding
energy of C, N, and S in the biochar before and after modification. Figure 3a shows the XPS survey
spectrum of MBC-600 and TMBC-600, in which the nitrogen content increased by 1.43% and the sulfur
content increased by 2.03%. Figure 3b shows the XPS survey spectrum of SBC-600 and TSBC-600,
in which the nitrogen content increased by 6.53% and the sulfur content increased by 3.39%. After
modification, the extent of doping with N and S has improved significantly. The change in the mass
fraction of the surface element is closely related to the functional group type and quantity of biochar
before and after modification, which indicates that the modified material has better electrochemical
performance [37]. Figure S3 (A1) and (A2) show the C 1s spectra of the two materials before and
after modi3fication, in which the carbon was present in three forms, i.e., C-C (284.7 eV), C-O/C-N/C-S
(286.2 eV), and C=O (288.6 eV) [38]. It can be seen from (A1) that, after the modification, the content of
the three types of carbon in TMBC-600 changed significantly, while TSBC-600 in (A2) has not changed
much. The changes in C-N and C-S indicate that N and S substitute C and become part of the carbon
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skeleton in the form of structural nitrogen and structural sulfur [39]. Figure S3 (B1) and (B2) show the N
1s spectra of the materials before and after modification. The nitrogen is mainly present in four forms,
i.e., N-6 (pyridine nitrogen, 398.5 eV), N-5 (pyrrole nitrogen, 399.5 eV), and N-Q (graphite nitrogen,
400.7 eV) and NOx (nitrogen oxide, 402.2 eV) [40,41]. The N 1s spectra of MBC-600 and SBC-600 in
(A1) and (A2) show that the nitrogen content of unmodified biochar is very small. Compared with
MBC-600 and SBC-600, the number of different forms of nitrogen in TMBC-600 and TSBC-600 increased
significantly and mainly existed in the form of pyridine nitrogen and graphite nitrogen, indicating
that the nitrogen atom was successfully introduced into the carbon lattice and formed a bond with
the carbon atom. The number of pyridine nitrogen was higher than that of graphite nitrogen, which
has been confirmed in studies with thiourea as an additional doped nitrogen source [15]. Pyridine
nitrogen can promote the coordination of metal ions, and thus, is more favorable for the removal
of metal ions [42]. Figure S3 (C1) is the S 2p spectrum of MBC-600 and TMBC-600. It can be seen
from the figure that the sulfur content of MBC-600 is small, while that in TMBC-600 is significantly
increased, existing mainly in three forms, i.e., C=S (163.9 eV), C-S (165.1 eV), and S(=O)2 (168.3 eV).
Figure S3 (C2) is the S 2p spectrum of SBC-600 and TSBC-600. Compared with SBC-600, the sulfur
content of TSBC-600 is significantly increased, and the sulfur exists in five main forms, i.e., C=S
(163.9 eV), C-S (165.1 eV), S(=O)2 (168.3 eV), Sul S (sulfide sulfur, 161.8 eV), and S(-II) (160.6 eV) [35,43].
This confirms that the sulfur was successfully doped into the biochar carbon skeleton structure after
modification. The doping of N and S elements has given biochar materials some specific properties,
such as easier electrochemical reaction and adsorption.
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3.5. Adsorption Experiment Results

3.5.1. Effect of Pyrolysis Temperature on Cd2+ Adsorption by Modified Biochar

Cd2+ was removed by modified biochar at different pyrolysis temperatures and the results are
shown in Figure 4. It can be seen from Figure 4 that when the dosage of biochar is 1 g/L and the initial pH
of the solution is 7, the removal rate of Cd2+ by TSBC increases as the pyrolysis temperature increases.
The removal rate of Cd2+ by TMBC in the range of 300–600 ◦C showed an upward trend, and the
removal rate decreased above 600 ◦C. The removal rate of Cd2+ by TSBC was higher than that of TMBC.
The removal rate of TMBC-600 and TSBC-600 were the highest at 43.83% and 87.29%, respectively.
The removal rate associated with TMBC-600 increased by 36.53% compared with TMBC-300, and that
of TSBC-600 increased by 81.07% compared with TSBC-300. Considering the energy consumption
and raw material utilization in the process of preparing biochar, biochar was prepared at a pyrolysis
temperature of 600 ◦C in this study.
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3.5.2. Effect of Initial pH on Cd2+ Adsorption by Biochar

As shown in Figure 5, when the dosage of modified biochar was 1 g/L and the initial concentration
of Cd2+ is 10 mg/L, as the pH increases, the removal rate of Cd2+ by both the biochars increase. Under
strongly acidic conditions, the removal rate of Cd2+ by TSBC-600 is higher and that of TMBC-600
is lower. When the pH is in the range of 4–7 and 6–7, respectively, the adsorption of TSBC-600 and
TMBC-600 is better, and the adsorption efficiency of TSBC-600 was higher than that of TMBC-600.
When the pH was 4–7, the removal rate of Cd2+ in the solution can reach 93%; when pH = 7, the removal
rate of Cd2+ by TSBC-600 became the highest, which was 96.05%. For TMBC-600, when the pH was at
2–6, the removal rate of Cd2+ increased slowly. When pH = 7, TMBC-600 had the highest removal
rate of Cd2+, which was 58.41%. Due to the difference in biomass materials, the alkalinity of the two
modified biochars differed significantly. From Figure 6, it can be seen that the equilibrium pH of
the biochar solution has increased to varying degrees after Cd2+ adsorption. The equilibrium pH of
TSBC-600 was higher than TMBC-600, indicating that the basicity of TSBC-600 is greater, which is
consistent with the pH measurement results in 2.1.
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3.5.3. Effect of Dosage of Biochar on Cd2+ Adsorption

It can be seen from Figure 6 that as the initial pH of the solution was 7, and the initial c (Cd2+) of
the solution was 10 mg/L, the removal rate of Cd2+ increased with the increase in the two kinds of
biochar. When the dosage of TMBC-600 and TSBC-600 was 5 g/L and 4 g/L, the adsorption of Cd2+

by biochar reached saturation, and the removal rate reached 92.50% and 98.15%, respectively. As the
dosage was increased continuously, the removal rate of Cd2+ did not vary much. This is possibly
because the binding of cadmium ions to the limited adsorption sites on the surface of biochar reaches
saturation when the dosage is small. With the increase in the dosage, the remaining cadmium ions in
the solution bind to the new adsorption sites. Finally, the adsorption reached equilibrium, and further
increase in dosage had little effect on the removal rate.

3.5.4. Analysis of Adsorption Kinetics

The adsorption capacity of Cd2+ by biochar as a function of time is shown in Figure 7. As shown
in Figure 7, the adsorption capacity of TSBC-600, SBC-600, TMBC-600, and MBC-600 all increase with
the increase of the adsorption time, and eventually reach equilibrium. TSBC-600, SBC-600, TMBC-600,
and MBC-600 reached adsorption equilibrium at 240, 960, 360, and 960 min, respectively. In the initial
stage of adsorption, the adsorption efficiency of each biochar is high and it gradually decreases with
the increase in adsorption time. This is because there are more sites on the biochar surface that can
bind to Cd2+ at the beginning of adsorption, and Cd2+ can be quickly adsorbed by the biochar. At this
time, there is no competitive adsorption. As the adsorption time increases, the effective adsorption
sites on the surface of the biochar gradually decrease, and Cd2+ needs to diffuse into the inside of
porous medium. At this time, the mass transfer rate becomes slower, and the competitive adsorption
becomes more and more obvious [44]. TSBC-600 showed a higher adsorption rate in the initial stages
of adsorption, indicating that the surface of TSBC-600 has more binding sites.
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3.5.5. Analysis of Isothermal Adsorption

The adsorption isotherm can reflect the affinity of the adsorbate for the adsorbent and can be used
to describe the interaction between the adsorbate and the adsorbent [45]. The adsorption isotherms
of Cd2+ solutions after adding biochar with different initial concentrations are shown in Figure 8.
The adsorption capacity of TSBC-600, SBC-600, TMBC-600, and MBC-600 all increased with the initial
concentration of Cd2+ and eventually reached equilibrium. At low concentrations of Cd2+, biochar
showed a higher adsorption rate, and then gradually flattened as the concentration increased. It can be
seen from Figure 8 that the adsorption capacity of the four types of biochar is TSBC-600 > SBC-600 >

TMBC-600 > MBC-600, among which TSBC-600 has the strongest adsorption capacity.
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4. Discussion

4.1. Effects of Pyrolysis Temperature, Dosage, and Initial pH on Cd2+ Removal

Biomass pyrolysis is a fairly complex thermochemical reaction process, in which temperature is
a key factor that determines the performance of biochar [46]. The effect of modified biochar prepared at
different pyrolysis temperatures on the removal rate of Cd2+ in aqueous solution is shown in Figure 4.
When the initial concentration of Cd2+ in the solution was 10 mg/L, TMBC and TSBC had a high
removal rate of Cd2+ at 600 ◦C. This is because, as the temperature increases, the moisture and volatile
matter of the biomass is gradually released, and a large number of pore structures are formed on
the biochar surface, the specific surface area increases, and the number of adsorption sites on the
surface increases [47]. The reason for the lower growth may be that the introduction of sulfur and
nitrogen enhances the ability of primary biochar to adsorb Cd2+. At the same pyrolysis temperature,
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the difference in adsorption capacity between TMBC-600 and TSBC is remarkable. This may be because
MB has volatile components up to 81.1% volatile components and its structure is loose. When the
temperature is relatively low, organic solids in MB did not fully decompose and generate abundant
biomass oil [48]. When the temperature was relatively high, the high temperature destroyed the pore
structure of the biochar, which caused the TMBC pore structure to collapse, and the adsorption sites on
the biochar surface decreased [49].

The dosage of adsorbent added is one of the important parameters that determine the adsorption
capacity of the adsorbent for Cd2+. The removal rate of TMBC-600 and TSBC-600 for Cd2+ in aqueous
solution is shown in Figure 6. When the initial Cd2+ concentration of the solution was 10 mg/L,
the dosage of TMBC-600 and TSBC-600 increased from 1 g/L to 10 g/L, and the removal rates of Cd2+

by TMBC and TSBC increased from 70.1% to 94.1% and from 87.8% to 99.0%, respectively. When
the dosage increased to 4 g/L, the increase in removal rate did not vary much, similar results also
appeared during the adsorption of transition metal element by sugarcane biochar and sulfurized
biochar [22,50,51].

The initial pH of the solution is an important factor that affects the adsorption process. Cd-chloride
hydrolysis have resulted in sacrificial dissolution of adsorbent and cannot be ignored, therefore,
the neutralization method was used to minimize the effect of Cd-chloride hydrolysis on adsorption,
so as to ensure that the adsorption of Cd2+ only affected by the initial pH of solution. Changes in pH
can affect the surface charge of the adsorbent and the degree of ionization of the adsorbed cadmium
ions [52]. The effect of initial pH on the adsorption of Cd2+ by modified biochar is shown in Figure 5.
When the initial Cd2+ concentration is 20 mg/L and the amount of modified biochar is 1 g/L, TSBC-600
can still remove 93% of the Cd2+ in the solution at low pH, and TMBC-600 can obtain a removal rate of
approximately 60%. In the same situation, Tang et al. found that the removal rate of Cd2+ by single
amino-modified biochar was only 28%, and the removal rate of Cd2+ by single thiol-modified biochar
was 48% [34]. Li et al. reported that when the dosage of nitrogen-added biochar was 8 g/L, the removal
rate of Cd2+ could reach 98% at pH 4.0 [53]. Compared with single sulfur modification and nitrogen
modification, the thiourea-modified biochar materials examined in this study have a higher tolerance to
pH. The modified biochar mainly achieves the removal of Cd2+ through the specific binding of nitrogen
and sulfur groups with Cd2+ and the non-specific complexation or ion exchange of oxygen-containing
functional groups such as hydroxyl and carboxyl groups on the surface of biochar with Cd2+. When the
content of H+ in the solution increases, a large amount of H+ will dissociate the functional groups that
are beneficial to the adsorption of Cd2+ [54,55], thereby reducing the removal rate of Cd2+. Meanwhile,
H+ preferentially occupies the adsorption sites when competing with Cd2+, causing a decrease in the
number of sites bound to Cd2+. In addition, the lower the pH of the solution, the higher the density of
positive charges on the surface of biochar, and the stronger the mutual electrostatic repulsion between
the positively charged metal cations and the surface of biochar [56–58], which will reduce the removal
rate of Cd2+.

4.2. Adsorption Kinetics of Cd2+ Adsorbed by Biochar before and after Modification

The pseudo-first-order kinetic equation and pseudo-second-order kinetic equation were used
to fit the biochar adsorption kinetic data, and the fitting parameters are shown in Table 2. It can be
seen from Table 2 that the R2 values fitted by the pseudo-second-order kinetic equation are greater
than those fitted by the pseudo-first-order kinetic equation, indicating that the adsorption rate of
biochar are mainly controlled by the chemisorption mechanism, and Cd2+ adsorbed on the surface of
biochar via the interaction with biochar, such as that shared by the electron-electron pairs, ion exchange,
and surface complexation [59]. The adsorption process mainly includes external liquid film diffusion,
surface adsorption, and intra-particle diffusion. The relationship between the equilibrium adsorption
capacity of biochar for Cd2+ is TSBC-600 > SBC-600 > TMBC-600 > MBC-600. The adsorption of
modified biochar was enhanced, indicating the important role of N- and S- containing groups on the
adsorption of Cd2+. Comparing the adsorption rate constant k2 of the four biochars, 0.0184 (TSBC-600)
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> 0.0049 (TMBC-600) > 0.0042 (MBC-600) > 0.0013 (SBC-600), indicating that the adsorption rate
of TSBC-600 is faster, which is consistent with the analysis of k1 in the pseudo-first order kinetic
equation. This demonstrates that the affinity of SB to thiourea is greater than that of MB. In summary,
thiourea-modified biochar can effectively increase the adsorption rate of Cd2+ by biochar.

Table 2. Adsorption kinetic parameters of MBC-600, SBC-600, TMBC-600, and TSBC-600 (C0 = 100
mg/L, pH = 7, doageTMBC-600 = 5 g/L and doageTSBC-600 = 4 g/L, 25 ◦C).

Samples
Pseudo First Order Pseudo Second Order

Qe (mg/g) k1 (1/min) R2 Qe (mg/g) k2 (g/mg/min) R2

TSBC-600 11.65 0.1391 0.88 12.19 0.0184 0.92
SBC-600 5.93 0.0062 0.94 6.63 0.0013 0.97

TMBC-600 4.76 0.0189 0.94 5.20 0.0049 0.98
MBC-600 3.72 0.0124 0.90 4.09 0.0042 0.96

Note: Qm is the maximum adsorption capacity; k1 is the rate constant of the pseudo-first-order kinetic equation; k2
is the rate constant of the pseudo-first-order kinetic equation.

4.3. Isothermal Adsorption Curves before and after Biochar Modification

According to the shape of the isotherms, the isotherms of the four types of biochar can be
designated as type I isotherms as per the BDDT (Brunauer Deming Deming Teller) classification [60].
Therefore, the commonly used Langmuir and Freundlich equations are used for fitting. The detailed
fitting parameters and correlation coefficients are listed in Table 3. By comparing the R2 fit using the
two models, it is found that the Langmuir equation is more suitable than the Freundlich equation.
This indicates that the adsorption of Cd2+ by the four biochars is monolayer adsorption. The functional
groups on the absorbent surface are the main adsorption sites during the adsorption process, and the
process takes place under the electrostatic attraction and hydrogen bonding [61]. There was no
interaction between the homogeneity of the adsorbent surface and adsorption sites. The maximum
adsorption capacity Qm calculated by the Langmuir equation is not significantly different from
the actual adsorption amount qe. The maximum adsorption capacity of each biochar is TSBC-600
(19.998 mg/g) > SBC-600 (9.880 mg/g) > TMBC-600 (9.631 mg/g) > MBC-600 (5.898 mg/g). The adsorption
capacity of thiourea modified TSBC-600 and TMBC-600 increased by 2.02 and 1.63 times, respectively.
The adsorption capacities reported by other different adsorbents varied greatly among previous studies
(Table S1). The adsorption capacity of TSBC-600 and TMBC-600 is nearly five times than biochar
through pyrolysis with thiourea impregnation [15], the reason for this differentiation may be different
activation of raw biochar in one-step co-pyrolysis. Moreover, the different feedstock and modifier
made the variation of different surface characteristics, minerals, and functional groups of biochar.

Table 3. The fitting parameters for isothermal adsorption of MBC-600, SBC-600, TMBC-600,
and TSBC-600 (pH = 7, doageTMBC-600 = 5 g/L and doageTSBC-600 = 4 g/L, 25 ◦C).

Samples
Langmuir Model Freundlich Model

Qm (mg/g) KL (L/mg) R2 KF (L/g) 1/n R2

TSBC-600 19.998 0.026 0.91 4.230 0.233 0.70
SBC-600 9.880 0.050 0.83 3.506 0.158 0.55

TMBC-600 9.631 0.008 0.99 0.652 0.385 0.90
MBC-600 5.898 0.009 0.91 0.417 0.380 0.78

Notes: Qm is the maximum adsorption capacity; KL is the affinity constant of the interaction between the adsorbate
and the adsorbent; Kf is the Freundlich adsorption capacity parameter; n is the empirical parameter of the
adsorption strength.
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For the separation factor RL (RL = 1/(1 + RLC0), when RL > 1, the adsorption is unfavorable; when 0
< RL < 1, the adsorption is favorable; when RL = 1, the adsorption is linear [62]. In the Langmuir model,
the RL of biochar for Cd2+ is between zero and one, indicating that the adsorption behavior of biochar
to Cd2+ is favorable. Similarly, the value of n in the Freundlich model can also confirm this viewpoint.
The value of n is related to the properties of the adsorption material and the adsorption system.
The larger the value of n, the better the adsorption performance of the material. When 0.1 < 1/n < 0.5,
it means that the adsorption is easier to perform; when 1/n > 2, it means that the adsorption is difficult to
carry out [53]. The 1/n values of the four biochars are all in the range of 0.1–0.5, which indicates that the
N and S groups on the surface of the biochar have a higher modification efficiency. This demonstrates
that the full adsorption process is preferential adsorption. The adsorption performance is relatively
good, and the adsorption process is non-linear isothermal adsorption. The adsorption of Cd2+ by the
four biochars is completed by a variety of mechanisms [14,50,63].

5. Conclusions

In this study, an N, S modified biochar was prepared by the co-pyrolysis of thiourea and poplar
bark (SB) or poplar sawdust (MB), and used for the removal of aquatic cadmium ions. The results
showed that the performance of thiourea-modified biochar was stable. The introduction of S and N
optimized the surface structure of biochar, which was beneficial for enhancing the adsorption efficiency
of biochar for Cd2+. The optimal modification temperature of TSBC and TMBC was 600 ◦C, and the
optimal reaction dosage of TSBC-600 and TMBC-600 was 4 g/L and 5 g/L, respectively. The optimal
reaction pH was 7. Langmuir model and the pseudo-second-order kinetic model can explain the
adsorption behavior of TSBC-600 and TMBC-600 with regard to Cd2+. The adsorption behavior of
TSBC-600 and TMBC-600 to Cd2+ was mainly chemical adsorption, which can be attributed to the
surface functional groups. The maximum adsorption capacity of TSBC-600 and TMBC-600 calculated
by the Langmuir model was 19.998 mg/g and 9.631 mg/g, respectively. These results indicated that the
thiourea-modified biochar has strong adsorption capacity and good acid resistance, which is promising
in the remediation of Cd-polluted water.
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N 1s (B1,B2), S 2p (C1,C2) for MBC-600, SBC-600, TMBC-600 and TSBC-600, Table S1: Comparison of metal ion
sorption capacity (mg/g) of different adsorbents.
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Abstract: Electroplating sludge is a hazardous waste produced in plating and metallurgical processes
which is commonly disposed of in safety landfills. In this work, electroplating sludge containing
25.6% Fe and 5.5% Co (named S1) and another containing 36.8% Fe and 7.8% Cr (S2) were recycled
for the preparation of erdite-bearing particles via a facile hydrothermal route with only the addition
of Na2S·9H2O. In the sludges, Fe-containing compounds were weakly crystallized and spontaneously
converted to short rod-like erdite particles (SP1) in the presence of Co or long nanorod (SP2) particles
with a diameter of 100 nm and length of 0.5–1.5 µm in the presence of Cr. The two products,
SP1 and SP2, were applied in electroplating wastewater treatment, in which a small portion of
Co in SP1 was released in wastewater, whereas Cr in SP2 was not. Adding 0.3 g/L SP2 resulted
in the removal of 99.7% of Zn, 99.4% of Cu, 37.9% of Ni and 53.3% of Co in the electroplating
wastewater, with residues at concentrations of 0.007, 0.003, 0.33, 0.09 and 0.002 mg/L, respectively.
Thus, the treated electroplating wastewater met the discharge standard for electroplating wastewater
in China. These removal efficiencies were higher than those achieved using powdered activated
carbon, polyaluminum chloride, polyferric sulfate or pure Na2S·9H2O reagent. With the method,
waste electroplating sludge was recycled as nanorod erdite-bearing particles which showed superior
efficiency in electroplating wastewater treatment.

Keywords: electroplating sludge; hydrothermal process; heavy metal; electroplating wastewater;
upcycling

1. Introduction

Electroplating is a basic process in the machine manufacturing industry and uses various heavy
metals to protect plating pieces [1–4]. High volumes of electroplating wastewater are generated, which is
an extremely hazardous type of wastewater containing multiple heavy metals [5]. Electroplating
wastewater can be categorized into acidic or alkaline wastewater in accordance with the electroplating
technology used. Acidic wastewater is easily treated through pH adjustment and coagulation,
which transfer heavy metals from wastewater to sludges [2,3]. By contrast, alkaline wastewater
comprises complex agents, such as citric acid, ethylene diamine tetra-acetic acid (EDTA) and tartaric
acid [6,7], which react with heavy metals to form heavy metal–organic complexes. Thus, heavy metals
cannot be hydrolyzed even after adjusting wastewater pH to values above 12. Therefore, heavy
metals are difficult to precipitate in alkaline wastewater through pH adjustment and are commonly
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treated using time-consuming processes, including pH adjustment, cationic exchange, extraction
and/or precipitation with special agents [8–12]. Although the amount of heavy metals detected from
the effluents of an electroplating workplace is usually low [10,13], heavy metals should be further
removed until the discharge standard for electroplating wastewater is met.

The removal of heavy metals from alkaline electroplating wastewater generally involves two
methods [14–21]. One is the decomposition of organic complex reagents by the Fenton reaction and/or
wet oxidation [15–17]. For instance, Shin et al. [15] investigated the removal of a citrate–Ni complex in
alkaline electroplating wastewater and found that, after the wastewater was adjusted to pH 3, 95%
citrate removal was achieved by Fenton oxidation with the addition of 20 mM Fe2+ and 1080 mM
H2O2, and subsequently 99.9% of Ni precipitation occurred when the wastewater was adjusted back to
pH 10. Yong et al. also reported that more than 90% of Cu was precipitated after the decomposition
of complex gluconic acid in a micro-electrolysis system [17]. Similarly, the derivatives of gluconic
acid in the molasses-based distillery wastewater were effectively broken down by wet oxidation
at a temperature above 150 ◦C [16]. Another method is the removal of heavy metals by adding
special agents and/or functionalized resin [18–21]. For example, Li et al. [18] found that at a sodium
diethyldithiocarbamate/Cu molar ratio of 1, approximately 99.6% of complex Cu (with EDTA as the
coordination agent) is trapped by sodium diethyldithiocarbamate and precipitates during coagulation
after the addition of polyferric sulfate and polyacrylamide. A few aminopolycarboxylic acids, such as
iminodiacetic acid, nitrilotriacetic acid, and diethylenetriaminepentaacetic acid, include the necessary
functionalized groups (e.g., carboxyl and amino) to chelate heavy metals [19]. Such organics were
also grifted on the resin surface to considerably improve its affinity for heavy metals recycling from
electroplating wastewater [20,21]. Although these methods can efficiently remove heavy metals from
alkaline wastewater, they require expensive agents and complicated devices. Thus, their applications
are limited. By contrast, adsorption is a low-cost process and has a simple operating method.
Many adsorbents, such as natural minerals, carbon materials and artificial composites, exhibit a variety
of surface groups (such as –OH and –COOH) to adsorb free heavy metals. These surface groups
show relatively low affinity to heavy metals compared with complex agents and have low removal
efficiencies in alkaline electroplating wastewater treatment [22]. Therefore, a novel adsorbent that can
remove complex heavy metals should be urgently developed.

The resource reutilization of electroplating sludge for the preparation of novel adsorbents for
electroplating wastewater treatment is a green route involving the “waste to treat wastewater” approach.
This type of sludge is composed of heavy metals, precipitant reagent and hydrolyzed flocculant [23–25].
Fe/Al oxyhydroxide from hydrolyzed flocculants are usually used to adsorb free heavy metals in
the absence of complex agents [24,25]. However, the reutilization of heavy metal-bearing sludges in
alkaline electroplating wastewater has not yet been reported.

The aim of this study is to recycle Co/Cr-bearing sludge for the preparation of a novel erdite
material that can be used in the advanced treatment of electroplating wastewater effluent. In contrast
to conventional adsorbents, the novel erdite material can be spontaneously hydrolyzed in neutral
solutions, thereby generating Fe/S-bearing oxyhydroxide with plenty of –SH groups for heavy-metal
coordination. The release of Co and Cr in the prepared erdite materials was investigated during
wastewater treatment.

2. Materials and Methods

2.1. Electroplating Sludge Pre-Treatment

The Co-bearing sludge, denoted as S1, was precipitated from the wastewater of a rolling-anode
plant (Sanhe company, Changchun, China). The wastewater was first treated with a resin filter
(CH-90, Kaiping company, Shanghai, China) to recycle Co, and then coagulated with the addition
of polyferric sulfate and polyacrylamide. A yellowish precipitate was generated after coagulation
treatment and pumped to a plate and frame filter (XAMY6/450-30U, Runnan company, Shanghai, China)
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to perform mechanical dewatering. Thus, the yellowish cake of S1 was generated and stored in the
northwestern corner of the waste yard before transport and landfilling. The Cr-bearing sludge, named
S2, was generated from the wastewater of the electroplating workshop (Sanhe company, Changchun,
China). For Cr recovery, a resin filter (RS10, Kaiping company, Shanghai, China) was also employed to
treat the wastewater, and then the effluent was further treated with the coagulation and dewatering
process with the abovementioned procedures. The generated Cr-bearing sludge cake was placed at the
south side of the waste yard.

The two sludges, S1 and S2, were vacuum-dried at 50 ◦C overnight and ground to pass through
a 1 mm mesh. The powder of each sludge was analyzed by X-ray fluorescence (XRF, S4-Explorer,
Bruker, Karlsruhe, Germany); only the diffraction intensity of metallic elements was recorded, except
for the nonmetal elements C, H and O. For S1, the percentage of total metallic elements was about
36.31%, whilst the residual in S1 was affiliated with the coordinated groups (e.g., oxide/oxyhydroxide,
sulfate and chloride) and the added polymeric flocculant. S2 showed a similar composition to S1,
and the major elements are summarized in Table 1. S1 contains 25.6% Fe and 5.5% Co, demonstrating
that S1 is a Fe/Co-rich sludge, whereas S2 is a Fe/Cr-rich sludge with 36.8% Fe and 7.8% Cr.

Table 1. Sludge composition.

Element
Relative Weight Percentage (wt.%)

S1 S2

Fe 25.6 36.8
Cr 0.06 7.8
Co 5.5 0.04
Ca 0.5 1.3
Si 0.9 1.1
Al 2.05 2.78
Na 1.7 1.4

2.2. Hydrothermal Conversion of Sludge

S1 and S2 were hydrothermally treated in accordance with our previous method [26,27] with the
replacement of NaOH by Na2S. In brief, S1 (1 g), Na2S·9H2O (2.4 g) and deionized water (30 mL) were
mixed in a 50 mL Teflon vessel. Then, the vessel was sealed and heated at 180 ◦C for 10 h in a drying
oven (DHG-9037A, Jinghong company, Shanghai, China) and water-cooled to below 25 ◦C. Finally,
the blackish particles at the vessel bottom were collected, freeze-dried at −80 ◦C in a freeze dryer
(FDU-2110, EYELA, Tokyo, Japan) overnight and denoted as SP1. SP2 was hydrothermally treated in
accordance with the abovementioned steps, and the obtained product was named SP2.

2.3. Heavy Metal Release

In the Sanhe company, heavy-metal-bearing wastewaters were mixed in a storage tank to generated
a comprehensive electroplating wastewater, in which Zn, Cu, Ni, Co and Cr values were 711.5, 36.8,
131.2, 2.7 and 0.9 mg/L. The comprehensive electroplating wastewater was alkaline at pH 13.5,
and adjusted to pH 7–7.5 by adding hydrochloric acid (9.8 M, Binghai chemical Group, Jinhua, China),
in accordance with the optimal pH range of the resin filter (KP752, Kaiping company, Shanghai, China)
operation. The wastewater was then treated with resin (KP752, Kaiping company, Shanghai, China)
for the recycling of heavy metals and precipitated with polyferric sulfate. After treatment, the pH
of the electroplating wastewater effluent was 7.3, and the concentrations of Zn, Cu, Ni, Co and Cr
were 3.03, 0.51, 0.56, 0.19 and 0.003 mg/L, respectively. In the effluent, the concentrations of Zn, Cu
and Ni exceeded the emission standard of pollutants for electroplating in China (GB21900-2008).
Thus, the effluent needed to be further treated before discharge.

In total, 0.8 g/L of SP1 and SP2 adsorbents were added to 100 mL of electroplating wastewater,
and the mixture was magnetically stirred at 90 rpm for 2 h; then, SP1 and SP2 were collected and
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freeze-dried after the reaction. The dried SP1 and SP2 were respectively put into 50 mL deionized
water until the concentration was 0.3 g/L and stirred magnetically for 24 h. Then, the concentration of
heavy metals in the supernatant was determined by an inductively coupled plasma optical emission
spectrometer (ICP-OES, AVIO-200, PerkinElmer, Waltham, MA, USA).

2.4. Electroplating Wastewater Treatment

The effluent was treated by placing SP1 in 50 mL of effluent until the SP1 concentration was
0.05 g/L. The mixture was magnetically stirred at 90 rpm for 2 h, and SP1 was separated by centrifuging
at 6000 rpm for 5 min. Subsequently, the supernatant was collected, and the residual heavy metals
in the supernatant were determined. According to the aforementioned steps, heavy metal removal
was optimized by varying the SP1 dosage from 0.05 g/L to 0.8 g/L. Then, the dosage of SP2 on
the effluent treatment was also investigated according to the abovementioned steps. Powdered
activated carbon is a commercial adsorbent and is used in mass production in the project-scale
advanced treatment of electroplating wastewater [28,29]; thus, it was targeted as the control in the
experiment. After that, several common chemical reagents and the raw sludge were used to treat the
electroplating wastewater, including polyaluminum chloride (PAC) [30], polyferric sulfate (PFS) [31]
and Na2S·9H2O [32]. The experimental conditions are similar to the above, but the dose of the chemical
reagent was 0.8 g/L, and the mixture was magnetically stirred at 90 rpm for 2 h.

2.5. Kinetic Experiment

A dose of 0.05 g/L SP2 was added to 50 mL electroplating wastewater, and the mixture was
magnetically stirred at 90 rpm. The heavy metal concentration in the supernatant was measured at
0.25 h, 0.5 h, 1 h, 1.5 h and 2 h, respectively.

2.6. Adsorbent Regeneration

Adsorbent regeneration was carried out by treating with 15% NaCl of pH 5 for 48 h or calcining
at 450 ◦C for 2 h. The adsorbent after regeneration treatment was put into 50 mL electroplating
wastewater with a dose of 0.8 g/L and a reaction time of 2 h. After the reaction, the residual heavy
metal concentration in the supernatant was measured.

2.7. Zeta Potential Measurement

In total, 0.5 g/L of SP2 was added to deionized water at pH 5 and magnetic stirring was performed,
and the zeta potential of SP2 was measured by a zeta potential analyzer (Zetasizer Nano ZSP, Malvern,
UK) at 30 min, 60 min, 180 min and 300 min, respectively.

2.8. Characterisation

The conversion mechanism was explained by characterizing the sludge and products by
scanning electron microscopy (SEM, JSM-6400, Jeol, Tokyo, Japan), X-ray diffraction (XRD, Rint2200,
Rigaku Corporation, Tokyo, Japan) and X-ray photoelectron spectroscopy (XPS, ADES-400, VG
Scientific, Birmingham, Britain).

3. Results and Discussion

3.1. Conversion of the Two Types of Sludge to Erdite-Bearing Particles

The morphology and compositions of the sludges are shown in Figures 1 and 2. S1 was an irregular
block (Figure 1a) and did not show the obvious peaks of Fe/Co-bearing compounds (Figure 2, S1).
The Fe/Co-bearing compounds in S1 exhibited weakly crystallized forms. S2 showed fine particles
(Figure 1b), and its XRD patterns were similar to those of S1 (Figure 2, S2) and corresponded to weakly
crystallized Fe/Cr-bearing compounds. After hydrothermal treatment, SP1 synthesized using S1 as
raw sludge was characterized by short rod-like particles (Figure 1c), with obvious peaks of erdite and
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sulfur (Figure 2, SP1). In comparison with SP1, SP2 from S2 showed long nanorods with diameters of
100 nm and lengths of 0.5–1.5 µm (Figure 1d). These products corresponded to the sharp peaks of
erdite in the curve of SP2 (Figure 2, SP2). These findings demonstrated that Fe was involved in the
formation of amorphous Fe-bearing compounds in S1 and S2. These Fe-bearing compounds were
converted to well-crystallized erdite particles, which were short in SP1 and lengthened in SP2.

Figure 1. Scanning electron microscope (SEM) images of (a) S1, (b) S2, (c) SP1 and (d) SP2.

Figure 2. X-ray diffraction (XRD) patterns of S1, S2, SP1 and SP2.

The two types of sludge and the prepared SPs (SP1 and SP2) were further characterized by XPS.
The Fe 2p spectra of S1 and S2 showed that the indicative peak at the binding energy of 710.5 eV
(Figure 3a, S1 and S2) corresponded to Fe3+ in the Fe–O bond and was similar to that in ferrihydrite [33].
After the hydrothermal process, SP1 showed a new peak at the binding energy of 707.8 eV (Figure 3a,
SP1). The peak belongs to Fe3+ in the Fe–S bond, in accordance with erdite formation. Compared with
SP1, SP2 showed an intensified peak of Fe3+ in Fe–S bond (Figure 3a, SP2), in agreement with the long
rod-sharped erdite. For the S 2p spectra, SP1 and SP2 showed the four major peaks at binding energies
of 160.4, 161.3, 163.2 and 167.4 (Figure 3b) corresponding to the S in the Fe–S bond of the (FeS2)n

n−
structure, and S2−, sulfur and S in sulfate, respectively. In the Co 2p spectra, a major peak at 782.1
eV with a satellite peak was observed at the curve of S1 (Figure 3c, S1). The peak was related to the
Co–O bond [34]. After hydrothermal treatment, new peaks related to Co in the Co–S bond appeared in
SP1 at 778.6 eV (Figure 3c, SP1) [34], indicating the involvement of Co in CoS and/or CoS2 after the
addition of Na2S. In the Cr 2p spectra, S2 exhibited two major peaks at 577.3 and 579.8 eV (Figure 3d,
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S2). The peaks were attributed to the Cr(III) and Cr(VI) [35], respectively. However, the peak of Cr(VI)
disappeared during the hydrothermal process, and only the peak of Cr(III) remained in SP2 (Figure 3d,
SP2), indicating the reduction of Cr(VI) to Cr(III) by Na2S·9H2O.

Figure 3. High resolution (a) Fe 2p, (b) S 2p, (c) Co 2p and (d) Cr 2p X-ray photoelectron spectroscopy
(XPS) curves of S1, S2, SP1 and SP2.

Fe-bearing compounds were rich in S1 and S2 and converted into erdite in four steps. Firstly,
the added Na2S was hydrolyzed to release OH− and HS− to the solution, increasing the solution pH to
above 13.6. Thus, many OH− ions in the solution attacked the surface Fe at the Fe-bearing mineral
and generated Fe(OH)4

− (Equation (1)) in the solution [36]. This result indicated the presence of
residual Fe (approximately 15 mg/L) in the solution after the hydrothermal process (Figure 4). Secondly,
a replacement reaction between free HS− and the hydroxyl group of Fe(OH)4

− occurred, thereby
generating Fe(OH)3HS− (Equation (2)), followed by the conjunction reaction between two adjacent
Fe(OH)3HS− compounds. Thus, Fe2S2(OH)4

2− was generated with the dewatering of two water
molecules (Equation (3)) [37]. Finally, the conjunction reaction continued in the presence of sufficient
Fe(OH)4

− to form the final product (FeS2)n
n−. Na+ neutralized the free charge of (FeS2)n

n−, and free
water molecules occupied the free channels in the structure of (FeS2)n

n−, resulting in erdite nanorod
formation. Cr(VI) was reduced by free HS- in SP2, thereby generating Cr(III) with the generation
of OH−. This reaction employed plenty of OH− during the Fe(OH)4

− formation, thereby increasing
the length of the erdite nanorods in SP2. Conversely, the reaction between Co and HS− in SP2 also
occurred without OH− generation, the contribution of which in erdite formation was negligible.
During the hydrothermal process, Si/Al-bearing compounds were dissolved [38], thereby forming
Si(OH)4 and Al(OH)4

− in accordance with the high concentration of Si/Al in the supernatant (Figure 4).
The dissolved Si/Al was not involved in erdite formation.

Fe(OH)3 + OH− → Fe(OH)−4 (1)

Fe(OH)−4 + HS− → Fe(OH)3HS− + OH− (2)

2Fe(OH)3HS− → 2H2O + (Fe2S2(OH)4)
2− (3)
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Figure 4. Concentrations of heavy metals in the supernatant after the hydrothermal process.

3.2. Adsorption of Cu, Zn, Ni and Co from Electroplating Wastewater Effluent

In order to study the adsorption stability of SP1 and SP2, the release of heavy metals in used
SP1/SP2 after electroplating wastewater treatment was investigated. After stirring at 90 rpm for 24 h,
Co was apparently released from used SP1, and its concentration was close to 0.7 mg/L, whist only
0.003 mg/L Co was released from used SP2. Other heavy metals—e.g., Zn, Cu, Ni and Cr—were
at a level lower than 0.01 mg/L (Figure 5). This demonstrated that the used SP2 showed a stable
adsorption performance in the electroplating wastewater treatment.

Figure 5. Heavy metals released from SP1/SP2 after electroplating wastewater treatment.

The electroplating wastewater contained 3.03 mg/L Zn, 0.51 mg/L Cu, 0.56 mg/L Ni and 0.19 mg/L
Co. The first three heavy metals needed to be treated further because their concentrations exceeded the
discharge standard for electroplating wastewater in China (GB21900-2008), and the concentration of
Co met the discharge standard. The prepared adsorbents, SP1 and SP2, were employed to remove the
first three heavy metals form electroplating wastewater, with powdered activated carbon as reference.
At a dose of 0.05 g/L, the removal efficiency of Zn was 77.8% for SP2, 69.1% for SP1 and 29.1% for
powdered activated carbon (Figure 6a). SP2 showed a high Zn removal efficiency in comparison
with SP1 due to the formation of a well crystallized erdite nanorod in SP2. The mechanism for heavy
metals removal by the erdite nanorod will be detailed in the next section. With the dosage increased
from 0.05 to 0.3 g/L, the removal efficiency of Zn was elevated to nearly 100% for both SP1 and SP2,
but only to 56.5% for powdered activated carbon (Figure 6a). In addition, a comparison experiment
between SP2 and other materials were also performed, and their effects on Zn removal were sorted
in the following order: SP2 > polyaluminum chloride (PAC) > Na2S·9H2O > Polymeric ferric sulfate
(PFS) > S2 > S1. As mentioned in Section 1, Zn was complexed with organic reagents (e.g., citric
acid, EDTA and tartaric acid) in the alkaline electroplating process, and thus was not spontaneously
precipitated in the generated alkaline wastewater. For the advanced treatment of electroplating
wastewater, powdered activated carbon was widely used because it has plenty of surface functional
groups; e.g., –COOH, –C=O and –OH, for Zn coordination. However, it showed a low Zn removal
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efficiency (<64.7%), even though its dosage was increased to 0.8 g/L, in comparison with SP1 and
SP2 (Figure 6a). This demonstrated that these surface groups on powdered activated carbon had
a normal affinity to adsorbing Zn in comparison with the complexed organic reagents in wastewater.
Ibrado et al. reported that the adsorption capacity of Zn on coconut-derived carbon was nearly 5 mg/g,
but this decreased rapidly to 1.7 mg/g in the presence of cyano due to the formation of cyano complexes
of Zn [39]. Therefore, the residual Zn was stable in the Zn-complex ligands and did not react with the
surface groups of powdered activated carbon [40]. In electroplating wastewater treatment, PAC and
PFS were common coagulants, and spontaneously hydrolysed to generate Al/Fe-bearing flocs. The raw
sludge, S1 and S2, was rich in weakly crystallized Fe oxyhydroxides. Such Al/Fe-bearing flocs and Fe
oxyhydroxides contained abundant of surface hydroxyl groups, similar to powdered activated carbon,
for heavy metals adsorption [41]. In addition, Na2S·9H2O was an industrial chemical, and decomposed
to HS− in water, followed by reacting with free Zn to form ZnS precipitate [42], which was in accordance
with the removal efficiency of 52.7% for Zn. In summary, the surface functional groups on powdered
activated carbon, hydrolysed PAC and PFS, S1 and S2, along with free HS− from Na2S, were not
particularly efficient in the removal of Zn from electroplating wastewater.

In the electroplating wastewater, Cu was at a low level in comparison with Zn, and was removed
at a rate of nearly 100% with the addition of SP1 and SP2 at the dosage of 0.3 g/L. However, only
25.5% Cu removal was achieved by powdered activated carbon in the presence of chelating organics in
wastewater (Figure 6b). Chu et al. employed coal-based carbon for Cu-bearing wastewater treatment
and found that by adding EDTA at the MEDTA/MCu ratio of 10, the Cu removal efficiency dropped
dramatically from 83.7% to 16.5% [43]. The abovementioned materials—e.g., PAC, PFS, Na2S·9H2O, S2
and S1—were also employed for Cu removal, showing similar values to those achieved for Zn removal.
The atomic radius of Cu is 1.28 pm, which is close to that of Zn (1.39 pm), and thus Cu showed similar
complex performance and removal efficiency to that of Zn in wastewater.

Although Ni was at a low level in wastewater—similar to Cu—its removal efficiency was
apparently lower than that of Cu. As shown in Figure 6c, at the maximum dosage of 0.8 g/L,
the removal efficiency of Ni was 49.6% for SP2, 44.3% for SP1 and 27.4% for powdered activated carbon.
In the comparison experiment, the removal efficiency of Ni was ranked as follows: SP2 > PFS > PAC >

Na2S·9H2O > S2 > S1. Compared with Cu and Zn, Ni has a smaller atomic radius (1.24 pm) and easily
reacts with chelating organics to form more stable Ni-complexed ligands. For instance, in citric acid,
the stability constant of Ni in citric acid is logKNi

NiH3A 1.75, which is higher than that of Zn (1.25) [44].
In terms of Ni removal efficiency, Na2S·9H2O only achieved 7.5%, which was lower than that of PAC
and PFS and close to that of S1 and S2. This is because NiS was metastable in aqueous solution and
easily converted to an Ni2S3 and Ni-S-bearing mixture to redissolve in wastewater [45]. S1 and S2
showed low removal efficiencies for Ni in comparison with PAC and PFS due to the inadequacy of
surface hydrogen groups.

The Co concentration was less than 0.5 mg/L, which met the discharge standard. Approximately
60% of Co was removed by adding SP2, which is higher than the value for powdered activated
carbon (nearly 20%) (Figure 6d). However, by adding 0.8 g/L SP1, the Co concentration in the treated
wastewater was 0.77 mg/L (Figure 6e), which was apparently higher than that in the raw wastewater
(0.19 mg/L), suggesting the release of Co from SP1 to wastewater, probably from the dissolution of CoS
and/or CoS2. Thus, SP1 was not an ideal adsorbent for the effluent treatment. The abovementioned
materials were also used for Co removal, as shown in Figure 6f, and showed a similar value as Ni due
to the similar radius and chelating performance of Co and Ni [44].

310



Water 2020, 12, 1027

Figure 6. Application of SP1 and SP2 in electroplating wastewater treatment. (a–d) represent the removal
efficiencies of Zn, Cu, Ni and Co, respectively, by SP1 and SP2, whilst (e) shows the concentration of Co
in the supernatant with the addition of SP1; (f) shows the removal of heavy metals by adding SP2 in
comparison with polyaluminum chloride (PAC), polyferric sulfate (PFS), the raw sludge S1 and S2 and
Na2S·9H2O of chemically pure grade.

In comparison with the abovementioned materials, SP2 exhibited desirable removal efficiencies
of Zn, Cu, Ni and Co. By adding 0.3 g/L SP2, the residual concentrations of Zn, Cu, Ni, Co and Cr
in the wastewater were 0.007, 0.003, 0.33, 0.09 and 0.002 mg/L, respectively, which met the discharge
standard [13]. This demonstrated that SP2 was an efficient reagent in smelting wastewater treatment.

The kinetic experiment of SP2 was investigated as shown in Figure 7, and the adsorption of heavy
metal on SP2 was simulated using a pseudo-second-order model (Equation (4)). The kinetic model
was expressed as follows:

qt =
kq2

e t
1 + kqet

(4)

where qe and qt are the adsorption capacity (mg/g) of the heavy metal at equilibrium and at any time, t,
respectively; and k is the pseudo-second-order adsorption rate constant (g/mg h).

Figure 7. Non-linear plots of the pseudo-second-order model for the adsorption of Zn/Cu on SP2.
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The adsorption data of Zn, Cu, Ni and Co on SP2 fitted well with the pseudo-second-order model
(Figure 7) with correlation coefficients (R2) of 0.995, 0.997, 0.991 and 0.989, respectively. This finding
indicates the importance of heavy metals chemisorption on SP2. However, the calculated qe values
were in the following order: Zn > Cu > Ni > Co. The value of Zn was 3.03 mg/L in the electroplating
wastewater, which was about six times the value of Cu and Ni, and thus showed the highest qt.
In comparison with Cu, Ni and Co have small ionic radii and are easily complexed with organics
(e.g., ethylene diamine tetra-acetic acid) to form a stable complex product [6], resulting in a low qt in
comparison with Cu.

The used SP2 was regenerated with 15% NaCl solution at pH 5 for 48 h or calcinated at 450 ◦C
for 2 h. The results showed that SP2 was regenerated easily using NaCl solution as the desorption
agent. However, the removal efficiency of Zn, Cu, Ni and Co was dramatically decreased to 33.2%,
27.5%, 11.3% and 18.6% (Figure 8). After being calcinated at 450 ◦C, the regenerated SP2 also showed
a similar low removal efficiency of heavy metals. This indicated that SP2 cannot feasibly be reused.

Figure 8. Reuse of the precipitate of hydrolyzed SP2 for electroplating wastewater treatment. In the
figure, Methods 1 and 2 represent NaCl solution elution and high-temperature calcination, respectively.

The zeta potential measurement of SP2 showed that SP2 had a negative charge on the surface
after hydrolysis (Figure 9), which showed a strong adsorption capacity for positively charged heavy
metals. In addition, SP2 can compete with chelates for binding heavy metals and then remove heavy
metals from wastewater.

Figure 9. Zeta potential of SP2 in deionized water.

3.3. SP1 and SP2 Characterisation after Electroplating Wastewater Treatment

SP1 and SP2 were collected after wastewater effluent treatment and characterized by SEM, XRD
and XPS, and the removal mechanism of heavy metals was investigated. The used SP1 and SP2 were
irregular aggregates (Figure 10a,b); the peaks of erdite disappeared, and only peaks of element sulfur
remained (Figure 11). Thus, erdite was spontaneously hydrolyzed. SP1 and SP2 spectra showed that
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the peaks of Fe3+ in the Fe–S bond of erdite were absent; instead, a new peak with a binding energy
of 710.2 eV appeared (Figure 12), corresponding to the Fe2+ generated from the redox reaction of
Fe3+–S [46]. The typical peak of structural S in erdite also disappeared, and the peaks of S2− and S were
recorded in the curve of SP1 and SP2, in agreement with erdite hydrolysis (Figure 12). In addition,
the peaks of Co and Cr did not change obviously in SP1 and SP2, respectively, indicating that Co/Cr
oxidation did not occur (Figure 13).

Figure 10. SEM images of (a) SP1 and (b) SP2 after smelting wastewater treatment.

Figure 11. XRD patterns of SP1 and SP2 after electroplating wastewater treatment.

Figure 12. High resolution (a) Fe 2p, (b) S 2p XPS spectrum of SP1 and SP2 after smelting wastewater
treatment.
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Figure 13. High resolution (a) Co 2p, (b) Cr 2p XPS spectrum of SP1 and SP2 after smelting
wastewater treatment.

In the electroplating wastewater effluent, the residual heavy metals included Zn, Cu, Ni and
Co and were chelated with organic matters, such as nitrilotriacetic acid and citric acid [6,7]; as such,
they did not precipitate even at an effluent pH of >7.3. When the prepared SPs were introduced to the
effluent, erdite was rich in SPs and spontaneously hydrolyzed and generated various Fe/S-bearing
complexes and clusters, such as =Fe(SH)2, =Fe(OH)(SH) and =Fe(SH)+ [47]. These products, which are
metastable, were further converted to Fe/S-bearing oxyhydroxide (such as =Fe–SH and =Fe–OH)
through the homolytic cleavage of Fe–S–Fe bonds [48] after the release of OH− and HS− to the
effluent (Figure 14). This phenomenon corresponds to the increase in the treated effluent pH
from 7.3 to 8.6. During erdite hydrolysis, a redox reaction between surface Fe3+ and the adjacent
free SH− occurred [47], and thus surface-associated Fe2+, which stabilized the new Fe/S-bearing
oxyhydroxide, was generated. Surface functional groups (Fe–SH and Fe–OH) are rich in new
Fe/S-bearing oxyhydroxide, and H+ ions on their sides were dissociated with vacuum surface sites
(Fe–S− and Fe–O−) under alkaline conditions [26]. The adjacent vacuum sites exhibited high affinity to
complex Cu and Zn (Figure 14) and competed with chelates, such as EDTA [49], leading to nearly 100%
removal of Cu and Zn from the wastewater. However, Ni and Co have small ionic radii and easily react
with complex agents to form stable complex products with high stability constants [6]; these products
only break with difficulty in the presence of HS− and hydrolyzed Fe/S-bearing oxyhydroxide, leading
to the production of residual Co and Ni in treated effluents. Polyaluminum chloride and polyferric
sulfate were hydrolyzed and formed Al/Fe flocs, exhibiting plenty of hydroxyl groups for heavy metal
coordination; however, they showed low Zn, Cu, Ni and Co removal efficiencies (Figure 6f) given
the absence of an –SH bond on the surface of the hydrolyzed Fe/Al flocs. In addition, the released
HS- from the hydrolyzed erdite can react with heavy metals, such as Zn and Cu, to form S-bearing
precipitates; however, they play a minor role in heavy metal removal. For instance, with the addition
of Na2S, approximately 50% of Zn and Cu was removed, whereas lower than 10% of Ni and Co was
removed (Figure 6f). Thus, the role of HS− in the removal of heavy metals is minimal. The Fe/S-bearing
oxyhydroxide of hydrolyzed erdite plays a key role in the removal of residual heavy metals.
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Figure 14. Illustration graph of SP2 for heavy metals removal from electroplating wastewater.

4. Conclusions

Two types of electroplating sludge, namely S1 with 25.6% Fe and 5.5% Co and S2 with
36.8% Fe and 7.8% Cr, were recycled as erdite-bearing particles for the advanced treatment of
electroplating wastewater effluent. The weakly crystallized Fe-bearing minerals were rich in sludge
and hydrothermally converted to well-crystallized erdite particles through the addition of Na2S. In S1,
Co was involved in CoS and/or CoS2 formation, and the corresponding product SP1 was characterized
by short rod-like particles. However, Cr had two valance states in S2, namely Cr(VI) and Cr(III). Cr(VI)
was reduced to Cr(III) by Na2S, and abundant OH− was generated, which steadily promoted the
conversion of Fe-bearing minerals to erdite. Consequently, the lengths of the erdite nanorods increased,
and the corresponding product SP2 was characterized by long nanorods with a diameter of 100 nm
and length of 0.5−1.5 µm.

When SP1 was added to the electroplating wastewater effluent, a fraction of Co was released
to the effluent, and Zn and Cu were removed efficiently. Compared with SP1, SP2 showed ideal Zn,
Cu, Ni and Co removal efficiencies without releasing Co and Cr. When the SP2 dosage was 0.3 g/L,
100% Zn and Cu removal efficiencies were nearly achieved, and 37.9% Ni and 53.3% Co removal
efficiencies were observed—higher than those of powdered activated carbon, polyaluminum chloride,
polyferric sulfate and Na2S. After treatment, the concentrations of Zn, Cu, Ni and Co met the emission
standard, and the treated effluent was dischargeable. Through the proposed method, the Cr-bearing
electroplating sludge was recycled as erdite nanorod particles, and the product was efficient in the
advanced treatment of electroplating wastewater.
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Abstract: Bisphenol A (BPA) is an extensively produced and consumed chemical in the world. Due to
its widespread use, contamination by this pollutant has increased in recent years, reaching a critical
environmental point. This work investigates the feasibility of bisphenol A adsorption from industrial
wastewater solutions, testing the reduction of bisphenol A in synthetic solutions by a commercial
activated carbon, AC-40, in batch mode. Besides, mixtures of bisphenol A and different heavy metal
cations were also studied. So far, no works have reported a complete study about bisphenol A removal
by this activated carbon including the use of this material to remove BPA in the presence of metal
cations. First, adsorption experiments were performed in batch changing pH, dose of adsorbent,
initial bisphenol A concentration and contact time. Results showed greater retention of bisphenol A
by increasing the acidity of the medium. Further, the percentage of bisphenol A adsorbed increased
with increasing contact time. The selected conditions for the rest of the experiments were pH 5
and a contact time of 48 h. In addition, an increase in retention of bisphenol A when the dose of
adsorbent increased was observed. Then, specific experiments were carried out to define the kinetics
and the adsorption isotherm. Equilibrium data were adequately fitted to a Langmuir isotherm and
the kinetics data fitted well to the pseudo-second-order model. The maximum adsorption capacity
provided by Langmuir model was 94.34 mg/g. Finally, the effect of the presence of other heavy metals
in water solution on the adsorption of bisphenol A was analyzed. Binary tests revealed competition
between the adsorbates and a significant selectivity toward bisphenol A. Finally, the study of the
adsorption performance in three consecutive adsorption–desorption cycles showed efficiencies higher
than 90% in all cycles, indicating that the activated carbon has good reusability.

Keywords: activated carbon; adsorption; bisphenol A; equilibrium; heavy metals

1. Introduction

Bisphenol A (BPA) is recognized as a dangerous endocrine disruptor. It causes a number of
hazardous effects on living beings such as fertility damage and fetal development problems [1–3].
It has been extensively used as a crude material in the industrial production of epoxy resins and
polycarbonate plastics, which accounted for nearly 64% of BPA demand in 2018. These polycarbonate
resins are mainly consumed in the electronics, construction and automotive industries. In terms
of country distribution, high demand is concentrated in emerging consumers such as China, India,
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Southeast Asia and Brazil. China is the largest player in the BPA industry, accounting for half of BPA’s
global consumption. Western Europe and the United States are the other important players in the BPA
market [4].

As a consequence, concentrations of BPA are present both in surface waters as well as industrial
wastewaters [5–7]. For all those reasons, novelty alternatives have been proposed for its removal from
wastewater during recent years [8]. BPA is present in various types of water at different concentrations.
For instance, it has a concentration of 17.2 mg/L in hazardous waste landfill leachate [9,10], 12 µg/L in
stream water [11], between 3.5 and 59.8 ng/L in drinking water [7] and around 100 mg/L in effluents
from polycarbonate factories [6,12].

Due to its high industrial yield and toxicological effect, the elimination of BPA from water
solutions is of great importance and it has been listed as a priority pollutant in water treatment [13].
Several separation techniques such as adsorption, advanced oxidation, membrane separation,
phytoremediation and photocatalysis, among others, have been applied to efficiently remove BPA from
water effluents [14,15]. Particularly, among wastewater treatment technologies, phytoremediation
is arousing attention because it is a promising ecologically friendly alternative to remove BPA from
contaminated soil and water systems. For example, Phouthavong-Murphy et al. [9] investigated the
potential of two United States native switchgrass varieties for BPA removal and found good BPA
removals over approximately three months. Further, advanced oxidation processes are interesting
due to their good performance in the degradation of BPA and other micropollutants. Recently,
Luo et al. [16] studied the rapid removal of BPA and other organic micropollutants by heterogeneous
peroxymonosulfate catalysis and reported that BPA had the highest removal efficiency at pH 9.0,
almost 100% removal. Other researchers [17] integrated advanced oxidation processes with membrane
filtration to form a catalytic membrane that demonstrated exceptional efficiency for instantaneous
degradation of BPA. Moreover, the development of cheap and eco-friendly, effective and rapid
remediation technologies for the removal of BPA has increased the investigations based on the use of
transition metal-based nanomaterials for photocatalysis. For example, Rani et al. [18] synthesized and
examined green zinc and cobalt ferrites nanoparticles for the degradation of BPA from water under
direct sunlight. Results showed very good efficiencies, similar to those found with ZnO, Co3O4 and
Fe2O3 nanoparticles.

Even novel technologies are being investigated with very good results: one of the most favorable
methods is traditional adsorption onto carbonaceous materials [19]. Particularly, activated carbons
have good characteristics to work as an adsorbent: high porosity and surface area (around 3000 m2/g),
high degree of surface reactivity and diverse characteristics of surface chemistry [20,21]. Due to
these characteristics, activated carbons have been used for many different applications: as adsorbents,
catalysts or catalyst supports. They have been tested as a cleaning material for removing pollutants
from gaseous or liquid phases and the purification or recovery of chemicals [22,23]. Adsorption on
activated carbon is one of the first water treatments to have been used [24,25] and it is recognized
by the United States Environmental Protection Agency (US EPA) as one of the best methods for
removing organic and inorganic compounds from water for human consumption. The aqueous-phase
adsorption of both organic and inorganic compounds has been a very important application of activated
carbons. In fact, around 80% of the world production of activated carbons is used in liquid-phase
applications [26,27].

The adsorption mechanism of activated carbons is due to interactions (electrostatic or
non-electrostatic) between the carbon surface and the adsorbate. The nature of these interactions, which
can be attractive or repulsive, depends on the: (a) charge density of the carbon surface, (b) chemical
characteristics of the adsorbate and (c) ionic strength of the solution. Non-electrostatic interactions
are always attractive and can include: (a) van der Waals forces, (b) hydrophobic interactions and (c)
hydrogen bonding.

Activated carbons can be manufactured by physical or chemical activation processes using a wide
range of raw materials. Physical activation uses high temperature for the carbonization of the original
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material in absence of oxygen (usually CO2 or steam atmosphere). During chemical activation, the
material is impregnated with a chemical agent prior to its carbonization. One of the most frequent
chemical agents extensively used for the production of activated carbons in industry is H3PO4 [28,29].

Adsorptive removal of BPA from wastewater solutions by carbon-based materials, such as
activated carbon, has been extensively studied [30–35]. For example, Juhola et al. [31] prepared a
biomass-based adsorbent with a BPA adsorption capacity of 41.5 mg/g. Pan et al. [33] investigated
the BPA adsorption on carbon nanomaterials that showed a very good potential for the removal of
BPA of waters. Redding et al. [34] studied the adsorption of BPA on various modified lignite carbons.
Specifically, the work demonstrated that these modified carbons prepared using high-temperature
steam or methane/steam offered better behavior than conventional activated carbons. However, there
are few works available focusing on the BPA removal from water when other types of contaminants
are also present in the water [36–39]. BPA is a high-volume industrial chemical used in the production
of epoxy resins and polycarbonate plastics. Further, different additives are added in these materials
to improve the performance of the plastics. The chemical substances used as additives can be very
different depending on the objective. The additives can include metal-containing additives such as
heavy metals as cadmium, copper, lead or zinc, among others [40]. Heavy metals are another important
type of pollutants that have been found in waters. Some researchers have analyzed the simultaneous
adsorption/biosorption of these priority pollutants (heavy metals and organic pollutants) [41–43]. The
influence of heavy metals could enhance the removal of BPA or perhaps they could compete with BPA
for the available active sites and decrease the removal of BPA when the removal of BPA and heavy
metals is carried simultaneously.

Hence, one of the objectives of this investigation is to study the interactions between some of the
most common heavy metals in wastewater environments and BPA during adsorption onto activated
carbon (AC-40 commercial sample). First, the single adsorption of BPA on AC-40 activated carbon
was investigated. The main factors influencing the adsorption process were analyzed. Then, the
simultaneous adsorption of BPA and heavy metal cations on AC-40 activated carbon was performed in
order to know the type of adsorption (competitive or cooperative) which occurs between BPA and
these metal cations. Finally, desorption of BPA in three consecutive cycles was analyzed. Although
the study has been performed using a commercial activated carbon, so no novel findings about the
material are given, there are not a wide range of research works in the literature about the use of AC-40
for the removal of BPA from wastewaters including (1) the effect of the main parameters, (2) a kinetics
study, (3) an isotherms study, (4) simultaneous adsorption of BPA and heavy metals and (5) desorption.
The authors consider that specific complete studies about the removal of emergent pollutants with
the current technology (adsorption on activated carbons) can be interesting since they increase the
knowledge in this field and can be applied in the industrial wastewater sector.

2. Materials and Methods

2.1. Adsorbent

Activated carbon trademark CECA S.L., known as AC-40, was used as an adsorbent in all the
experiments. It is an extruded, thermally activated carbon from bituminous coal with a high surface
area (1200 m2/g). The main features of this adsorbent have been determined by Méndez Díaz et al. [44],
Abdel Daiem et al. [45] and Velo-Gala et al. [46]. Table 1 shows a summary of the properties.

321



Water 2020, 12, 2150

Table 1. Main physic-chemical characteristics of activated carbon AC-40.

Median particle diameter (MPD) (mm) 3
Density (g/L) 450

Moisture content (%) 4
Specific surface area (m2/g) 1201

Pore volumes (mean widths of micropores 0.71 nm) (cm3/g) 0.406
Pore volumes (diameter between 6.6 and 50 nm) (cm3/g) 0.046

Pore volumes (diameter > 50 nm) (cm3/g) 0.409
Concentration of acidic groups (µeq/g) 907.7
Concentration of basic groups (µeq/g) 96.0

Point of zero charge (pHpzc) 7.5
%C 68.97
%H 1.03
%N 0.45
%S 1.02
%O 20.23

%Ash 8.30

2.2. Reagents

BPA, C15H16O12, with 100% purity of Sigma-Aldrich company was used. Solutions of BPA were
prepared by dissolving BPA in ultrapure water obtained from Milli-Q® equipment (Millipore). In
adsorption tests conducted with mixtures of BPA and metal cations, copper (II) nitrate, Cu(NO3)2·3H2O,
lead (II) nitrate, Pb(NO3)2, nickel (II) nitrate, Ni(NO3)2·6H2O, and cadmium (II) nitrate, Cd(NO3)2·4H2O,
were used. All of them had purity higher than 98% and they were supplied by Panreac Quimica
S.A. company.

2.3. Methodology

All adsorption experiments were conducted in batch mode in a stirred tank. BPA solutions were
prepared in ultrapure water using a mild ultrasonic bath with a temperature of approximately 50 ◦C
(323 K).

In the preparation of mixtures of BPA and metal cations, the proper amount of metal reagent was
added to the previously prepared solution of BPA.

Each solution was located in a jacketed reactor with a capacity of 250 mL and maintained at a
constant temperature (298 K) with stirring throughout the test by using a magnetic stirrer. When
the operation time finished, a liquid sample was taken from the reactor by using an automated
pipette. Moreover, a sample of the original solution was taken. The concentrations of initial and
final contaminants were determined. Consequently, it was possible to determine the percentage of
contaminant removed by the activated carbon.

The effect of main experimental conditions such as adsorbent dose, pH, contact time and initial
BPA concentration was studied changing the variables between the following ranges: adsorbent dose
(0.1–1.0 g/L), pH (3–10), contact time (0.5–48 h) and initial BPA concentration (1–160 mg/L) at a constant
temperature of 25 ◦C. The desired value of pH was obtained by adding HCl solution (0.1 M) or NaOH
solution (0.1 M) to the BPA solution. The real initial concentrations of BPA obtained in a pH range of
3–10 were measured in absence of the adsorbent.

To test the effect of pH on the adsorption process of BPA with activated carbon AC-40, an initial
concentration of BPA of 20 mg/L, a contact time of 48 h and an adsorbent concentration of 0.5 g/L were
selected. The pH of the medium was changed from 3 to 10. The temperature remained constant at 25
◦C. Then, experiments were performed at pH values between 4 and 8 at different contact times in order
to analyze the influence of contact time on the BPA removal efficiency.

To determine the minimum amount of activated carbon necessary to achieve maximum removal
of BPA, experiments were carried out with a BPA initial concentration of 20 mg/L, three contact times
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5.5, 22 and 48 h and a pH of 5, changing the concentration of the adsorbent from 0.1 to 1 g/L. The
temperature remained constant during the tests at 25 ◦C (298 K).

The initial concentration of BPA is one of the most influential parameters in determining the
contaminant removal on activated carbon from the aqueous solution. Experiments were carried out to
test the effect of the BPA concentration in the adsorption process. A pH value of 5 with an adsorbent
concentration of 0.5 g/L, and a contact time of 48 h were selected. The initial concentration of BPA was
changed from 1 to 160 mg/L.

To analyze the kinetics of BPA adsorption, experiments were performed with different contact
times (until a contact time of 48 h), at pH = 5 and a BPA initial concentration of 20 mg/L, with an
adsorbent dose of 0.5 g/L and at a temperature of 298 K.

BPA adsorption isotherms of the activated carbon AC-40 were carried out at pH 5 and a temperature
of 298 K. For this purpose, 100 mL of solutions containing different concentrations (1–160 mg/L) of BPA
and 0.05 g of activated carbon were introduced into jacketed reactors, which were capped with flexible
polyethylene (LDPE) film to avoid evaporation, prevent contamination and protect the solid–liquid
system inside the reactor. Adsorption equilibrium was established when the concentration of BPA
did not change (for 3 days). The BPA removal efficiency and the amount of BPA adsorbed by gram of
activated carbon were calculated by the Equations (1) and (2), respectively:

% Removal efficiency =
(Ci −Cf)

Ci
× 100 (1)

q =
(Ci −Cf)

m
×V (2)

where Ci and Cf are the initial and final concentrations of BPA in solution, respectively, mg/L, q is the
amount of BPA adsorbed by gram of adsorbent, mg/g, m is the mass of adsorbent, g, and V is the
volume of the solution, L.

The procedure to obtain the data of adsorption of BPA on the activated carbon in the presence of
metal cations was similar to methods to obtain adsorption results of single BPA systems. The only
difference was the addition of a specific content of some metal cations to each BPA solution. Tests were
performed with a concentration of 20 mg/L for both BPA and each metal cation, with an activated
carbon dose of 0.5 g/L, during a contact time of 48 h and at pH value of 5. When equilibrium was
reached, the BPA and different metal cations concentrations were analyzed.

The determination of the content of BPA was performed by ultraviolet–visible (UV–Vis)
spectrophotometry, using the spectrophotometer model Genesys 6. The BPA concentration was
determined by absorbance measurements at 277.5 nm. All the samples were collected in triplicate to
further ensure precision. Samples used filled three quarters of the 1 cm cell used in the UV–Vis
spectrophotometer. This amounted to approximately 1.5 mL of sample. In binary tests, the
determination of metal content was performed by atomic absorption spectrophotometry, using
the spectrophotometer model Perkin-Elmer AAnalyst 200.

Desorption of the BPA adsorbed onto the AC-40 was studied in a batch system. First, adsorption
was performed at pH 5 and an initial BPA concentration of 20 mg/L with a dose of AC-40 of 0.5 g/L.
Then, desorption was performed under the following desorption conditions: use of a mixture of
methanol/acetic acid of 4:1 (v/v), a dose of AC-40 of 0.5 g/L, operation time of 48 h and temperature of
25 ◦C, and when the operation time was finished, the supernatant was separated and analyzed by
ultraviolet–visible spectrophotometry at 277.5 nm.

3. Results and Discussions

3.1. Influence of pH and Contact Time

The pH is one of the main parameters that control the removal of compounds present in aqueous
solutions using solid adsorbents. According to several authors, pH can change the availability and
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characteristics of the pollutants in solution and it can modify the chemical state of the functional groups
that are responsible for adsorption [47–49].

Some experiments were performed to test the effect of pH on the adsorption process of BPA with
activated carbon AC-40. Figure 1 shows the results.
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Figure 1. Bisphenol A (BPA) removal efficiency of activated carbon AC-40 according to the pH of
the medium.

Data showed that pH did not significantly affect BPA adsorption. However, a slight tendency to
obtain greater retention by increasing the acidity of the medium was observed. It could be because
the zero point of charge was 7.5. The zero point of charge is the pH at which the surface of the
adsorbent is globally neutral. Besides, it is a fundamental parameter of a material surface, governing
the adsorbent–adsorbate interactions. Below this point, the surface is positively charged, otherwise
it is negatively charged. Therefore, the CA surface was predominantly positive at pH values lower
than 7.5. In contrast, negative charges appeared on the surface at pH values higher than 7.5 due to
the dissociation of functional groups. In addition, BPA showed different states of equilibrium in an
aqueous solution depending on the pH. BPA could be found in its molecular form at a pH less than
8. Deprotonation of the bisphenolate monoanion occurred at a pH of 8 [49], reaching a considerable
concentration at pH 9 [50]. Therefore, electrostatic interactions between the negative charge of the
surface of the activated carbon and bisphenolate anion could lead to a decrease in the overall adsorption
of BPA. However, other interactions could also influence the adsorption rather than electrostatic forces,
making the effect of surface charge less intense.

These results were in good agreement with those reported by other researchers. Thus, Wang and
Xiao [51] indicated that the adsorption of BPA with four different activated carbons decreased at values
of pH higher than 9. Chang et al. [52] found that the pH had an important role in the retention process
of BPA with an activated carbon prepared from rice straw. Soni and Padmaja [53] also studied the
adsorption of BPA on activated carbon prepared from palm shell. They found that at pH values below
9, the adsorption of BPA was not influenced by the pH of the medium. Bohdziewicz and Liszczyk [54]
found a decrease in the adsorption of BPA by commercial activated carbon at pH values higher than or
equal to 10. However, at pH values below 10, the adsorption capacity was not affected.

Figure 2 shows the BPA removal efficiency of activated carbon with different contact times. The
removal efficiency increased with increasing contact time. At pH 5, the amount adsorbed increased
quickly in the first 0.5 h of contact. Then, at 22 h, an adsorption percentage of 80% was reached. If
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the process continued until 48 h, the adsorbed percentage would increase approximately up to 91%.
Finally, at 72 h of operating time, the removal of BPA reached a value of 92% (a very low change
with respect to 48 h). At other pH values, as pH 7 or pH 8, the adsorption was performed in a more
progressive way. However, the change between 48 and 72 h was also low.
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Considering the results obtained, from the removal efficiency point of view, a contact time of 48 h
and a pH of 5 were selected for the rest of the experiments. There were not important differences in the
pH range of 4 and 8. An adjustment by addition of acidic/basic chemicals could represent an important
part of the cost of the wastewater treatment process and for that reason, an economic evaluation could
indicate other pH values as a better option.

3.2. Influence of Adsorbent Dosage

Figure 3 shows the results of tests performed to determine the minimum dose of activated carbon
necessary to achieve maximum removal of BPA.

As the dosage of activated carbon increased, the BPA removal efficiency from solutions increased
for all the contact times. However, differences between 0.5, 0.75 and 1 g/L were very slight for long
contacts times. For example, BPA removals (%) of 92%, 93% and 90% were achieved with adsorbent
dosages of 0.5, 0.75 and 1 g/L, respectively, for a contact time of 48 h. However, great differences were
observed at very short times. For example, very high adsorption attained at 5.5 h when using 1 g of
adsorbent per L. With regard to the amount of BPA adsorbed by gram of activated carbon, in general,
it was higher for a dose of 0.5 g/L. Above this adsorbent dose, a decrease in the uptake of the BPA
was observed. In conclusion, if time was not considered, the use of an adsorbent dose of 0.5 g/L was
recommended since at 22 h of operating time, very good BPA removals were achieved.

These results agreed with those obtained by numerous authors. Thus, Bautista-Toledo et al. [37]
found an increase in the retention of BPA when 0.05 g of activated carbon was used for a period of
24 h in a BPA solution of 175 mg/L. Liu et al. [11] reported an increase in retention of BPA with two
carbons activated with nitric acid that were selectively modified. They obtained maximum adsorption
of BPA (432 mg/g) when changing the amount of activated carbon used. Tsai et al. [55] detected an
increase in retention of BPA when the dose of adsorbent increased. This occurred because the number
of adsorption sites increased in parallel with the increase in the dose of the adsorbent, when the
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concentration of BPA was small (<20 mg/L). If the concentration was too high, the adsorbent would
reach saturation quickly. As a result, it would stop contaminant retention.

According to the results, a concentration of 0.5 g/L of activated carbon was selected, since at this
concentration the minimum amount of adsorbent is used with good adsorption removal percentages
(if enough contact time is maintained).
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3.3. Influence of the Initial Concentration of BPA

Figure 4 shows the results of the influence of the initial concentration of BPA on its removal from
the aqueous solution by AC-40.
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depending on initial concentration of BPA.

It should be noted that BPA concentration did not influence BPA removal (%) for concentration
values below 40 mg/L because the active sites on the adsorbent surface are not saturated. However,
when the concentration was higher than 40 mg/L, a significant decrease was observed in the adsorption
percentage. In this sense, at concentrations of BPA below 80 mg/L, the retention was higher because the
pores of the carbon surface were occupied almost entirely. However, when the concentration of BPA
was too high, the carbon surface underwent a supersaturation of its pores. As a consequence, a fraction
of BPA was not retained by the adsorbent. These results were in agreement with those obtained by
numerous authors. Thus, Bautista-Toledo et al. [37] obtained the same results in several studies with
different concentrations of BPA and activated carbon. With regard to the amount of BPA removed
expressed in mg/g of adsorbent (Figure 4b), it increased from 2.6 to 92.4 mg/g with an increase in the

327



Water 2020, 12, 2150

initial concentration from 1 to 160 mg/L. The main reason for this important increase is the increase in
the mass transfer driving force [56].

Based on the results obtained, an initial concentration of 20 mg/L was selected as the initial
concentration of BPA for the rest of the experiments.

3.4. Kinetic Study

A kinetics study in adsorption allows the determination of the BPA removal rate from the aqueous
medium. This study provides a basis for understanding the mechanism that controls the process and it
is essential to select the optimum operating conditions in the system designed for the effluent treatment
with this type of pollutant [57,58].

Experiments were performed with a total contact time of 48 h, pH = 5, a BPA initial concentration
of 20 mg/L, an adsorbent concentration of 0.5 g/L and a temperature of 298 K. Figure 5 shows the values
of q (mg retained/g sorbent) versus time.
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These experimental results were fitted by a nonlinear regression to four kinetic models:
pseudo-first-order, pseudo-second-order, Elovich and intraparticle diffusion models. Table 2 shows
the representative equations of the models and their parameters. Likewise, Table 3 shows the results
obtained when experimental data were fitted to the four selected kinetics models.

The pseudo-first- and pseudo-second-order models reproduced very well the experimental results.
However, the intraparticle diffusion model showed a low R2 value. Specially, the good correlation
coefficients (R2) of the pseudo-second-order model (it presented the highest R2 value) and the similarity
of the experimental and predicted adsorption capacity of this model indicated that the adsorption of
BPA by activated carbon could be chemical adsorption, which is consistent with the results of Section 3.1.
previously presented. In addition, the retention process was faster at first, but the equilibrium was
not reached until 48 h of contact time. This indicates that, although adsorption happened quickly, the
process subsequently proceeded more slowly until equilibrium was reached.

Other authors found similar results in their studies about BPA removal by activated carbons.
Chang et al. [52] used an activated carbon obtained from rice straw agricultural waste. They found that
the pseudo-second-order model fitted the experimental adsorption data better. Wang and Xiao [51]
studied the adsorption of BPA by activated carbon reporting that the adsorption process followed the
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first-order kinetics. Soni and Padmaja [53] reported that the kinetic data of adsorption of BPA onto palm
shell activated carbon could be fitted well by a pseudo-second-order kinetic model. Tang et al. [59]
showed that the kinetics of BPA removal onto activated carbon-alginate beads with cetyltrimethyl
ammonium bromide fitted good to the pseudo-first-order, pseudo-second-order and Elovich models.

Table 2. Equations and parameters representative of the four selected kinetic models.

Model Equation Parameters

Pseudo-first-order q = qe

(
1− e−k1·t

) qe adsorption capacity, mg/g
k1 kinetic constant of the pseudo-first-order, h−1

Pseudo-second-order q = t
1

k2× qe
2 +

t
qe

qe adsorption capacity, mg/g
k2 kinetic constant of the pseudo-second-order, g/mg·h

Elovich q = 1
b ln(a× b) + 1

b ln(t)
a velocity of initial adsorption, mg/g·h
b area of the occupied surface, g/mg

Intraparticle q = kp × t
1
2 + C

kp the intraparticle diffusion rate constant (mg/(g·min1/2))
C constant of the intraparticle diffusion model (mg/g)

Table 3. Adjustment results of the experimental data to the four selected kinetic models.

Model Parameters

Pseudo-first-order k1 = 0.164 qe = 37.17 r2 = 0.995
Pseudo-second-order k2 = 0.004 qe = 43.06 r2 = 1.000

Elovich a = 11.325 B = 0.099 r2 = 0.992
Intraparticle diffusion kp = 5.577 C = 3.082 r2 = 0.964

3.5. Equilibrium Study

Figure 6 shows the retention capacity of BPA, qe (mg retained/g of sorbent when equilibrium is
reached), versus the equilibrium concentration of BPA in the liquid phase, Ce.
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to the selected models.

Different types of adsorption isotherms were found in the literature [51,60,61]. The isotherm
obtained in this work was type I. The type I isotherm is monolayer adsorption easily explained using a
Langmuir isotherm. Examples of type I adsorption isotherms are given by microporous solids such
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as activated carbon (material used in this study). It is also observed that the maximum adsorption
capacity was close to 92 mg/g, and it was reached when the initial concentration of BPA was 160 mg/L.

In order to study the equilibrium of the process, these results have been adjusted to different
models which are shown in Table 4. Further, Table 5 shows the fitting results and the parameters of the
models obtained. Figure 7 represents the isotherm obtained with the models used.

The Langmuir and Sips models were the best in reproducing the experimental results, as the
value of the parameter n of the Sips isotherm was equal to the unit, which indicated that this model
tended to be a Langmuir isotherm. This result indicates that adsorption is monolayer on the active
sites of the adsorbent that has a homogeneous surface and molecules do not interact with each other.
Likewise, the value of the maximum adsorption obtained with the Langmuir and Sips models was
very close to the result obtained experimentally. These findings were similar to those obtained by other
authors [52–54]. However, maximum capacity values of adsorption of AC-40 activated carbon were
higher than those reported in the literature [62–65].

Finally, although adsorption processes performed in batch systems applied to the decontamination
of wastewater are more frequent to determine the maximum adsorption capacity as the maximum
amount of chemical adsorbed onto the adsorbent by mass of the adsorbent, in this work, the partition
coefficients at the studied concentrations were also determined as the ratio of the concentration of
BPA in solid phase (AC-40) to the concentration in liquid phase when the two concentrations are at
equilibrium. Table 6 shows the partition coefficient as a function of the initial concentration of BPA. Data
showed that the degree of partitioning varied with concentration. The linear partition coefficient was
about 50–52 L/g (the amount adsorbed versus its solution concentration) at initial BPA concentrations
lower or equal than 10 mg/L. This can be observed in Figure 6 since the first experimental points were
plotted in a linear trend. However, as the initial concentration of BPA increased, the linear partition
coefficient decreased until approximately 1 L/g at 160 mg/L. It also can be observed in the change of
the slope of the isotherm (Figure 6) as the BPA concentration was increased. In adsorption studies,
when an L-type plot (isotherm) is obtained, the qm coefficient is a convenient and reliable parameter to
be applied for adsorption capacities assessment better than the partition coefficient.

Table 4. Representative equations and parameters of the four selected models for the study of the
equilibrium process.

Model Equation Parameters

Langmuir qe =
bqm
1+b

Ce
Ce

qm maximum adsorption capacity, mg/g
b constant related to the affinity of the adsorbent for the adsorbate

Freundlich qe = KF ×C
1
n
e

KF equilibrium constant, (mg/g)·(L/mg)1/n

n constant related to the affinity between the adsorbent and the adsorbate

Sips qe =
qmbC1/n

e

1+bC1/n
e

qm maximum adsorption capacity, mg/g
b constant related to the affinity of the adsorbent for the adsorbate

n parameter characterizing the system’s heterogeneity

Temkin
qe =

RT
b ln(ATCe)

AT constant of union of the equilibrium (L/g),
b Temkin constant,

B constant related to the heat of adsorption (J/mol),
B = RT

b

Table 5. Adjustment results of the experimental data to the four selected isotherm models.

Model Parameters

Langmuir qm = 91.90 b = 0.64 r2 = 0.996
Freundlich KF = 39.49 n = 5.04 r2 = 0.941

Sips qm = 95.06 b = 0.632 n = 1.23 r2 = 1.000
Temkin b = 194.47 AT = 19.65 r2 = 0.981
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Figure 7. BPA removal (%) in single solutions (red marker) and in binary solutions with (a) copper,
(b) nickel, (c) lead and (d) cadmium (black marker for metal and blue one for BPA) using activated
carbon AC-40 as the adsorbent.

Table 6. Partition coefficient in function of concentration.

Initial Concentration of BPA, mg/L Partition Coefficients, L/g

1 52.00
5 51.40

10 49.80
20 40.75
30 26.78
40 20.78
80 2.60
120 1.38
160 0.93

3.6. Adsorption of BPA-Metals Cations Mixtures

Different contaminants such as BPA and a wide variety of metal ions could be present in wastewater.
The presence of these ions in solution can lead to competition between metals and the contaminant
for the union with the adsorptive sites but also could enhance the BPA adsorption. For example,
Han et al. [39] analyzed the influence of copper (II) and lead (II) ions on the adsorption of BPA onto
lignin. These researchers found that the presence of the metal cations modified the surface of lignin,
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converting it on a less negatively charged surface. It was an advantage for the adsorption of anion
species of BPA. Further, Liu et al. [38] studied the simultaneous adsorption of BPA and cadmium (II)
ions on activated montmorillonite and found that the maximum adsorption capacity of BPA changed
from 74.55 to 80.77 mg/g when cadmium was presented in the solution. Similarly, Bautista-Toledo
et al. [37] reported that the presence of chromium (III) enhanced the adsorption of BPA on different
activated carbons. The authors attributed the improvement in BPA adsorption to the in situ formation
of complex compounds formed by Cr (III) and BPA (Cr (III)-BPA coordination compounds).

In this section, the interaction of some metal cations present in water with BPA was analyzed. The
aim was to observe the possible interactions between the metal and the contaminant and/or metal and
adsorbent, especially if they had synergistic properties. In all cases, the experiments of mixtures of
metals and BPA have been compared with the initial experiment using only BPA. Cadmium, copper,
lead and nickel were selected as the representatives of heavy metals because they are very common in
wastewater. Figures 7 and 8 show the results.
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different heavy metals (green marker for metal and red one for BPA) using activated carbon AC-40 as
the adsorbent.

Contrary to the referenced studies of Han et al. [39], Lui et al. [38] and Bautista-Toledo et al. [37],
the results showed that none of the metal cations improved the efficiency or adsorption capacity of BPA,
suggesting a competition with BPA to occupy the porous surface of carbon and consequently decreasing
its effectiveness. This is consistent with investigations carried out by Schiewer and Volesky [66], who
systematically studied the effect of ionic strength on the adsorption of cations such as Zn2+, Cd2+, Cu2+

and Na+. They reported that an increase in ionic strength led to a decrease in the adsorption achieved
due to the increase in the electrostatic charge. Niu and Volesky [67] studied the removal of anionic
metal complexes (Au(CN)2−, CrO4

2−, SeO4
2− and VO4

3−), concluding that an increase in ionic strength
decreases the removal.

In the case of the mixture of Cd (II) and BPA, retention of BPA on activated carbon decreased.
The difference in adsorption of BPA in the mixture solution (metal-BPA) and in the BPA solution
was significant. BPA adsorption capacity changed from 36.8 (single solution) to 24.7 mg/g (binary
solution). However, Cd was not greatly adsorbed (adsorption capacity of 1.6 mg/g). This also occurred
in mixtures of Cu (II) and BPA, although to a lesser extent. If the predominant binding force of BPA is
electrostatic attraction, a decrease in the positively charged sites on the carbon surface could negatively
influence the BPA adsorption. A change in the charge of the carbon surface and pH of the solution
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during the process due to the adsorption of metals could explain the decrease in the BPA adsorption.
Earlier studies reported that the ionic strength of the solution notably influenced the adsorption of
different species [37,67,68]. Further, Meng et al. [69] studied the adsorption of phenol and cadmium
onto soil and found that the adsorption of mixed pollutants (Cd2+ and phenol) showed an antagonistic
effect on adsorption. Chemical adsorption was the main mechanism of adsorption of cadmium ions
while physical adsorption was the primary mechanism for phenol adsorption (very influenced by
the physic-chemical properties of the carbon surface). This indication was consistent with the pH
evolution of the system (Table 7) and the point of zero charge reported in Table 1. The net charge of
activated carbon decreases with the increase in pH values. Yang et al. [70] noted that the electrostatic
surface charge was smaller with the pH of the adsorption system closer to the pHpzc of the activated
carbon. In addition, BPA exists in its molecular form under pH < 8 but begins to deprotonate to a
negatively charged form at around pH 8 [13,51,70]. Thus, when pH was increased above 7.5, a repulsive
electrostatic interaction may be established between the negatively charged surface of the activated
carbon and bisphenolate anion. In the mixture of Ni (II) and BPA, the metal was not adsorbed and
BPA removal in the mixture solution was very similar to the BPA removal in the single BPA solution.
This means that the presence of Ni (II) did not affect the adsorption of BPA. Finally, in the case of the
mixture of Pb (II) and BPA, the results suggested that both Pb (II) and BPA were notably adsorbed by
activated carbon, probably because they formed a complex in situ with activated carbon, adsorbing
and synergistically removing both contaminants present in the solution, or perhaps they distributed
the available active sites of the adsorbent for Pb and BPA adsorption.

Table 7. pH evolution on simultaneous adsorption experiments.

Time, min Cd (II) + BPA Cu (II) + BPA Ni (II) + BPA Pb (II) + BPA

0 5 5 5 5
30 6.9 6.3 6.2 6.4
60 7.5 6.7 6.5 6.8
120 7.8 6.8 6.6 7.1
240 8.1 7.2 7.0 7.2
480 8.0 7.5 7.0 7.3

1440 8.0 7.4 7.3 7.3
2880 7.9 7.6 7.5 7.5

In conclusion, the metal ions may affect the sorption of BPA on AC-40 from different aspects:
(1) the metal ions can reduce the BPA adsorption due to the decrease in sorption sites on the AC surface;
(2) the metal ions can change the ionic strength of the solution and influence the adsorption of the
different species; (3) the metal ions can promote the hydrophobic interaction, which may enhance the
BPA adsorption on AC; and (4) the metal ions can promote the formation of complex compounds
(metal–BPA coordination compounds) which increase the BPA adsorption.

3.7. Cycles of BPA Adsorption/Desorption

The reuse of AC-40 was investigated in three consecutive cycles of adsorption/desorption,
without significant loss in the adsorption capacity. The adsorption capacity in the three consecutive
adsorption–desorption cycles is reported in the Table 8. Figure 9 shows the desorption percentage of
BPA. The removal efficiency was higher than 90% in all cases, indicating that the activated carbon has
good reusability. Further, desorption of BPA from the AC-40 was about 86.3% in the first desorption
cycle and only decreased slightly after three adsorption–desorption cycles. These results indicated
that the interaction of the BPA molecule to the binding sites on the adsorbent surface can be disrupted
without any effect on the properties of the adsorbent. Similar results were found by other authors in
their studies of the desorption of BPA by mixtures of methanol-acetic acid [71–73].
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Table 8. Removal efficiency and adsorption capacity of BPA adsorption in three consecutive cycles.

Cycle % Removal q, mg/g

1 92.5 37.00
2 91.4 36.56
3 90.2 36.08
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4. Conclusions 

The aim of this work was to investigate the application of a commercial activated carbon 

(AC-40) to remove BPA in single and simultaneous adsorption systems. The results showed that pH 
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experimental results. 
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BPA, the results seemed to indicate that both Pb (II) and BPA can be efficiently removed from 

wastewater using AC-40. 

Desorption tests showed good desorption efficiency (higher than 80%) and also BPA adsorption 
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4. Conclusions

The aim of this work was to investigate the application of a commercial activated carbon (AC-40)
to remove BPA in single and simultaneous adsorption systems. The results showed that pH did not
significantly affect the BPA adsorption at low pH values. However, when the acidity of the medium
was increased, a slight improvement in the removal efficiencies was observed. Further, as the dose of
activated carbon increased, the BPA removal efficiency increased at all contact times. Additionally,
the concentration of BPA did not influence the adsorption, for the values of initial BPA concentration
analyzed in this work (similar to those than can be found in some industrial wastewaters).

The isotherm obtained for BPA adsorption onto AC-40 was type I and the maximum adsorption
capacity was close to 90 mg/g. The Langmuir and Sips models were the best to reproduce the
experimental results.

The experiments with mixtures of metals and BPA showed that none of the metal cations analyzed
improved the efficiency of the adsorption process. In the case of the mixtures of Pb (II) and BPA,
the results seemed to indicate that both Pb (II) and BPA can be efficiently removed from wastewater
using AC-40.

Desorption tests showed good desorption efficiency (higher than 80%) and also BPA adsorption
capacities were very similar after three adsorption–desorption cycles, indicating that the activated
carbon has good reusability. In conclusion, results of the work showed good adsorptive behavior of
AC-40 for BPA removal in batch systems in single- and binary-solute adsorption. However, from a
practical point of view and as a potential research line, complete experimental research on packed-bed
columns including desorption studies should be carried out.
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Abstract: Wastewater treatment is a topic of primary interest with regard to the environment.
Diclofenac is a common analgesic drug often detected in wastewater and surface water. In this paper,
three commonly available agrifood waste types (artichoke agrowaste, olive-mill residues, and citrus
waste) were reused as sorbents of diclofenac present in aqueous effluents. Citrus-waste biomass
for a dose of 2 g·L−1 allowed for removing 99.7% of diclofenac present in the initial sample, with a
sorption capacity of 9 mg of adsorbed diclofenac for each gram of used biomass. The respective
values obtained for olive-mill residues and artichoke agrowaste were around 4.15 mg·g−1. Advanced
oxidation processes with UV/H2O2 and UV/HOCl were shown to be effective treatments for the
elimination of diclofenac. A significant reduction in chemical oxygen demand (COD; 40–48%) was
also achieved with these oxidation treatments. Despite the lesser effectiveness of the sorption process,
it should be considered that the reuse and valorization of these lignocellulosic agrifood residues
would facilitate the fostering of a circular economy.

Keywords: agrowaste biomass; biosorption; diclofenac removal; advanced oxidation treatments;
low-cost sorbents

1. Introduction

Water is a renewable but limited natural resource, which forces us to manage it, especially in arid
and semiarid areas where water resources are limited. The presence of some pollutants can jeopardize
water recovery, and the reuse of urban and industrial effluents [1]. In addition to pollution from
municipal discharges, water bodies are also contaminated by industry, mining, and pollution from
agrochemicals used on irrigated land, which in many cases are discharged directly into lakes and rivers
without prior treatment [2].

The reuse of urban and industrial wastewater with some pollutants can contribute to soil
contamination, as well as its passage into the tissue of cultivated plants. This can produce adverse
effects on the ecosystem [3–6].

While the international scientific community continues to make considerable efforts to minimize
or alleviate the problem of what we may call traditional pollutants (heavy metals, organic matter,
inorganic nutrients, etc.), other environmental pollutants, called emerging pollutants (ECs), are of
growing concern [7] and are leading us to adapt our strategies to respond to their threats [8,9].

Aqueous effluents that arrive at urban wastewater-treatment plants show a complex composition
associated with current human and industrial development. Therefore, the presence of certain
pollutants can, in many cases, interfere with the proper functioning of biological wastewater-treatment
systems. Emerging contaminants are considered among these pollutants [9]. Emerging contaminants
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are compounds of different origin and chemical nature of which the presence in the environment has
gone largely unnoticed [10].

The lack of international monitoring programs for ECs makes it impossible to fully know their
effects, problems, and behavior from an ecotoxicological point of view [2]. They can be a danger to the
environment and human health [11,12]. Another particularity of this type of pollutant is that, due to its
high production and consumption, and the constant and continuous introduction of these pollutants
into the environment, they do not need to be persistent to cause negative effects.

Emerging contaminants can be classified as pharmaceutical and personal-care products,
plasticizers, food additives, wood preservatives, contrast media, detergents, surfactants, fire retardants,
biocides, hormones, and some disinfection byproducts. Advances in analytical technologies have
helped to identify this group of contaminants [13,14].

These compounds have high transformation/disposal rates that can compensate for their continued
introduction into the environment. For this reason, it is necessary to raise awareness of their origin and
transformation, and the effects that this new generation of pollutants can have in order to propose
modifications or improvements in water-treatment mechanisms. Some authors suggested the use of
toxicity tests with chemical analysis to evaluate the efficiency of treatment methods [15–18].

The ongoing processing of aqueous effluents in conventional wastewater-treatment systems does
not provide an adequate approach for the removal of emerging contaminants. These can arrive in their
original form and/or be metabolized, making it difficult to operate biological wastewater treatment,
sludge treatment, and the subsequent reuse of wastewater; there is also a lack of knowledge about
the possible impact of these pollutants on the environment [19]. In many cases, products resulting
from the transformation of the original emerging contaminants produce compounds that turn out to
be more toxic than the original ones are [20].

Diclofenac (2-(2,6-dichloroanilino) phenylacetic acid) is one of the best-selling nonsteroidal
anti-inflammatory drugs [21]. The high consumption level of this compound means that it is one of the
most detected pharmaceuticals in aqueous effluents, and according to reported data, the measured
values of diclofenac in municipal wastewater can be up 7.1 µg·L−1 [22,23]. A distinctive feature of
diclofenac is that it undergoes low biodegradability and high persistence in wastewater-treatment
plants, leading to its bioaccumulation in surface waters, sediments, and sludges [24,25]. Therefore, it is
necessary to implement specific treatments to reduce or eliminate its presence in effluents.

Different sorption studies of diclofenac are reported in the literature. The highest bioremoval
efficacies were obtained with carbon nanotubes [26], clays [27], and biochars [28] as sorbents.
Raw lignocellulosic biomass was also used as a low-cost biosorbent, but the achieved efficiency
was not as high as that with previous sorbents [29,30]. Despite this, biosorption has lately been
presented as a very interesting technology, in line with the concept of the circular economy [31,32].
Efficient biowaste management is among the most important challenges in agrifood industries.
Suggested uses for these lignocellulosic residues include their utilization as sorbents of pollutants
in aqueous effluents [33–35] since they present very interesting physicochemical properties, such as
their high surface area and the presence of a variety of functional groups that facilitate the sorption
process [36–38]. Bioadsorptive techniques are the best ecofriendly solutions for removing contaminants
because they are economical, efficient, highly selective on pollutants, and easily operable.

The most commonly used treatments for the removal of emerging contaminants, such as diclofenac,
are advanced oxidation processes [39–43], which utilize free radical reactions to directly degrade
chemical contaminants as an alternative to traditional treatments. For these oxidative treatments,
it is necessary to carry out research studies that examine what the most appropriate combination of
oxidizing reagents is to degrade a specific pollutant.

The main objective of this work was to carry out a comparative study of diclofenac elimination
in aqueous effluents through biosorption with agrifood residues and through different advanced
oxidation techniques (ultraviolet radiation (UV), sodium hypochlorite, and combinations of ultraviolet
radiation with hypochlorite and with hydrogen peroxide).
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2. Materials and Methods

2.1. Preparation and Characterization of Agrowaste Biomass

In preliminary studies, different agricultural wastes residues were processed and examined for
their ability to remove diclofenac from a test solution. Of these, the three most interesting agrifood
waste types that are abundant in the Murcia region (Spain) were chosen to be investigated in this study:
artichoke agrowaste, olive-mill residues, and citrus waste from agrifood industries. Biomass samples
were washed with distilled water and dried at 70 ◦C for 24 h before being ground and passed through
a sieve with a number 18 mesh (1 mm). The different surface morphologies of each biomass were
explored, and a qualitative determination of each was made using a field-emission scanning electron
microscope and an energy-dispersive X-ray analyzer (SEM) (Hitachi S-3500N). FTIR measurements of
the sorbents were performed in the range of 4000 to 400 cm−1 in a Thermo Nicolet 5700 (Karlsruhe,
Germany). Moreover, the pH point of zero charge (pHZPC) was determined by the mass-titration
method [44].

2.2. Preparation of Diclofenac Solutions

A diclofenac stock solution (1 g·L−1) was prepared using diclofenac sodium (C14H10Cl2NNaO2,
≥99%; Sigma-Aldrich, Madrid, Spain) in deionized water. The working solution (20 L) was achieved
by diluting the stock solution in treated and filtered wastewater from a wastewater-treatment plant.
The pH value was adjusted to 6.6 with a 0.1 mol·L−1 HCl or 0.1 mol·L−1 NaOH solution using a
Metrohm 654 pH meter with a pH combination electrode. All chemicals were of analytical grade.
The analytical characterization of the working solution was performed by American Public Health
Association (APHA) methods [45].

2.3. Batch-Biomass Tests

Batch-biosorption experiments were performed at 25 ◦C under stirring in a reciprocal contact
agitator with 100 mL of the diclofenac working solution at a fixed concentration (Co = 37.6 mg·L−1)
and a known amount of sorbent for 24 h in a conical flask at a constant stirring speed (150 rpm). Lastly,
the solutions were filtered and quantified obtaining the final concentration (Ce). The initial (Co) and
final (Ce) concentrations were quantified by high-performance liquid chromatography (HPLC).

The amounts of diclofenac adsorbed at equilibrium (qe), also called diclofenac removal efficiency
and expressed as mg diclofenac/g dry biomass, were determined by mass-balance equation (Equation (1))
on the basis of values of diclofenac concentration in the solution at the beginning (Co) and end (Ce) of
the test:

qe =
(Co −Ce) ·V

m
, (1)

where V is the solution volume (L) and m the sorbent dry weight (g).
The percentage of diclofenac elimination in each case was calculated by Equation (2):

% Removal =
(Co −Ce)

Co
× 100, (2)

where Co is the initial concentration (mg·L−1) and Ce is the equilibrium concentration (mg·L−1)
of diclofenac.

2.4. Diclofenac Determination

Diclofenac concentration in the water samples was determined by high-performance liquid
chromatography (HPLC). A Waters modular liquid chromatography system (Waters, Milford, MA,
USA) equipped with two M510 pumps, a 717 plus autosampler, and an M996 photodiode array detector
(PDA) was used. HPLC was run by the data system of the Millenium 2010 Chromatography Manager.
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An Atlantis C18 5 µm, 25 cm × 4.6 mm i.d. (Waters) column was used. Elution was performed using a
gradient between 175 mM phosphoric acid in water and 175 mM acetic acid in acetonitrile as the mobile
phase. Flow rate was 0.6 mL/min. Samples, before being analyzed, were filtered using a 0.45 µm pore
size cellulose acetate membrane, and the filtrate was analyzed for HPLC. Diclofenac was monitored at
270 nm. The retention time of diclofenac was about 6.4 min.

2.5. Advanced Oxidation Treatments

2.5.1. Sodium Hypochlorite

Treatment with sodium hypochlorite was performed with 1000 mL of filtered diclofenac solution.
Four different amounts of available chlorine, namely, 1.0, 2.0, 3.0, and 4.0 mL of a 5% (w/v) sodium
hypochlorite solution (Panreac, Barcelona, Spain) were added to each sample. Experiments were
carried out in sealed glass bottles. They were incubated for 2 h until the moment of their quantification
in a dark isothermal chamber at 20 ◦C, with slow agitation. Lastly, samples were filtered and analyzed
by HPLC.

2.5.2. UV Light Treatments

UV radiation was applied using an 8 watt low-pressure UV lamp (UV-C 8 watt Strahler–Messner,
Kalletal, Germany), with a flow range of 0.5 to 1.1 L·h−1 and a wavelength of 254 nm. The facility was
designed to be used with 500 mL of a sample, irradiated for short periods of time of 2, 5, 10, and 15 min.
According to these irradiation durations, the provided doses were 15, 37, 73, and 110 mJ·cm−2,
respectively. Before each treatment, the lamp was cleaned with deionized water. After irradiation,
samples were filtered with a 0.45 µm filter and analyzed by HPLC.

2.5.3. UV Radiation Combined with Sodium Hypochlorite (UV/HOCl) and Hydrogen
Peroxide (UV/H2O2)

UV/HOCl and UV/H2O2 assays were conducted as batch experiments using a concentration of
5 mg·L−1 sodium hypochlorite and 5 mg·L−1 of hydrogen peroxide, respectively, which were added
into the initial sample and subjected to different UV exposure times (2, 5, 10, and 15 min) before
filtration and analysis of diclofenac concentration was performed by HPLC.

2.6. Chemical Oxygen Demand

Chemical oxygen demand (COD) was determined using the methods described in APHA [45].
For COD measurements, a Spectroquant Nova 30 spectrophotometer (Merck, Darmstadt, Germany)
was used.

3. Results and Discussion

3.1. Characterization of Biomass Samples

The surface characteristics of the different biomass samples used in diclofenac bioadsorption
studies were investigated using scanning electron microscopy (SEM) and energy-dispersive X-ray
spectroscopy (EDS), as shown in Figures 1–3. SEM is considered to be one of the most widely used tools
in the scientific field for studying the surface characteristics of biomass used as biosorbent [46]. In the
different micrographs that were made in the SEM, important differences in the surface characteristics
of the different studied agrifood waste types were observed, presenting a majority composition of
carbon and oxygen in all cases.
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Figure 1. SEM image and EDS analysis of artichoke-agrowaste biomass.
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Figure 2. SEM image and EDS analysis of citrus-waste biomass.
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Figure 3. SEM image and EDS analysis of olive-mill residue biomass.

Figure 1 shows that artichoke biomass had filamentous structures made up of fiber cells that were
longitudinally aligned. This fibrous structure provides consistency, resistance, and a large surface
area [47] that, together with the small channels, allows for the rapid movement of fluids through the
fibers, increasing the possibility of retaining diclofenac molecules. SEM analysis also showed that it
was a rough surface, with the presence of holes of irregular shape and size [47] that could improve the
retention of diclofenac.

Citrus-waste biomass (Figure 2) presented an irregular surface, but with a much more compact
appearance and with fewer cavities than in the previous case, although with cracks that provided a
large surface for the retention of diclofenac. Olive-mill residues (Figure 3) also presented an irregular
surface with a fairly compact appearance, bit with few cavities. In all cases, the presence of cavities of
irregular shape and dimensions would enhance the fixation of contaminants to be retained.

FTIR analysis allowed for inferring the structure of the sorbents on the basis of the locations and
shapes of the bands in the spectra (Figure 4). The three sorbents showed a broad band at 3600–3100 cm−1
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that was assigned to −OH stretching vibrations of hydroxyl and carboxyl groups. A −CH aliphatic
stretching vibration band was also observed at 2900–2850 cm−1 in all sorbents. Around 1630 cm−1,
a band attributed to C=O stretching vibrations and typical skeletal vibrations of aromatic rings was
presented. In the region of 1030–1000 cm−1, a broad band, an indication of C−O and C=C vibrational
stretching, was revealed. These are, in fact, typical FTIR spectra, corresponding to nonmodified plant
biomass samples, where the lignocellulosic constituents are particularly outstanding [32,47–49].
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3.2. Diclofenac Biosorption

Table 1 shows the characterization of the working water prepared from diclofenac stock solution
and filtered effluent from a treatment plant. The initial concentration (Co) of diclofenac for the different
experiments was 37.6 mg·L−1 and an initial COD value of 282 mg O2·L−1.

Table 1. Initial composition of working solution. COD, chemical oxygen demand.

Parameter Value

pH 6.6 ± 0.2 *
Conductivity (µS·cm−1) 12.5 ± 2.5

TSS (mg/L) 98.2 ± 8.6
Turbidity (NTU) 4.7 ± 0.3
NO3

− (mg·L−1) 16.8 ± 2.7
PO4

3− (mg·L−1) 5.6 ± 1.1
BOD (mg O2·L−1) 113.3 ± 10.2
COD (mg O2·L−1) 282.0 ± 15.0

Diclofenac initial (mg·L−1) 37.6

* mean ± SD of 3 determinations.

The sorption capacities and percentages of diclofenac removal in the experiments carried out
for the different used sorbents and doses (Table 2) revealed that citrus-waste biomass was the most
effective. Citrus residues, with a zero point of charge of 4.2, reduced the pH of the solution during the
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sorption process to 5.7 by the end of the experiment. These pH reductions were less pronounced in the
olive-mill-residue (pHZPC = 5.4) and in the artichoke-agrowaste (pHZPC = 4.8) sorption tests, of which
the final pH values were 6.4 and 6.1, respectively. In all cases, the modifications in pH were very slight,
hardly affecting the solubility of the adsorbate and sorption-capacity values. The biomass of artichoke
agrowaste showed the least capacity to retain diclofenac. In the case of citrus waste, for a dose of 2 g/L,
all the diclofenac is retained, obtaining a sorption capacity (qe) of 9 mg·g−1. Olive-mill residues had
intermediate and very similar retention values regardless of the dose used in the experiments.

Table 2. Elimination of diclofenac for different biomass samples.

Biomass Sorbent Dosage
(g·L−1) Removal % qe

(mg·g−1)

Artichoke agrowaste 1 18.7 ± 2.4 * 3.9 ± 0.5

2 19.9 ± 3.1 4.2 ± 0.4

Olive-mill residues 1 46.4 ± 4.4 4.2 ± 0.6

2 46.3 ± 5.8 4.2 ± 0.8

Citrus-waste 1 87.1 ± 5.7 7.8 ± 1.1

2 99.7 ± 0.5 9.0 ± 0.3

* mean ± SD of 3 determinations.

The results of this study revealed that the reuse of raw lignocellulosic biomass from agrifood
waste for the sorption of diclofenac may be an efficient and common method of wastewater treatment.
The sorption capacities of diclofenac obtained in this study were lower than those reported for
microalgae biomass (20–28 mg·g−1) [29] and grape bagasse (24 mg·g−1) [49], but comparable for
that shown with activated carbon from olive stones (11 mg·g−1) [50]. In the present investigation,
the agrifood waste used as sorbent was not previously modified or subjected to any thermal treatment.
The obtained results in the present investigation reveal that this is a new line of research that is
worth further exploring, and it may be of interest to test some cost-effective activation mechanism
that enhances the bioadsorptive capacity of waste to specific contaminants. In this context, future
studies will be made in application in real systems, where fixed-bed citrus-waste adsorbers can be
implemented for the treatment of wastewater with diclofenac.

3.3. Advanced Oxidation Treatments

As summarized in Table 3, when the working solution (Co = 37.6 mg·L−1) was exposed to different
exposure times of UV radiation ranging from 2 to 15 min, significant reductions in the initial diclofenac
concentration were achieved, ranging from 9.78% removal for 2 min of exposure and 88.49% removal
for 15 min of exposure, without being able to achieve total removal. A significant reduction in COD
values was also achieved, in a similar way to that in other reported investigations [51].

Table 3. Treatment with ultraviolet (UV) radiation.

Contact Time
(min)

Diclofenac
(mg·L−1)

Removed
Diclofenac %

COD
Reduction %

2 33.9 ± 2.8 * 9.8 ± 2.4 44.3 ± 3.6
5 16.6 ± 2.1 55.9 ± 3.9 62.1 ± 3.5
10 6.1 ± 1.1 83.8 ± 4.6 62.4 ± 4.1
15 4.3 ± 0.9 88.5 ± 3.8 66.3 ± 3.9

* mean ± SD of 3 determinations.
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In the treatment with sodium hypochlorite and a contact time of 2 h (Table 4), for a dose of
4 mg·L−1, all diclofenac present in the starting sample was eliminated. As the dose of hypochlorite
was increased, greater elimination was achieved. The reduction in COD was also quite significant.

Table 4. Treatment with sodium hypochlorite (contact time 2 h).

Hypochlorite Concentration
(mg·L−1)

Diclofenac
(mg·L−1)

Removed
Diclofenac %

COD
Reduction %

1 14.4 ± 3.3 * 61.7 ± 4.7 24.1 ± 2.3
2 4.4 ± 1.2 88.4 ± 5.1 38.3 ± 2.8
3 3.3 ± 0.9 91.3 ± 4.4 44.0 ± 2.6
4 n.d. † 100 44.7 ± 1.8

* mean ± SD of 3 determinations; † not detected.

In the treatment that combined UV radiation with the addition of sodium hypochlorite (Table 5),
practically all the diclofenac (93.59%) was eliminated for a radiation time of 10 min. When exposure
time was increased (15 min), it was possible to eliminate it completely. In addition, the unreacted
chlorine in this process provided residual protection for water reuse purposes [52]. Comparable
reductions in COD were achieved as those with previous treatments. For the treatment in which UV
radiation was combined with hydrogen peroxide (Table 6), the initial diclofenac was eliminated for
all treatments. For an exposure time of 2 min of UV radiation, 99.20% of the initial diclofenac was
degraded. The achieved elimination of COD was quite comparable in all performed treatments.

Table 5. Ultraviolet radiation treatment combined with sodium hypochlorite (5 mg·L−1).

Contact Time
(min)

Diclofenac
(mg·L−1)

Removed
Diclofenac %

COD
Reduction %

2 29.1 ± 2.2 * 22.6 ± 2.8 14.2 ± 1.9
5 13.5 ± 1.8 64.2 ± 3.1 22.0 ± 2.4
10 2.4 ± 0.5 93.6 ± 4.8 45.0 ± 3.8
15 n.d. † 100 47.9 ± 3.4

* mean ± SD of 3 determinations; † not detected.

Table 6. UV radiation treatment combined with H2O2 (5 mg·L−1).

Contact Time
(min)

Diclofenac
(mg·L−1)

Removed
Diclofenac %

COD
Reduction %

2 0.3 ± 0.1 * 99.2 ± 4.4 23.4 ± 1.7
5 n.d. † 100 25.9 ± 2.3
10 n.d. 100 36.5 ± 2.0
15 n.d. 100 40.1 ± 3.1

* mean ± SD of 3 determinations; † not detected.

It is scientifically accepted that advanced oxidation processes are highly effective novel methods
that accelerate the oxidation and the degradation of a wide range of organic and inorganic pollutants
that are resistant to conventional treatment methods [53]. In our experiments, diclofenac was 88% by
UV-C degraded irradiation; when the wastewater was treated for a time as short as 15 min, this result
verified that this compound absorbs UV irradiation well at 254 nm and can be easily photolyzed [54].
When UV-C irradiation treatment was combined with 5 mg·L−1 of sodium hypochlorite, the degradation
of diclofenac was increased to 100%. Nevertheless, UV/H2O2 was the most efficient oxidation process,
combining the immediate UV effect and the action of the HO˙ radicals produced from the homolytic
disruption of H2O2. The levels of diclofenac degradation under the adopted experimental conditions
were higher than the values reported in the literature for oxidation processes, such as ozonation (32%)
and UV/H2O2 (39%), after 39 min treatment [55]. The use of hypochlorite to degrade diclofenac in
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aqueous effluents was also reported with successful results [56]. Recent research in a Fenton-like
system with FeCeOx–H2O2 achieved 84% degradation of diclofenac within 40 min [57]. All these
results are in accordance with those obtained in our experimental design and confirm the feasibility
of the tested methods. A significant reduction in chemical oxygen demand (COD) (40–48%) was
also achieved with these oxidation treatments, although there was no direct relationship between the
percentage of diclofenac degradation and the decrease in COD.

4. Conclusions

This paper offers a comparative study between the application of biosorption and advanced
oxidation techniques to remove diclofenac from wastewater at high concentrations.

Artichoke agrowaste, olive-mill residues, and citrus waste were used as low-cost biosorbents
to remove diclofenac from aqueous effluents. Citrus-waste biomass, at a sorbent dosage of 2 g·L−1,
showed the highest sorption capacity (9 mg·g−1). This value was achieved with raw biomass without
being subjected to any chemical or thermal activation process. The obtained results highlight the
sustainable reutilization of agrifood waste for producing cost-effective sorbents, providing additional
income for the agroindustrial sector. Waste valorization can efficiently help in reducing environmental
stress by decreasing unwarranted pollution and promoting economy circularization.

UV-driven advanced oxidation treatments were effective in the degradation of diclofenac in
wastewater. The UV/H2O2 (5 mg·L−1) oxidation process was faster than UV/HOCl (5 mg·L−1) to reach
the same degradation rate. Chemical oxygen demand (COD) was considerably reduced (40–48%) with
these oxidation treatments.

The obtained results in this study confirm biosorption as a low-cost and environmentally
sustainable technique, and the high efficiency demonstrated by advanced oxidation techniques,
may lead to applying specifically designed techniques that combine biosorption and advanced
oxidation to eliminate specific emerging contaminants in aqueous effluents.
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Abstract: User-friendly and energy-efficient methods able to work in noncontinuous mode for
in situ purification of olive mill wastewater (OMW) are necessary. Herein we determined the
potential of oxidized multiwalled carbon nanotubes entrapped in a microporous polymeric matrix
of polydimethylsiloxane in the removal and recovery of phenolic compounds (PCs) from OMW.
The fabrication of the nanocomposite materials was straightforward and evidenced good adsorption
capacity. The adsorption process is influenced by the pH of the OMW. Thermodynamic parameters
evidenced the good affinity of the entrapped nanomaterial towards phenols. Furthermore, the kinetics
and adsorption isotherms are studied in detail. The presence of oil inside the OMW can speed up
the uptake process in batch adsorption experiments with respect to standard aqueous solutions,
suggesting a possible use of the nanocomposite for fast processing of OMW directly in the tank where
they are stored. Moreover, the prepared nanocomposite is safe and can be easily handled and disposed
of, thus avoiding the presence of specialized personnel. After the adsorption process the surface of the
nanomaterial can be easily regenerated by mild treatments with diluted acetic acid, thus permitting
both the recyclability of the nanomaterial and the recovery of phenolic compounds for a possible use
as additives in food and nutraceutical industries and the recovery of OMW for fertirrigation.

Keywords: olive mill wastewater; carbon nanotubes; polydimethilsiloxane; waste treatment; phenolic
compounds; resources recovery

1. Introduction

Olive mill wastewater (OMW) is an acid waste derived from olive pressing, which has a production
range from 10 to 30 million of m3 per year [1]. OMW is composed of water, oil, and solids and exhibits
ecotoxic and phytotoxic properties due to its high content of phenols [2]. For that reason, OMW has
been considered as a matter of treatment and minimization [3]. However, it could represent a cheap
source of components that can be recovered and used as natural food additives [4,5]. For instance,
at low concentrations, phenols of olive have antioxidant properties with potential benefits for the
health [6–8]. Moreover, OMW purified from phenols can be a valuable source for fertirrigation [9].

Different methods have been developed to purify OMW from phenols such as electrochemical
oxidation [10], physical methods [11], solvent extraction [12], chemical treatments [13–15], filtration [16],
and bioremediation [17,18]. However, these techniques could require high energy, the use of
chemicals, and could generate secondary pollutants during the remediation process [19]. Moreover,
phenolic compounds (PCs) could be degraded during the treatment thus not permitting their recovery.
For all these reasons, there is an urgent need to develop alternative methods for the removal and
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recovery of PCs from OMW. In this view, adsorption techniques can be an attractive alternative [20–25].
Different adsorbents have been developed, such as granular activated carbon [20], zeolites [26],
agricultural wastes [3], and amberlite [27]. One of the major issues is that these materials are in powder
form requiring large centrifuges or filtration systems for their management during the treatment.
Another approach could be to pack the powder in a column for a continuous flow separation in a
plant [21]. However, the seasonally production of OMW and the necessity to collect and transport
OMW from the large number of olive mills to the plant can make such systems expensive [19].
Recently we have developed a nanocomposite material in which oxidized carbon nanotubes (oxCNTs)
were physically entrapped on the surface of porous polydimethylsiloxane (PDMS) for the removal
of phenolic compounds from aqueous solutions with good adsorption capacity. The nanocomposite
can be easily handled and disposed of, making easier its recovery after the adsorption process [28].
Although the use of the material to remove phenolic compounds for OMW treatment was suggested a
complete characterization of the adsorption process was not performed. In the present work we tested
the ability of PDMS/oxidized multiwalled carbon nanotubes (oxMWCNTs)—spongeous materials
to remove phenolic compounds from complex matrices such as OMW. The adsorption mechanisms,
thermodynamic parameters, and kinetics were studied with different theoretical models. A good and
fast adsorption capacity was observed. The system was demonstrated to be effective for the purification
of complex OMW matrices in batch samples, suggesting their possible use for in situ purification of
OMW, being able to work directly in the tank where the waste is stored. It has been demonstrated that
the different phenols present in OMW can affect the adsorption process with respect to our previous
observations. Moreover, the presence of oil in OMW can speed up the uptake process, probably due to
the swelling of the pores inside the adsorbent phase. The reusability of the nanocomposite and the
possibility of recovering adsorbed phenols was also demonstrated.

2. Materials and Methods

2.1. Materials

Multiwalled carbon nanotubes with a diameter of 25.4 ± 4 nm were provided by Nanostructured
& Amorphous Materials, Inc., Los Alamos, NM, USA. The PDMS polymerization kit (Sylgard 184),
comprising monomer and curing agent, were purchased from Dow Corning, Midland, MI, USA.
All the other reagents were analytical grade and purchased from VWR International srl, Milano, Italy,
and used as received.

2.2. OMW Origin and Composition

OMW was obtained from a three-phase continuous extraction unit in Miggiano, Italy. The pH at
25 ◦C was equal to 4.8 and the density 1.08 ± 0.02 g/L. Total suspended solids were 2.57 ± 0.05 g/L,
the total solids were 25.12 ± 0.8 g/L, the mineral matter was 4.02 ± 0.07 g/L. The phenolic amount equal
to 2.089 ± 0.01 g/L was calculated by Folin–Ciocalteau assay [29].

2.3. Preparation of the Spongeous Adsorbent

A sponge of polydimethilsiloxane (PDMS), in which oxidized multiwalled carbon nanotubes
(oxMWCNTs) were stably entrapped and homogenously dispersed on pores’ surfaces, was prepared
following our well-developed procedure [28]. Briefly, microparticles of glucose crystals with an average
dimension of 290 ± 170 µm were mixed with a shaker overnight with pristine MWCNTs at 3% w/w.
The obtained mixture was packed in a centrifuge tube and an appropriate amount of PDMS prepolymer
mixed with curing agent in the ratio of 10:1 and diluted with 40% in wt.% of hexane was added on
the top. The composites were centrifuged at 8000 rpm for 20 min to allow the packing of the mixture
and the permeation of the prepolymerization solutions between the sugar particles. The composite
was then cured at 60 ◦C overnight to accomplish the polymerization. Finally, glucose was removed by
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firstly soaking the nanocomposite in boiling water under continuous stirring and then by sonication in
warm water and ethanol.

MWCNTs entrapped in the nanocomposites were then oxidized. The sponges were placed in
water under reduced pressure to allow the permeation of the solution in the pores of the hydrophobic
nanocomposite, then nitric acid was added until a concentration of 3 M was reached and left for two
hours under continuous stirring. At the end of the process the as-obtained nanocomposites were washed
repetitively with water until the pH of the washing solution remained stable. The nanocomposites were
dried under vacuum and dipped in H2O2 30% w/w solution under stirring for 2 h. Finally, the obtained
materials (PDMS/oxMWCNTs) were repetitively washed in water and dried at 100 ◦C overnight.

2.4. Determination of PCs in OMW

The PCs in the OMW were quantified by Folin–Ciocalteu assay [29]. 240 µL of water, 50 µL of
OMW, and 250 µL of Folin–Ciocalteau reagent were added in a flask. After 120 s, 2.7 mL of sodium
carbonate (20% w/v) was added. The mixture was left at 25 ◦C for 2 h and then centrifuged at 8000 rpm
for 5 min. The absorbance of the supernatant was read at 765 nm with a Cary UV 50 spectrophotometer.
Gallic acid was used as a standard for the calibration of the method.

2.5. Adsorption Experiments

A proper amount of the PDMS/oxMWCNTs nanocomposite (6 g/100 mL) was immersed in 5 mL
of OMW diluted with water (pH = 4.8) with a known concentration of phenols (1.251 g/L) and shacked
at 25 ◦C. Studies at different pH were performed, adjusting the pH with 0.1 M HCl or 0.1 M NaOH.
The adsorption rates of phenols were monitored at different times (namely 0, 0.5, 1, 1.5, 2, 2.5, 3,
4, 22, and 24 h) collecting small aliquots from the solution for further spectrophotometric analysis.
Removal efficiency (Q%) and equilibrium adsorption capacity (qe) of the sponges were calculated by
Equations (1) and (2) respectively:

removal e f f iciency (%) =

[
(C0 −Ct)

C0

]
× 100 (1)

adsorption capacity, qe
(mg

g

)
=

[
(C0 −Ce)

W

]
×V (2)

where C0 and Ct are respectively the concentration of PCs at the beginning of the experiment and at a
given time (hours) in ppm (mg/L), Ce is the PCs concentrations (ppm) at the equilibrium (24 h), W is
the weight of the sponge in grams, and V is the volume of the solution in liters.

2.6. Desorption Experiments

The adsorbent was separated from the OMW solution and washed with water. Desorption experiments
were conducted by dipping the PDMS/oxMWCNTs sponge in 10% acetic acid, which was vortexed for 2 h.

3. Results and Discussion

3.1. Adsorption of OMW PCs on PDMS/oxMWCNTs Sponges

Our developed fabrication route described in experimental methods can easily allow the synthesis
of black porous PDMS/oxMWCNTs sponges (Figure 1a) in which the pores dimensions are comparable
to that of the used hard template. The carbon nanotubes are well-dispersed in the polymeric
matrices thanks to the mechanical destroying of π-π stacking during the fabrication steps. Moreover,
the oxidation of the nanomaterials in the sponges occurred after the synthesis of the 3D nanocomposites
thus reducing the need of complex apparatus thanks to the easy handle of the material [28,30].
Although it is known that treatment with strong acid can degrade PDMS matrices [31], it is interesting
to note as the oxidation procedure did not significantly affect the mechanical stability of the material.
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This is probably due to the low concentration of nitric acid and short time of incubation used for
the synthetic procedure. The prepared sponges were dipped in an OMW solution at pH 4.8 and the
adsorption of PCs was monitored at different times. As reported in Figure 1c, at the beginning of the
process we observed a fast phenols adsorption. After 4 h the adsorption process become slower due to
the decrease in the number of easily accessible sites on oxMWCNTs [3,28,32]. Finally, for times higher
than 20 h an equilibrium between the adsorbent and adsorbate is achieved. Moreover, we observed
that the adsorption of PCs did not occur in 24 h on porous PDMS prepared following the procedure in
Section 2.3, but in the absence of MWCNTs, and is very low on a spongeous nanocomposite in which
MWCNTs were not oxidized (removal efficiency approximately 2%) (data not shown).
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Figure 1. A piece of polydimethylsiloxane/oxidized multiwalled carbon nanotubes (PDMS/oxMWCNTs)
sponge (a) before and (b) after dipping in an olive mill wastewater (OMW) solution. (c) Effect of contact
time on adsorption of OMW phenolic compounds (PCs) on the PDMS/oxMWCNTs sponge.

Interestingly, most of the uptake process (around 95%) was completed in 4 h, evidencing a faster
uptake with respect to what we observed in aqueous solutions [28].

We hypothesized that this can be due to two different reasons: on one hand it could be due to an
increased affinity of phenols contained in the OMW with the adsorbent; on the other hand, it could
be due to the presence of oil in the OMW, which could cause the swelling of the PDMS/oxMWCNTs
sponge [30,33] thus favoring the diffusion of the mixture inside the adsorbent phase. To verify the
first hypothesis the PDMS/oxMWCNTs sponge was dipped in two different solutions containing two
different PCs, namely 4-nitrophenol and phenol, for which the nanomaterial has evidenced different
affinities at the same concentration (i.e., 0.18 mM) [28]. We observed a significant increment in the
removal efficiency at equilibrium, but not in the rate of adsorption. In fact, 84% of the process is
completed in 4 h in both cases (Figure S1). Therefore, the increment in the adsorption rate was
attributed to the evident swelling of the nanocomposite in OMW (Figure 1b).

3.2. Effect of pH and Adsorbent Amount on PCs Adsorption

pH can affect both the adsorption mechanisms and the nature of soluble species’ interactions with
the adsorbents [34].

We tested the pH effect on the PCs removal from OMW with our porous nanocomposite. As visible
in Figure 2, the removal efficiency (%) increases from pH 2 to 4.8, then slightly decreases for pH values
up to 6.5 and finally decreases dramatically at higher pH, reaching a removal efficiency (%) close to
zero at pH over 10.5.

The increment in removal efficiency observed until pH of around 6.5 is mainly due to π-π
interactions. Although this mechanism is still not clear, it is well known that higher pH values can
alter the π donation strength of PCs thus causing an increase of their adsorption on the oxMWCNTs’
surface [28,35]. However, the removal efficiency decreased very fast at pHs over 6.5 with an apparent
different behavior to that observed in adsorption of PCs on oxMWCNTs in aqueous solutions [28].
A similar behavior was also reported for some PCs adsorbed by MWCNTs [35], demonstrating that
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the decreased removal efficiency of phenols for pH over their pKa could be due to the increased
electrostatic repulsion between the dissociated phenols and negatively charged oxMWCNTs. Moreover,
the dissociation of the PCs would increase their hydrophilicity, thus decreasing their adsorption.
Consequently, the observed trend can be explained by the fact that most of the PC constituents of
OMW are deprotonated at higher pH, due to their pKa lower than 5 (Figure 3) [36]. This suggests also
that the adsorption of different type of phenols could be achieved at different pHs.Water 2020, 12, x FOR PEER REVIEW 5 of 14 
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Figure 3. The major constituents of OMW. The common name and the pKa value are reported under
each compound.

Figure 4 shows the removal efficiency (%) and adsorption capacity (qe) of phenols in OMW as
a function of the PDMS/oxMWCNTs sponge amount in the given conditions. It is evident that an
increase in sponge amount in the mixture results in an obvious increase in the phenol adsorption
percent. With the increase in PDMS/oxMWCNTs amount from 4 to 10 g/100 mL, the phenol removal
efficiency increased rapidly from 20.2 to 35.5%. This was intuitively due to the increase in the number
of adsorption sites with the increase in the sponge amount. The results indicated that it was possible to
remove phenols completely from OMW when there was a high enough PDMS/oxMWCNTs sponge
amount in the mixture. On the other hand, the qe was high at low doses and reduced at high doses,
thus suggesting that some adsorption sites remain unsaturated during the adsorption process [3,37–40].

The results of this section also indicated that, in order to obtain the optimal adsorbent dosage,
higher initial phenol concentrations should be tested in conjunction with appropriate adsorbent dosage
depending on the concentration of phenolic compound in OMW [37,38].
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3.3. Adsorption Isotherms and Thermodynamic Parameters

Several models have been used to describe adsorption equilibrium, among which the Freundlich
and the Langmuir models are the most frequently used.

The Freundlich isotherm [41] describes a reversible process in which the adsorption can occur
through homogeneous and/or heterogenous interactions.

The linear form of the equation is:

log qe = log KF +
1
n

log Ce (3)

where KF is the Freundlich constant representative of the adsorption capacity of adsorbent and
n describes the strength of adsorption. An R2 of 0.80 was obtained by linear fitting (Figure S2),
evidencing that the model did not describe well the experimental data, thus being in contrast with
what was observed in aqueous solutions [28]. We ascribe this behavior to the complexity of OMW in
which other interferences species can influence the adsorption mechanisms.

Experimental data were also fitted with the Langmuir theory [42], which is valid for monolayer
adsorption onto surfaces with homogenous binding sites.

The linearized form of the isotherm is:

Ce

qe
=

1
KLqmax

+
Ce

qmax
(4)

where KL (L/mg) is the Langmuir constant and is representative of the affinity of the sorbate for the
sorbent and qmax (mg/g) is the maximum adsorption capacity.

The R2 value higher than 0.99 suggests that the model is more appropriate to describe the
adsorption process. From the fitting, a qmax of 4.39 mg/g was found. The dimensionless equilibrium
parameter (RL) was calculated as in Equation (5) at different concentrations of PCs.

RL =
1

1 + KLC0
(5)

The results summarized in the table of Figure 5 evidenced that the RL value is always comprised
between 0 and 1, confirming the high affinity of PDMS/oxMWCNTs sponge for phenols contained
in OMW [3].
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The obtained results were compared with other sorbents used for the same purpose (Table 1).
The highest values were reached with wheat bran and banana peel [3,37]. However, it should be pointed
out that in this work the adsorption capacities are calculated per gram of sponges and not per gram
of oxMWCNTs. This is important since the adsorption of PCs is exclusively due to the oxMWCNTs.
Therefore, calculating the qmax considering only the grams of oxMWCNTs a value of 454.55 mg/g is
obtained, which is comparable with the most efficient materials. Moreover, the PDMS/oxMWCNTs
sponge has the advantages of being user-friendly and easy to manipulate during all the steps of the
waste treatment.

Table 1. Langmuir constants for PCs adsorption from various absorbents reported in literature.

Adsorbent qmax (mg/g) KL (L/g) References

PDMS/oxMWCNTs 4.39 (454.55) 0.014 This work
Banana peel 688.9 0.24 [3]
Wheat bran 487.3 0.13 [37]

Olive pomace 11.40 0.005 [43]
Activated carbon coated with milk protein 246.45 9.1 [44]

Activated carbon 268.17 0.14 [45]

From the variation of KL values with temperature we calculate the Gibbs free energy (∆G◦) of
adsorption, enthalpy (∆H◦), and entropy (∆S◦) using the following equation:

∆G
◦
= −RT ln(KLD) (6)

and the van’t Hoff equation:

ln(KLD) = (
∆S

◦

R
) − (∆H

◦

RT
) (7)

in which R is the gas constant (8.314 J/(mol K)), T is the temperature expressed in Kelvin, and KLD is
obtained by multiplying KL by 1000 [46,47].

The van’t Hoff plot of ln(KLD) against 1/T evidenced a good linearity with an R2 = 0.96 and both
∆H◦ and ∆S◦ were calculated (Figure 6). The negative values of ∆G◦ suggests that the process occurs
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spontaneously. The positive value of ∆H◦ represents an endothermic reaction while values of ∆S◦
higher than zero evidenced that the randomness increased at the solid liquid interface due to the high
affinity of the sorbent for the PCs [46].
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3.4. Kinetic of the Adsorption Process

To elucidate the adsorption mechanisms in OMW, adsorption kinetics have been evaluated.
The mechanism of the adsorption strongly depends on the physical and chemical characteristics of
the adsorbent as well as on the mass transport process. Pseudo-first-order and pseudo-second-order
equations were examined in this study.

The pseudo-first-order equation [48] is represented by the following equation:

ln(qe − qt) = ln qe − k1t (8)

in which qt is relative to the number of PCs adsorbed (mg/g) at any time t (h), and k1 (h−1) is the
equilibrium rate constant of pseudo-first-order sorption. By plotting ln(qe − qt) against t a straight line
should be obtained with slope −K1 and intercept lnqe.

The pseudo-second-order equation [49] is expressed in the form:

t
qt

=
1

k2q2
e
+

t
qe

(9)

in which k2 is the rate constant of the pseudo-second-order equation (g/g h). The rate constant (k2) and
the equilibrium adsorption capacity (qe) can be obtained from the slope and the intercept of the plot of
t/qt versus t. The experimental data fitted with both the models are reported in Figure 7.

It is evident that pseudo-second-order kinetic model better describes the experimental data
(R2 > 0.99), thus suggesting that chemical sorption, mainly due to π-π interactions [28], occurs between
the PCs and PDMS/oxMWCNTs sponge [3]
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3.5. Intraparticle Diffusion Model

The pseudo-first-order and the pseudo-second-order models can explain the adsorption process,
but are not useful to identify the diffusion mechanisms.

qt = kpt1/2 + C (10)

kp is the rate constant of intraparticle diffusion model and C is a constant for any experiment (mg/g).
By plotting qt versus t1/2 (Figure 8) two linear ranges were observed and ascribed to at least two
different diffusion mechanisms of adsorption.

The lower value of kp2 with respect to kp1 (with kp1 and kp2 representing kp values for step I and
II, respectively) indicated that the free path available for diffusion of PCs inside the sponge became
smaller, thus causing the reduction of the diffusion rate [50]. It can be hypothesized that firstly
the adsorption occurs on the most accessible sites on the oxMWCNTs surface. Once these sites are
saturated, the PCs entered into smaller pores and/or reached the binding sites in the interstitial space
between oxMWCNTs, causing a decrease in the diffusion rate [28,32,51].

Interestingly, more than 95% of the total adsorption process occurs at the faster step. Moreover,
a higher Kp value in the first step was obtained with respect to that obtained in aqueous
solutions [28], thus confirming that the swelling of the sponge in OMW can speed up the entire
adsorption process [30,33].

Water 2020, 12, x FOR PEER REVIEW 11 of 15 

 

 
Figure 8. Application of intraparticle diffusion model for the adsorption of phenols in OMW onto 
PDMS/oxMWCNTs sponges. 

The lower value of kp2 with respect to kp1 (with kp1 and kp2 representing kp values for step I and II, 
respectively) indicated that the free path available for diffusion of PCs inside the sponge became 
smaller, thus causing the reduction of the diffusion rate [50]. It can be hypothesized that firstly the 
adsorption occurs on the most accessible sites on the oxMWCNTs surface. Once these sites are 
saturated, the PCs entered into smaller pores and/or reached the binding sites in the interstitial space 
between oxMWCNTs, causing a decrease in the diffusion rate [28,32,51]. 

Interestingly, more than 95% of the total adsorption process occurs at the faster step. Moreover, 
a higher Kp value in the first step was obtained with respect to that obtained in aqueous solutions 
[28], thus confirming that the swelling of the sponge in OMW can speed up the entire adsorption 
process [30,33]. 

3.6. Desorption and Reusability Studies 

Since the chemisorption process occurs between phenols and oxMWCNTs, adsorbed 
compounds can be removed with an acidic treatment [28]. After the first adsorption process, the 
PDMS/oxMWCNTs sponges were washed in 10% acetic acid at 60 °C to break the π-π interactions. 
The washing procedure permits the solubilization of most of the adsorbed PCs (~99%) (Figure 9, blue 
columns), which can thus be used in phenolic-enriched foods after simple further purification steps. 
Furthermore, the sponge can be reused without losing its adsorption capacity, confirming the high 
stability of the nanocomposite despite the swelling process. This suggests the possibility to use the 
nanocomposite for an higher number of adsorption/desorption cycles, thus permitting the decrease 
of costs for the treatment of OMW with higher phenols concentrations and the complete purification 
of the waste that can thus be used for fertirrigation [9]. 

Figure 8. Application of intraparticle diffusion model for the adsorption of phenols in OMW onto
PDMS/oxMWCNTs sponges.

359



Water 2020, 12, 3471

3.6. Desorption and Reusability Studies

Since the chemisorption process occurs between phenols and oxMWCNTs, adsorbed compounds
can be removed with an acidic treatment [28]. After the first adsorption process, the PDMS/oxMWCNTs
sponges were washed in 10% acetic acid at 60 ◦C to break the π-π interactions. The washing procedure
permits the solubilization of most of the adsorbed PCs (~99%) (Figure 9, blue columns), which can thus
be used in phenolic-enriched foods after simple further purification steps. Furthermore, the sponge can
be reused without losing its adsorption capacity, confirming the high stability of the nanocomposite
despite the swelling process. This suggests the possibility to use the nanocomposite for an higher
number of adsorption/desorption cycles, thus permitting the decrease of costs for the treatment of
OMW with higher phenols concentrations and the complete purification of the waste that can thus be
used for fertirrigation [9].
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4. Conclusions

The present work describes the application of spongeous nanocomposites made of PDMS and
oxidized MWCNTs for the adsorption of phenols from olive mill wastewater. The MWCNTs loading was
performed with a straightforward method without the use of complex procedures. The oxidation of the
nanomaterial was performed directly on the sponge, simplifying the post-treatment and speeding up the
whole fabrication process. The entrapped nanomaterials were stable and evidenced good adsorption
capacity compared to other systems. The pH of the OMW and pKa of the phenolic compounds
can influence the removal efficiency of the nanocomposites. By the evaluation of thermodynamic
parameters, we observed that the adsorption process is spontaneous and with a high affinity for
the phenolic compounds. The adsorption process in OMW is described by the Langmuir isotherm,
suggesting the formation of a monolayer on the nanomaterial surface and evidencing a different
behavior of the nanocomposites with respect to what happens in standard aqueous solutions in which
the formation of a PCs heterogeneous multilayer on an adsorbent surface was observed. It is also
interesting to note that the presence of complex matrices such as OMW can speed up the entire
adsorption process (more than 95% of the adsorption is completed in less than 4 h) with respect to
standard aqueous solution. We ascribed this behavior to the presence of a small amount of oil inside
the OMW that can promote the swelling of the sponge and the diffusion of the mixture inside the
polymeric matrices. This is interesting since the oil seasonal production required the fast processing
of OMW.

The nanocomposite can thus be easily used to work in batch conditions. This could be useful for a
real application of the system. After its production, OMW is stored in a big tank in which the spongeous
nanocomposites can be added for the adsorption process. Thus, the nanocomposite can be used directly
in situ. In this view, the entrapment of oxMWCNTs adsorbent in a porous polymeric matrix represents
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a significant advantage; in this way, post-treatment processes, such as filtration and/or centrifugation,
are not required to remove the adsorbent phase after the adsorption process, decreasing the time and
the costs of the treatment. Moreover, the nanomaterial can be easily handled and disposed in a safe
way without the use of specialized personnel. The surface of the nanomaterial can be regenerated
with a mild treatment with diluted acetic acid. On one hand this permits us to further decrease the
costs of production in wastewater treatment. On the other hand, the adsorbed phenolic compound
can be easily desorbed from the sponge and can be used, after small further purification, to produce
phenolic-enriched food due to its health benefits ranging from reduced incidence of cardiovascular
disease, diabetes, and cancers. Furthermore, the treated OMW can be a useful source for fertirrigation.
This could permit us to transform a waste product to a resource, especially for the regions of the
Mediterranean area in which is concentrated most of the world’s production of olive oil. Moreover,
the reusability of the material can be useful for OMW with high concentration of phenols that needs
repetitive cycles of purification.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/12/3471/s1,
Figure S1: Normalized removal efficiency % data to 0–1 range on the maximal value after 4 h of the uptake process
and removal efficiency % at equilibrium for an aqueous solution of phenol and 4-nitrophenol. Figure S2: Fitting of
experimental data with linearized Freundlich isotherm model for phenols in OMW (R2 = 0.8).
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Abstract: In this study, sepiolite was modified by calcination (200 ◦C) and cetyltrimethylammonium
bromide (CTMAB) treatment. Though the specific surface area sharply declined, the adsorption
amount of Acid Orange II (AO), Reactive Blue (RB), Acid Fuchsin (AR) and their mixed solution
were improved. The morphology of modified sepiolite showed a better dispersibility and looser
structure. The adsorption performance was highly impacted by the pH condition and adsorbent
dosage. The electrostatic attraction of positively charged adsorption sites on the adsorbent surface
and the negatively charged anionic dye could enhance the adsorption amount especially under acid
condition. The order of preferentially adsorbed dye was AO > RB > AR. The adsorption process was
much correlated to the quasi-second-order reaction kinetics. The adsorption amount and equilibrium
amount of single dye system, as well as in the mixed system were in accordance with the Langmuir
model and extended Langmuir isotherm.

Keywords: anionic dye; cetyltrimethylammonium bromide; sepiolite; two-step modification; adsorption

1. Introduction

Synthetic dyes are common pollutants in industrial wastewater. They are stable, highly soluble and
when enter in the water bodies present environmental hazards and potential threats to health [1]. Some of
the azo dyes have been found to be carcinogenic, sensitizing and reproductive to humans; some of the
triarylmethane dyes are also carcinogenic and have long-term adverse effects in the aquatic environment;
some of the anthraquinone dyes are chemically stable and refractory to biodegradable [2–4]. Hence,
Acid Orange II (azo dye), Reactive Blue (anthraquinone dye) and Acid Fuchsin (triarylmethane dye)
were employed in this study to investigate the various kinds of dye.

The treatment methods for dye-bearing wastewater include physical methods, chemical methods
and biological methods [5–11]. Among them, adsorption decolorization is the most effective method [12].
According to the different interaction forces between the adsorbate and the adsorbent, the adsorption
can be divided into physical adsorption and chemical adsorption [13]. The physical adsorption is
caused by the intermolecular force (Van der Waals force) [14]. Chemical adsorption was caused by
the formation of chemical bonds or surface coordination compounds by adsorbate molecules and
adsorbents by means of ion exchange, electron transfer and electron pair sharing [15,16].

Sepiolite is a hydrous magnesium silicate with a fibrous cross-section [17,18]. The merits of sepiolite
were low thermal conductivity, high salt resistance, non-polluting, environmentally friendly [19]. It has
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been widely used in various fields due to the special structural properties and low cost. In China,
the sepiolite was presented with two types, hydrothermal type and clay type. The clay type is
mainly distributed in Hunan province [17]. The water in sepiolite mainly exists with three forms,
adsorbing water, coordinating water and hydroxyl water, in which the adsorption water enters the
sepiolite pores, the coordinating water is mainly bound by Mg2+ and the hydroxyl water exists as
OH group [20]. The structure of sepiolite was greatly impacted by the bound water, especially after
heated [21]. The three forms of water are gradually lost and the structure of sepiolite will change
differently at various temperatures. Serna et al found that the adsorbed water in the sepiolite pores
was mainly lost and the specific surface area of the pores was increased at 25~250 ◦C, but the structure
of the sepiolite is folded when the temperature was higher than 300 ◦C [22].

The adsorbent generally has the following characteristics, large specific surface area, suitable pore
structure and surface structure, high adsorption capacity, no chemically react with the medium,
good mechanical strength, etc. [19]. The sepiolite, a fibrous hydrous magnesium silicate, has been widely
explored as an adsorbent by two reasons: suitable specific surface area; low price, only 20–30 dollars
per ton in China. There are three kinds of adsorption active sites from sepiolite: oxygen atom in silicon
tetrahedron, water molecules coordinated with magnesium ions, which can form hydrogen bonds
with adsorbate and Si-OH combination, formed after the destruction of Si-O-Si.

In order to further improve the adsorption performance of sepiolite, modifications such as thermal
acid treatment, surfactant organic and inorganic modifications have been employed [11]. Mahir Alkan
et al found thermally modification at 200, the highest adsorption amount was obtained [23]. A wider
temperature range of the sepiolite modification was reported by Jiquan Wang et al [24]. The surfactant
modification also attracts researcher’s attention. Bulent Armagan et al used an organic modification
method of natural sepiolite with cetyltrimethylammonium bromide to investigate its adsorption
property for anionic dyes (active black, reactive red, active yellow) [25].

In this study, to improve the adsorption property of sepiolite, a combination of heat and surfactant
modification method was applied. To confirm the success of this combined method, unmodified and
modified forms of sepiolite were characterized by BET, XRD, XPS, FT-IR and SEM. On the other hand,
this study also focused on the adsorption performance and mechanism of mixed dye system with
modified sepiolite since the kinetics and thermodynamics of two-component and three-component
solution were much more complicated. Hence, the three dyes, Acid Orange II, Reactive Blue and
Acid Fuchsin were employed as target adsorbate with single, two-component and three-component
solution type.

2. Method and Material

2.1. Materials

In this study, the original sepiolite was obtained from Guangda sepiolite company (Hunan
province, China). The three dyes, Acid Orange II (AO), Reactive Blue (RB) and Acid Fuchsin
(AR) was purchased from Sigma company and the detail information can be found in previous
work [26–28]. The Cetyltrimethylammonium bromide (CTMAB), with the formula of C16H33(CH3)3NBr,
was purchased from Tianjin Bodi Chemical company. The chemical agents were all above analytical
grade in this work. To compare the adsorption amount and specific surface area, commercial powder
activated carbon (granularity of 180–220 µm) purchased from Xingyuan company (Hunan province,
China) was utilized.

2.2. Preparation of Organically Modified Sepiolite

Before the modification process, the sepiolite was first settled and purified, then dried in an oven
at 120 ◦C and sieved with a 100 mesh. The sepiolite was calcined under 200 ◦C for 2 h in a muffle.
Then, the sepiolite was immersed into CTMAB-saturated solution for 8 h. To remove the CTMAB
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solution, the modified sepiolite was repeatedly cleaned and settled. Finally, the modified sepiolite was
placed into a 60 ◦C vacuum oven for 24 h.

2.3. Dye Concentration Determination and Adsorption Test

In this study, a multiple linear regression method was used to process the data. When the
photometric system satisfied the linear sum of absorbance, the concentration of each component can
be obtained by solving linear equations. Suppose dye wastewater contains dyes with n different
absorbance components without mutual react. The sum of the absorbance of each single-component
dye is the total absorbance of the mixed dye. It is measured at different wavelengths according to Beer-
Lambert law. The absorbance of the mixed dye can be expressed by Equation (1).

∣∣∣∣∣∣∣∣∣∣∣

A1

A2

. . .
An

∣∣∣∣∣∣∣∣∣∣∣
=

∣∣∣∣∣∣∣∣∣∣∣

k11k12 . . . k1m
k21k22 . . . k2m

. . .
kn1kn2 . . . knm

∣∣∣∣∣∣∣∣∣∣∣

∣∣∣∣∣∣∣∣∣∣∣

C1

C2

. . .
Cm

∣∣∣∣∣∣∣∣∣∣∣
(1)

where Ai and ai presents the absorbance at λi, kij was the absorption coefficient of the jth component
at wavelength λi and Ci is the concentration of the ith component in the sample. To determine
the concentration of individual dye, the mixed solution was scanned in the wavelength region of
594–474 nm; the results of dye concentration were calculated using MATLAB software.

A lab scale static adsorption experiment was utilized to investigate the adsorption performance
of modified sepiolite with the dye system. A beaker with 300 mL target solution was employed in
the experiment. The adsorption test was conducted with 2 g/L sepiolite and 200 mg/L dye solution
for 240 min under pH value of 1, oscillation rate of 180 r/min and 25 ◦C. Considering the effect of pH
and adsorbent dosage on adsorption performance, pH range from 1 to 9, dosage range from 0.5 to
5 g/L were utilized. For the mixed dye system, for instance, the RB+AO+AR represents mixed dye of
200 mg/L RB, 200 mg/L AO and 200 mg/L AR, the RB+AO represents mixed dye of 200 mg/L RB and
200 mg/L AO. AO (RB + AO + AR) means the concentration of AO in the three-component system.

After the determination of fixed dye, the decolorization percentage and adsorption amount were
calculated by Equations (2) and (3).

η =
(C0 −Ce)

C0
× 100% (2)

q =
(C0 −Ce)

m
V (3)

where η and q are the percentage of decolorization and adsorption amount of fixed dye, respectively,
C0 and Ce are the initial and final concentration of fixed dye, V is the dye solution volume and m is the
weight of the sepiolite. In order to ensure the accuracy of the test data, each group of experiment was
repeated at least 3 times.

2.4. Adsorption Kinetics and Thermodynamics

The kinetic characteristics of mixed dye removal with sepiolite adsorption were discussed by
using the quasi-first-order and quasi-secondary kinetics models. The mathematical expressions
of quasi-first-order and quasi-secondary kinetic models were listed in Equations (4) and (5),
respectively [29].

quasi-first-order model
ln(qe − qt) = ln qe − k1t (4)

quasi-secondary-order model

(
1
qt
) =

1
k2q2e

+
1
qe

t (5)
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where qe and qt represent the amount of fixed dye adsorbed by the unit mass adsorbent after equilibrium
and at the moment t, k1 and k2 represent the adsorption rate constant of the quasi-first-order reaction
kinetic equation and the quasi-second-order reaction kinetic equation.

The thermodynamics characteristics of dye solution adsorption were discussed by Langmuir linear
fitting model. The mathematical expression of the thermodynamics model was listed in Equation (6).

Langmuir linear fitting model
Ce

qe
=

1
qmaxKL

+
Ce

qmax
(6)

where qe is the balanced amount of adsorption, qmax is the saturated adsorption capacity of a single
layer, ce is the balanced mass concentration of the dye, KL is the adsorption equilibrium constant in
Langmuir linear fitting model.

In the two-component system, the Langmuir fitting model was transformed to
Equations (7) and (8) [30,31]. Where the subscript 1 and 2 present component 1 and component
2 in the mixed system. In this extended Langmuir model, the ce1

qe1
shows linear correlation with ce1

and qe2ce1
qe1

.
Ce1

qe1
=

1
qmax1KL1

+
Ce1

qmax1
+

qe2Ce1

qe1qmax2
(7)

Ce2

qe2
=

1
qmax2KL2

+
Ce2

qmax2
+

qe1Ce2

qe1qmax2
(8)

In the three-component system, the Langmuir fitting model was transformed to
Equations (9)–(11) [30,31]. Where the subscript 1, 2 and 3 present component 1, component 2
and component 3 in the mixed system. In this extended Langmuir model, the Ce1

qe1
shows linear

correlation with Ce1, qe2Ce1
qe1

and qe3Ce1
qe1

.

Ce1

qe1
=

1
qmax1KL1

+
Ce1
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+

qe2Ce1
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+

qe3Ce1

qe1qmax3
(9)

Ce2

qe2
=

1
qmax2KL2

+
Ce2

qmax2
+

qe1Ce2

qe2qmax1
+

qe3Ce2
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Ce3

qe3
=

1
qmax3KL3

+
Ce3

qmax3
+

qe1Ce3

qe3qmax1
+

qe2Ce3

qe3qmax2
(11)

2.5. Characterization

A Brunner–Emmet–Teller (BET, QuadraSorb SI, Quantachrome, USA) was utilized for the
measurement of specific surface area [32]. An X-ray diffraction spectrometer (D8-Advance, Burke,
Germany) was employed for X-ray diffraction spectroscopy (XRD) test [33]. The tube pressure was
20 KV, the scanning range was 5–60◦ and the scanning speed was 0.02◦/0.2 s [34]. A Fourier-transform
infrared spectrometer (Spectrum One B, Perkin Elmer, USA) was used to detect the Fourier-transform
infrared spectroscopy (FT-IR) [33]. A scanning electron microscopy (Quanta 200, FEI, Hillsboro, OR,
USA) was employed to observe the feature of modified sepiolite [35].

3. Result and Discussion

3.1. Characterization of Modified Sepiolite

Figure 1a shows that the adsorption capacity of calcined sepiolite and modified sepiolite were
much higher than that of sepiolite ore. The adsorption capacity obviously improved from 45.28 mg/g to
74.82 mg/g and 78.66 mg/g after calcination and CTMAB modification, respectively. The previous study
had reported that the calcination process at a suitable temperature range could enhance the adsorption
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amount of sepiolite, but the enhancement was undermined at too high temperature. Moreover organic
modification could further improve the adsorption capacity.

Figure 1. Comparison of Acid Orange II (AO) adsorption amount (a) and specific surface area (b) of
different adsorbents.

Figure 1b shows that the specific surface area of calcined sepiolite was slightly increased,
but significantly declined after surfactant modification. Though the specific surface area of CTMAB
modified sepiolite highly decreased, the adsorption amount was nearly twice when compared to the
sepiolite ore. The decrease of electrostatic repulsion of the adsorption site by CTMAB was the reason
for adsorption enhancement. Another interesting point was the adsorption amount of organically
modified sepiolite was comparable with the powdered activated carbon (PAC), but the specific surface
area of PAC was forty times large than the modified sepiolite [36]. This suggests that the specific
surface area was not in line with the adsorption capacity, the property of valid adsorption site was the
key factor for adsorption performance.

Figure 2a shows that the characteristic dispersion peak of sepiolite at 2θ value of 9.4/9.44 was
significantly strengthened after CTMAB modification and no significant changes occurred at other
characteristic peak positions. On the other hand, the diffraction peak of the quartz also enhanced
after the surfactant modification, which was different with previous report [34]. The d001 value of
modified sepiolite was slightly increased to 0.9365 nm, which indicate that the CTMAB intercalated
into the sepiolite.

The FT-IR spectrums of original sepiolite, modified sepiolite and modified sepiolite after adsorption
saturated are shown in Figure 2b. The 3670 cm−1, 3622 cm−1, 3411 cm−1 and 1796 cm−1 peaks
corresponding to the stretching vibration of O-H bond existed, which reflects the structure of the
sepiolite itself. The peak at 3670 cm−1 is the stretching vibration of OH (belonging to Mg-OH) which
coordinated by the Mg ion octahedron in the sepiolite pore channel. The peak at 3622 cm−1 is the
crystal water with weak hydrogen bonding and peak at 3411 cm−1 is the stretching vibration of
the hydroxyl group adsorbing water. The vibration at 1030 cm−1 is the stretching vibration of the
Si-O group and the absorption band near 796 cm−1, 669 cm−1 and 471 cm−1 belong to the bending
expansion vibration of Si-O and Mg-O in the octahedron. When comparing the spectra of original
sepiolite and modified sepiolite, the Si-O and Mg-O stretching vibration peaks of the organically
modified sepiolite were enhanced and the peaks at 2920 cm−1, 2856 cm−1 and 1420 cm−1 appeared [37].
The peaks at 2920 cm−1 and 2856 cm−1 were corresponding to the stretching vibration of CH3

and CH2 from CTMAB, while 1420 cm−1 represented the vibration of the C-N. This indicates that
cetyltrimethylammonium bromide was electrostatically coated on the surface of sepiolite, which could
change the surface of sepiolite from hydrophilic to lipophilic [38]. When comparing the spectra before
and after adsorption, the characteristic peak (1500–1600 cm−1) of AO appeared on the sepiolite after
adsorption, which indicates the surface adsorption distribution occurs during the adsorption process.
The XPS spectrum (Figure 2c) shows that the characteristic peaks of Mg and Si decreased while the
characteristic peak of C enhanced after CTMAB modification.
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Figure 2. (a) X-ray diffraction spectrum of original sepiolite, modified sepiolite and modified sepiolite
after adsorption saturated; (b) Fourier-transform infrared spectrum of original sepiolite, modified
sepiolite and modified sepiolite after adsorption saturated; (c) X-ray photoelectron spectrum of original
sepiolite, modified sepiolite and modified sepiolite after adsorption saturated; (d) Isoelectric point of
original sepiolite and modified sepiolite.

The isoelectric point of the sepiolite before and after the modification was shown in Figure 2d.
The isoelectric point changed from 9.62 to 9.87 after modification, which indicates that the isoelectric
point value of the surface increased and the surface was positive charged. The isoelectric point is
important when investigating the effect of pH on the adsorption effect. When the solution pH is
lower than the isoelectric point, the surface of the adsorbent was positively charged. At lower pH
condition, the surface of the sepiolite was combined with H+ and the surface was positively charged,
while at higher pH condition, the surface of the sepiolite was combined with OH− and the surface was
negatively charged.

M − OH + H+→MOH2
+

M − OH + OH−→MO−H2O

The morphology images confirm that the original crystal structure of the sepiolite was retained
after the modification process. Better dispersibility and looser morphology were obtained after
modification. The diameter of the fiber increased and the gap between the layered structure was
cleaner and smoother (Figure 3a,b).
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Figure 3. SEM image of original sepiolite (a) and modified sepiolite (b).

3.2. Effect of the Operation Condition on Adsorption Performance

It can be seen from Figure 4a that the removal efficiency of AO and AR by modified sepiolite
declined with the increase of pH, which probably because the anionic dye is more protonated under
acidic condition [23]. The negatively charged anionic dye could attracted on the positively charged
adsorption sites by electrostatic attraction [39]. When OH− increased, the anionic dye and OH−
had competitive adsorption [40]. That is also in accordance with the result from Figure 2. In the
two-component and three-component mixed solution, the removal efficiency of each dye was basically
as same as that of single dye system. The decolorization efficiency of the single component dye in
the multi-component system was lower than that of the single dye system. The reduction degree of
removal efficiency was AR > AO > RB. For instance, the removal efficiency of AR in a single dye
system was 96.5%, while reduced to less than 30% in the meta-mixing system and the three-component
mixed system.

It can be seen from Figure 4c,d that the removal efficiency of each dye was basically the same
during the fixed adsorption condition in single dye system. When the dosage was 3 g/L, the removal
efficiency of the three dyes were all 100%. In the mixed dye system, the decolorization behavior of
the three dyes was distinct compared to the single dye system. When the dosage of adsorbent was
2 g/L, the decolorization efficiency of AO, RB and AR decreased from 97.48%, 94.49% and 93.6% in the
single dye system, to 40.09%, 40.62%, and 15.36% in the three-component system. The decolorization
efficiency of AR was rapidly decreased compared with the RB and AO. In the three-component system,
when the dosage was lower than 2 g/L, the decolorization efficiency of AO and RB was maintained at
the same level and much higher than AR. While the removal efficiency of AO and AR increased rapidly
when increasing the adsorbent dosage. This indicates that the AO and RB were preferentially adsorbed.
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Moreover, the AO was preferentially adsorbed in the two-component system of AO and RB. The above
results indicate that AO had the characteristics of preferential adsorption in the two-component system.
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Figure 4. Effect of pH and adsorbent dosage on the Acid Orange II (AO), Reactive Blue (RB) and
Acid Red (AR) adsorption performance. In (a) and (b), the adsorption test was conducted with 2 g/L
modified sepiolite; In (c) and (d), the adsorption test was conducted under initial pH value of 1.

3.3. Adsorption Kinetics and Thermodynamics

Figure 5a is the kinetic process of the one-component and three-component mixed system. In the
single dye system, the adsorption of dyes by the organic modified sepiolite reached equilibrium at
120 min; the adsorption amount of the single dye is sorted as: AO > RB > AR. In the three-component
system, the adsorption reaction was also quickly balanced. The rapid reaction of dye and adsorbent
may be due to the fact that the total concentration of the anionic dye in the three-component system
was larger than the one-component system. On the other hand, the adsorption amount of the three
anionic dyes in the three-component mixed system was reduced. Figure 5b is the kinetic curve of
the two-component mixed system; the adsorption also reached equilibrium in a short time. The AR
appears desorption in the mixed system, which may because the decrease of the valid sites of the
adsorbent after the adsorption reached saturation, while the RB and AO had a competitive advantage
and the “substitution effect” occurred [23]. That is, the RB and AO replaced AR from the adsorption
site during competitive adsorption.

Since the adsorption kinetics is very fast, most of the experimental data points belong to the steady
state, which may skew the mathematical modelling of the adsorption dynamics. It can be seen from
Figure 6 that the correlation of the quasi-second-order reaction kinetics fitting was much better than
the first-order reaction kinetics fitting; the data in Table 1 also verified. The coefficient of determination
of quasi-second-order fitting was between 0.97–0.99, while the coefficient of determination of the
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quasi-first-order reaction kinetics was lower than 0.85. The adsorption amount is also consistent with
the rate constant, which indicates that the rate constant may have a certain relationship with the
adsorption amount. The adsorption rate of the single dye was sorted as AO > RB > AR.

Figure 5. Effect of adsorption duration on the Acid Orange II (AO), Reactive Blue (RB) and Acid Red (AR)
adsorption performance. (a) one component and three component system; (b) two component system.
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Figure 6. (a) fitting of experimental data with quasi-first-order reaction kinetics; (b) fitting of
experimental data with the quasi-second-order model. The adsorption test was conducted with
2 g/L modified sepiolite and 200 mg/L dye solution for 240 min under oscillation rate of 180 r/min
and 25 ◦C.
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Table 1. The adsorption kinetics model with various dyes, the adsorption test was conducted with
200 mg/L Acid Orange II and 2 g/L modified sepiolite under oscillation rate of 180 r/min and initial pH
value of 1.

Solution
Quasi-First-Order Reaction Kinetics Model Quasi-Secondary Reaction Kinetics Model

q1e
(mg/g)

k1
(1/min) R1

2 q2e
(mg/g)

k2
(1/min) R1

2

RB 21.62 2.42 × 10−2 0.85 95.24 4.53 × 10−3 0.99
AO 14.65 2.61 × 10−2 0.79 98.14 5.36 × 10−3 0.99
AR 22.01 1.93 × 10−2 0.80 94.70 2.91 × 10−3 0.99

RB + AR 79.46 1.61 × 10−2 0.61 107.30 8.6 × 10−2 0.97
RB + AO 1.84 1.59 × 10−3 0.23 104.17 1.10 × 10−2 0.99
AO + AR 22.53 1.00 × 10−2 0.28 115.61 7.09 × 10−2 0.99

RB + AO +
AR 3.39 5.09 × 10−3 0.56 87.18 1.42 × 10−1 0.99

Figure 7 shows the adsorption isotherms of three anionic dyes in single dye systems,
two-component and three-component mixed system. In the single dye system, the amount of
adsorption increased rapidly as the initial concentration increased until reached saturation and
equilibrates. According to the shape of the adsorption isotherm, it is preliminarily determined that the
adsorption of the single dye conforms to the Langmuir model; the adsorption of the dye on the sepiolite
is single layer adsorption. In the two-component and three-component system, the adsorption isotherm
of each dye is not followed a regular Langmuir model [24]. For example, in the three-component mixed
system, the adsorption amount of AR and RB decreased with the increase of initial concentration.
This trend mainly because of the competitive effect in the adsorption process.

Figure 7. Adsorption isotherm with various dyes. To ensure the adsorbed saturation, the adsorption
test was conducted at least 4 h at a certain temperature in a constant temperature oscillating box. (a) one
component and three component system; (b) two component system.
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Though Langmuir, Freundlich linear fitting model and intraparticle diffusion are the means
to discuss the adsorption isotherm, previous work provided that monolayer adsorption was the
main adsorption mechanism during and mixed dye adsorption process [30,31]. Hence, the extended
Langmuir model was utilized in this study. As can be seen from Table 2, the saturated adsorption
capacities of AO, RB and AR were 119 mg/g, 115 mg/g and 110 mg/g, respectively. The adsorption
amount of sepiolite to each dye in the mixed system was lower than that from the single system.
For instance, when the AO was mixed with RB or AR, its adsorption capacity decreased by 41.2%
and 2.1%, and decreased by 58.8% in the three-component mixed system. In the two-component
mixed system, the presence of AR had little effect on the adsorption amount of other dyes, and the
amount of adsorption itself was minimized in the competitive adsorption process. The decrease of
adsorption capacity in the mixed system may have the following factors: the interaction force between
the dye solutions, the change of the surface charge of the adsorbent during the adsorption process,
the competition of the dye on the active adsorption sites. The adsorption amount and equilibrium
amount of single dye system, as well as in the mixed system, were in accordance with the Langmuir
model; the coefficient of determination were all over 0.99.

Table 2. Langmuir model fitting results of modified sepiolite adsorption.

Solution
Langmuir Model

qmax (mg/g) KL (L/mg) R1
2

RB 115.0 0.32 0.99
AO 119.0 0.50 0.99
AR 110.0 0.16 0.99

RB + AR 129.9 0.34 0.99
RB in RB + AR 107.5 0.86 0.99
AR in RB + AR 26.5 0.28 0.99

RB + AO 134.9 1.55 0.99
RB in RB + AO 72.5 2.19 0.99
AO in RB + AO 69.9 1.99 0.99

AO + AR 144.9 1.00 0.99
AO in AO + AR 116.5 3.73 0.99
AR in AO + AR 46.7 3.70 0.99
RB + AO + AR 96.2 1.85 0.99

RB in RB + AO + AR 39.0 0.05 0.99
AO in RB + AO + AR 49.0 0.17 0.99
AR in RB + AO + AR 22.7 0.04 0.99

4. Conclusions

In this study, the sepiolite was modified by a two-step method, heat and surfactant modification.
The adsorbent was characterized by BET, X-ray diffraction spectroscopy, Fourier-transform infrared
spectroscopy and SEM methods. Then the impact of pH and adsorbent dosage on the one-component,
two-component and three-component dye system were comprehensively investigated. At last,
the kinetics and thermodynamics analysis were studied. The conclusions were listed as follow:

1. The adsorption amounts of Acid Orange II, Reactive Blue and Acid Fuchsin improved after
CTMAB modification process, which confirmed the applicability of the modified sepiolite in
industrial dye wastewater treatment.

2. The specific surface area of modified sepiolite was obviously decreased, but the adsorption
capacity was enhanced. The SEM image shows that the modified sepiolite has a dispersible
morphology and the gaps were clean and smooth. The characterization indicate the modification
does not deform the sepiolite structure and the CTMAB was successfully loaded.

3. Acid Orange II had the characteristics of preferential adsorption in the two-component system.
The electrostatic attraction of positively charged adsorption sites on the adsorbent surface with
the negatively charged anionic dye could enhance the adsorption amount under acid condition.
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4. The adsorption performance of one-component, two-component and three-component dye system
was in accordance with the quasi-second-order reaction kinetics and the adsorption equilibrium
time was all around 120 min.

5. The adsorption equilibrium were fitted very well to the Langmuir model and extended
Langmuir isotherm.
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Nanoscale zerovalent iron (nZVI) supported by natural and acid-activated sepiolites: The effect of the
nZVI/support ratio on the composite properties and Cd2+ adsorption. Environ. Sci. Pollut. Res. 2016,
24, 628–643. [CrossRef]

40. Dashamiri, S.; Ghaedi, M.; Asfaram, A.; Zare, F.; Wang, S. Multi-response optimization of ultrasound assisted
competitive adsorption of dyes onto Cu (OH)2-nanoparticle loaded activated carbon: Central composite
design. Ultrason. Sonochem. 2017, 34, 343–353. [CrossRef]

© 2020 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

378



water

Article

Adsorption of Methylene Blue in Water onto
Activated Carbon by Surfactant Modification

Yu Kuang 1 , Xiaoping Zhang 1,2,3,4,* and Shaoqi Zhou 1

1 School of Environment & Energy, Guangzhou Higher Education Mega Centre, South China University of
Technology, Guangzhou 510006, China; eskuangyu@mail.scut.edu.cn (Y.K.); fesqzhou@yeah.net (S.Z.)

2 The Key Laboratory of Pollution Control and Ecosystem Restoration in Industry Clusters of Ministry of
Education, Guangzhou 510006, China

3 Guangdong Environmental Protection Key Laboratory of Solid Waste Treatment and Recycling, Guangzhou
510006, China

4 Guangdong Provincial Engineering and Technology Research Center for Environmental Risk Prevention and
Emergency Disposal, Guangzhou 510006, China

* Correspondence: xpzhang@scut.edu.cn; Tel.: +86-1367-892-0429

Received: 19 January 2020; Accepted: 18 February 2020; Published: 21 February 2020

Abstract: In this paper, the enhanced adsorption of methylene blue (MB) dye ion on the
activated carbon (AC) modified by three surfactants in aqueous solution was researched. Anionic
surfactants—sodium lauryl sulfate (SLS) and sodium dodecyl sulfonate (SDS)—and cationic
surfactant—hexadecyl trimethyl ammonium bromide (CTAB)—were used for the modification of AC.
This work showed that the adsorption performance of cationic dye by activated carbon modified
by anionic surfactants (SLS) was significantly improved, whereas the adsorption performance of
cationic dye by activated carbon modified by cationic surfactant (CTAB) was reduced. In addition,
the effects of initial MB concentration, AC dosage, pH, reaction time, temperature, real water samples,
and additive salts on the adsorption were studied. When Na+, K+, Ca2+, NH4+, and Mg2+ were
present in the MB dye solution, the effect of these cations was negligible on the adsorption (<5%). The
presence of NO2- improved the adsorption performance significantly, whereas the removal rate of
MB was reduced in the presence of competitive cation (Fe2+). It was found that the isotherm data had
a good correlation with the Langmuir isotherm through analyzing the experimental data by various
models. The dynamics of adsorption were better described by the pseudo-second-order model and
the adsorption process was endothermic and spontaneous. The results showed that AC modified by
anionic surfactant was effective for the adsorption of MB dye in both modeling water and real water.

Keywords: activated carbon; modification; surfactant; adsorption; methylene blue; ions effect

1. Introduction

As a cationic dye, methylene blue (C16H18ClN3S, MB) is widely used in chemical indicators,
dyes and biological dyes. A large amount of organic dye wastewater is produced in the processes of
the printing and dyeing industries. The dye wastewater has characteristics such as large discharge,
high chromaticity, high organic matter concentration, and poor biodegradability, and greatly affects
the water body health and the photosynthesis of microorganisms in the water environment [1,2].

At present, many researchers have used different methods to treat the dye wastewater [3]. Typical
treatment methods include physical, chemical, and biological methods, such as flocculation [4],
membrane filtration [5,6], advanced oxidation [7], ozonation, photocatalytic degradation [8],
and biodegradation. These traditional methods have inherent limitations [9] such as the complex and
uneconomical of nature of the technology, and thus it is necessary to seek efficient and simple dye
wastewater treatment methods [10].
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Compared with other treatment methods, the adsorption method is considered as prevailing over
other dye wastewater treatment technology due to its advantages such as high efficiency, low cost,
simple operation, and insensitive of toxic substances [11]. Activated carbon is the most commonly
used adsorbent, and is widely used to remove the organic and inorganic pollutants in water phase.

Adsorption capacity is an important index to evaluate the adsorption effect of adsorbent. Various
low-cost alternative adsorbents from agricultural solid waste, industrial solid waste, agricultural
by-products, and biomass are used in wastewater treatment. For example, clay [12], sludge [13],
montmorillonite [14], flax fiber [15], zeolite [16,17], and biochar (rice husk [18,19], pinewood [20],
wheat [21], sugarcane bagasse [22], switchgrass [23], Ficus carica bast [24]) as adsorbents have been
used for adsorption treatment of dye wastewater. However, common activated carbon is not widely
used to adsorb and remove pollutants due to its low adsorption capacity, which is caused by small
specific surface area and poor adsorption selection performance, as well as limitations of the surface
functional groups and electrochemical properties.

In many cases, it is required to modify activated carbon surface to enhance its affinity with
target pollutants and increase its adsorption capacity and improve the removal effect of pollutants
in different types of industrial wastewater. The methods used to modify activated carbon include
physical, chemical, and biological methods. As a chemical modification technology of activated carbon,
surfactant modification shows great significance. Surfactant modification for activated carbon can
improve the hydrophilicity and the dispersion of activated carbon in water due to an increase in the
affinity between activated carbon and water and the decrease of the attractive energy between particles.
Surfactant has the advantages of low cost [25] and less damage to the structure of activated carbon.
Moreover, the surfactant can change the surface charge characteristics of activated carbon and provide
more ionic adsorption sites for pollutants, which can not only enhance the adsorption capacity of ionic
pollutants on activated carbon [26], but also can promote selective adsorption.

In wastewater treatment, activated carbon modified by surfactant is used as an adsorbent to
remove various pollutants, including organic pollutants [26,27], reactive dyes [15,21,28,29], and heavy
metals [30,31]. Surfactants are classified into anionic, cationic, non-ionic, and amphoteric ions according
to the type and performance of the hydrophilic group [22]. Sodium lauryl sulfate (SLS) is a nontoxic
anionic surfactant. Much research into the effect on inorganic metal ions by activated carbon modified
by surfactant has been reported, however, the study of organic dyes adsorption by SLS-C has been
rarely reported.

Previous research has shown that activated carbon modified by different surfactants have
different effects on various water quality dye wastewater. Therefore, it is necessary to determine
how the coexistence of other ions would affect the adsorption. Meanwhile, more information is still
required in order to better understand of the adsorption behavior of methylene blue cationic dyes on
modified-activated carbon.

The feasibility of removing MB from aqueous solution by surfactant-modified activated carbon
was investigated. The purposes of the study were to (1) confirm the adsorption rate and capacity
through the adsorption models; (2) determine the various parameters that affect sorption, such as initial
dye concentration, temperature, pH, adsorbent dose, and additive salts; and (3) obtain the adsorption
effect of adsorbent in actual water samples.

2. Materials and Methods

2.1. Materials

Methylene blue (Figure 1, C16H18ClN3S) was used as adsorbent. The molar mass of MB molecule
is 319.85 g·mol−1. The surfactants used in this study were sodium lauryl sulfate (SLS, C12H25SO4Na),
sodium dodecyl sulfonate (SDS, C12H25SO3Na), and hexadecyl trimethyl ammonium bromide (CTAB).
Other chemicals used were calcium chloride (CaCl2), magnesium sulfate heptahydrate (MgSO4·7H2O),
sodium sulfate (Na2SO4), potassium chloride (KCl), sodium chloride (NaCl), sodium nitrite (NaNO2)
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and ferrous sulfate (FeSO4). All chemicals were purchased from Shanghai Aladdin Bio-Chem
Technology Co., LTD. The powdered activated carbon (AC) was purchased from Tianjin Fuchen
Chemical Reagent Co., Ltd. All the chemicals were used without any further purification.
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Figure 1. The chemical structure of methylene blue (MB).

2.2. Preparation of Surfactant-modified Activated Carbon

A total of 5 g of AC and 8.60 mM anionic surfactant SLS were added to 100 mL of solution. The
mixture was oscillated in a shaker at 301 K for 6 h, and after that, the AC was filtrated and washed with
deionized water. The filtrated AC was dried in an air-dry oven at 313 K for 24 h, and then was stored in
a sealed and dry environment. Studies have shown that the concentration of surfactant corresponding
to critical micelle concentration (CMC) is the best for adsorption [32]. It has been reported that the
critical micelle concentration (CMC) of SLS is 8.60 mM at 28◦C. The raw AC and surfactant-modified
AC were called Virgin-C and SLS-C, respectively. The surfactant sodium dodecyl sulfonate (SDS) and
hexadecyl trimethyl ammonium bromide (CTAB) were used to modify AC in the same method at the
concentration of 1 CMC, called SDS-C and CTAB-C, respectively.

2.3. Adsorption Experiments

The adsorption capacity of MB on modified AC carried out in the batch adsorption experiment by
investigating the effect of experimental variables such as pH (1–12), initial MB concentration (10, 30, 50
mg·L−1), contact time, adsorbent dosage, temperature (298, 308, 318, 328K), and ionic species. The
initial pH of the solution was adjusted with 0.1 M hydrochloric acid (HCl) and sodium hydroxide
(NaOH) solution and determined with pH meter. A certain amount of modified AC was added to a 250
mL conical flask solution containing 100 mL of solution at certain concentrations of MB. Each mixture
was oscillated at 170 r·min−1 at 25 ◦C at the given time interval. After the adsorption process, the
samples were filtered and analyzed. The reserve solution of MB (1 g·L−1) was prepared by dissolving
the suitable amount MB in distilled water. All the experiments were done in triplicate.

2.4. Analytical Methods

According to the Standard Methods of Water and Wastewater Monitoring and Analysis Method,
the absorbance of MB solution was measured by UV-visible spectrophotometer (INESA Scientific
Instrument Co., Ltd. Shanghai, China) at 664 nm, which is the maximum absorption peak of MB.
The concentration and removal rate of MB was obtained through the curve of relationship between
solution concentration and absorbance of MB (Figure S1). The pH was measured using a DZS-706A
multi-parameter meter (INESA Scientific Instrument Co., Ltd. Shanghai, China).

By measuring the absorbance of dye solution before and after treatment, the removal of MB on
SLS-C adsorbent was studied with the batch equilibrium method. On the basis of Equations (1) and
(2), the removal rate of dye in equilibrium state was calculated.

Qe =
(C0 −Ce)V

m
(1)

Removel percentage =
(C0 −Ce)

C0
× 100, (2)
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where Qe represents the quantity of dye per unit mass of adsorbent (mg·g−1); C0 and Ce are the initial
and equilibrium concentrations, respectively; V is the volume of MB dye solution in liters; and m is the
weight of SLS-C adsorbent in grams.

3. Results

3.1. Effect of Different Surfactants

Figure 2 showed the extent of adsorption of MB on AC modified with different surfactants in
aqueous solution at the initial MB concentration of 50 mg·L−1. The results showed that SLS-C represents
the highest MB adsorption capacity, followed by Virgin-C, SDS-C, and CTAB-C.
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S/L = 0.15 g·L−1, T = 298 K, pH = 5.0).

Compared with SLS-C and SDS-C, CTAB-C showed the weakest adsorption for MB dye. As a
cationic surfactant, CTAB had a repulsive force with dye cations and occupied the adsorption sites on
activated carbon, resulting in a low adsorption capacity of cationic MB dye.

Compared with the unmodified AC, surfactants loaded on activated carbon may clog the pores of
AC, which reduces its ability to adsorb MB. On the other hand, the ionic functional groups of loaded
surfactants can provide ion exchange sites with a higher affinity for MB than the unmodified AC
surface. The higher MB adsorption on SLS-C compared with Virgin-C indicated that the positive effect
of the functional group of SLS-C exceeded the negative effect of the pore blocking, whereas the lower
MB removal by SDS-C compared with Virgin-C indicated that the negative effect of the pore blocking
exceeded the positive effect of the functional group of SDS-C.

AC modified by anionic surfactants showed a strong adsorption capacity for MB dye due to the
strong binding between the anionic surfactant and the cationic MB dye. The chemical properties of
the functional groups of surfactant play an important role in adsorption. The cations attached to the
strong acid conjugate base of SLS, such as sodium ions (e.g., R-SO3

− Na+) and protons (e.g., R-SO3
−

H+), can be easily dissociated in aqueous solution and exchanged with an MB ion [27]. Therefore the
SLS-C showed high MB removal effect. The affinity between the functional group on SDS and MB
dye was weaker than that of SLS due to it being without strong acid conjugate base, which made the
adsorption effect on MB lower than SLS-C.

The possible chemical adsorption processes of MB on SLS-C are shown in Figure 3. The reactions
between MB dye cation (M+) with RSO3Na on SLS-C occurred regarding Equations (3)–(5). RSO3Na is
the active hydrophilic group of SLS and ROH represents the carboxyl, phenolic hydroxyl on AC.

RSO3Na + H+ ↔ RSO3H + Na+, (3)

RSO3Na + M+ ↔ RSO3M + Na+, (4)
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ROH + M+ ↔ ROM + H+, (5)
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Figure 3. The chemical adsorption between MB dye and the surface functional groups on sodium
lauryl sulfate (SLS)-C.

3.2. Characterization of SLS-C

FE-SEM (Field Emission Scanning Electron Microscope) was used to observe the surface of the
adsorbent. Figure 4 shows the detailed surface characteristics of the adsorbent. Figure 4a shows the
surface of Virgin-C with a small amount of carbon debris and micropore of different sizes. Figure 4b
shows the surface of SLS-C with a great quantity of pores and a large number of material debris
occupying the pores compared with untreated AC. This was due to the electrostatic interaction and
adhesion of SLS molecules. A large number of material debris occupied the pores, which could lead to
a reduction in surface area, but could provide adsorption and ion exchange sites for MB.
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3.3. Effects of Initial Solution pH

Figure 5 shows the variation of removal rate and adsorption capacities of MB on SLS-C at various
pH values. As can be seen from Figure 5a, the alkaline condition was favorable for the adsorption of
MB on SLS-C. According to Figure 5b, when the initial concentration of MB was 10, 30, and 50 mg·L−1,
the adsorption capacities of MB were 62.67, 168.39, and 193.33 mg·g−1, respectively, at a natural pH
value of 4.8, and the adsorption capacities of MB were 62.90, 179.78, and 220.49 mg·g−1 at a pH of 12.00.
Thus, both the MB adsorption removal rate and adsorption capacities were increased with the increase
of pH value.
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The pH values of dye solution control the extent of ionization of the acidic and basic compounds
and affect the surface charge of SLS-C [7,33]. At lower pH, the dissociation of hydrogen ions (H+)
by oxygen-containing functional groups on SLS-C would be inhibited, and the electronegativity of
SLS-C and electrostatic attraction force between dye cation and SLS-C were relatively weak. Moreover,
the fact that the free hydrogen ions inhibited the adsorption reaction of dye cation onto AC site by
competing adsorption could lead to a reduction in MB removal rate. The increase in the concentration
of hydroxide ions in the solution made the dissociation degree of MB small, and thus the removal rate
of MB was improved as the pH value increased [34]. In addition, the dissociation degree of H+ by the
oxygen-containing functional groups on the surface of the SLS-C increased with the increase of pH,
which increased the electronegativity of SLS-C and the electrostatic attractive force between the dye
cation and SLS-C [25]. Furthermore, hydroxyl groups (O-H) and carbonyl groups (C=O) on the surface
of the adsorbent can also attract the cationic dye molecules under the condition of high pH value [35].
Therefore, SLS-C has a good adsorption capacity of MB in an alkaline environment.

The results have resemblance to previous studies by Karaca [11]. The study by Yagub et al. [36]
showed that the adsorption rate of cationic dye MB by raw pine leaf biochar at high pH values was
better than that at low pH values. The adsorption rate had a noticeable increase at pH from 2 to 7,
and slightly increased at the range of pH 7–9. The effect of pH on MB adsorption by various ACs
was studied by Kannan N et al. [37], showing that the adsorption capacity of dye increased with the
increase of initial pH.

Figure 6 shows the zeta potential variation of AC with pH before and after modification. The
pHPZC of SLS-C and Virgin-C were 3.37 and 4.10. The result demonstrated that SLS-C has a higher
surface electronegativity than that of Virgin-C, which was attribute to the hydrophobic alkyl end of
surfactant attached to the nonpolar surface of activated carbon by van der Waals force. The AC surface
oxygen-containing functional groups such as carboxyl and phenolic hydroxyl were covered with SLS
to lead the amount of dissociated H+ to decrease. The enhanced electronegativity of SLS-C made
it have a better electrostatic attraction and adsorption capacity to MB than Virgin-C. When pH was
around 4 to 8, the adsorption rate of MB on SLS-C was relatively stable in this experiment. Therefore, a
pH value of 5 was chosen for the adsorption research.
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Figure 6. The zeta potential of Virgin-C and SLS-C. 
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Figure 7. Effect of adsorbent dose on MB adsorption on SLS-C sample (contact time = 120 min). 
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3.4. Effect of Adsorbent Dose

Adsorbent dose is an important factor that affects the adsorption performance. The influence of
adsorbent dose in adsorption of MB was studied to obtain a most appropriate amount of adsorbent at
various MB concentrations [38]. The effect of adsorbent dose was studied by 100 mL of three different
MB concentrations (10, 30, and 50 mg·L−1) under different adsorbent doses (5, 7.5, 10, 15, 20, 30, 40, 50,
75, and 100 mg), as shown in the diagram below (Figure 7). A similar trend in adsorption behavior of
MB on SLS-C under various MB concentrations was observed.
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saturated value at adsorbent mass of 15, 20, and 30 mg corresponding to the initial MB concentration 
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Figure 7. Effect of adsorbent dose on MB adsorption on SLS-C sample (contact time = 120 min).

As the mass of adsorbents increased, the removal rate of MB gradually increased due to the
increases of the number of adsorbent pores and adsorption sites. The adsorption would tend to an
equilibrium when the mass of adsorbent reached a certain value. The removal rate of MB reached the
saturated value at adsorbent mass of 15, 20, and 30 mg corresponding to the initial MB concentration
of 10, 30, and 50 mg·L−1, respectively. At high adsorbent dosages, the available number of MB dye
molecules in solution was not enough to completely combine with all effective adsorption sites on the
adsorbent, resulting in a surface equilibrium state and a reduction in the adsorption capacity per unit
mass of adsorbent.
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3.5. Effects of Contact Time

Figure 8 showed the relationship between the adsorption rate and the adsorption capacity of MB
on SLS-C and time at three initial MB concentrations (10, 30, and 50 mg·L−1).
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Figure 8. Effect of contact time on adsorption of MB on SLS-C at pH = 5.0, S/L = 0.15 g·L−1. (a) The
adsorption rate; (b) the adsorption capacity.

It can be seen in Figure 8 that the removal efficiency and adsorption capacity of MB by SLS-C
was increased with an increase in contact time and then reached a maximum value. The process was
divided into two phases. The first step took 5–30 min to reach the relative adsorption equilibrium
state called fast adsorption. This performance was due to the binding process between MB dye and
the adsorption active sites, and functional groups on the SLS-C adsorbent were fully and efficiently
completed. The absorption rate of the dye was controlled by the rate of the dye transported from the
solution to the surface of the adsorbent particles. The second step was called slow adsorption process.
After 30 min of contact time, the relative increase in the removal extent of MB was not significant, and
with the increase of time, the adsorption rate decreased and gradually stabilized. This performance
was due to the binding process between MB dye and the adsorption active sites, and functional groups
on the SLS-C adsorbent were gradually saturated. The absorption rate of the dye was controlled by the
rate of the dye transported from the exterior to the interior pore sites of the adsorbent particles [39].

Moreover, the lower the dye initial concentration, the shorter the time to achieve the adsorption
equilibrium state. The results were basically consistent with previous studies on the removal rate of
dyes [29]. Considering the relationship between the contact time and the MB removal, the contact time
for subsequent experiments was selected as 120 min.

3.6. Effects of Initial MB Concentration

The influence of different initial dye concentrations (10, 20, 30, 40, 50 mg·L−1) on the decolorization
efficiency of MB dye was studied using the same mass of SLS-C and adjusting the dye solution pH to 5.
A 15 mg adsorbent sample was added to 100 mL dye solution and adsorbed for 120 min at 298K. The
experimental data are given in Table 1.

According to the listed data (Table 1), the decolorization rate (%) of MB by 15 mg of the SLS-C
adsorbent decreased from 96.6% to 58.7% when the initial dye concentration increased from 10 to 50
mg·L−1. However, as the initial dye concentration increased from 10 to 50 mg·L−1, the adsorption
capacity at equilibrium (Qe) increased from 64.4 to 195.8 mg·g−1. Moreover, the maximum adsorption
capacity at equilibrium (Qe) was calculated up to value of 195.8 mg·g−1 when the dye concentration was
40 mg·L−1. It was found that when the MB concentration was greater than 40 mg·L−1, the adsorption
sites on the adsorbent were completely adsorbed, and thus the adsorption amount of activated carbon
at a MB concentration of 40 mg·L−1 was similar to that at MB concentration of 50 mg·L−1.
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Table 1. Effect of initial MB concentration on the percentage extraction of dye.

MB Concentration
(mg·L−1)

SLS-C Virgin-C

Percent
Adsorption (%)

Adsorption
Capacity (mg·g−1)

Percent
Adsorption (%)

Adsorption
Capacity (mg·g−1)

10 96.6 64.4 80.9 53.9
20 90.6 120.8 72.7 96.0
30 86.7 173.4 66.3 132.6
40 73.4 195.8 51.9 138.4
50 58.7 195.7 41.3 137.6

The removal extent of dyes was decreased with an increase in the initial MB concentration due to
the lack of available active sites under high concentration condition of MB [40], whereas the adsorption
capacity of MB on SLS-C increased with the increase of initial MB concentration. The sulfate functional
group of SLS provided ion exchange sites conducive to the MB ion adsorption. Compared with
untreated AC, activated carbon modified by anionic surfactant has more positively charged adsorption
sites and high adsorptive capacity for removing cationic dye [12,27].

3.7. Adsorption Kinetics and Isotherm

3.7.1. Adsorption Kinetics

Adsorption kinetics mainly studies the reaction rate between adsorbents and adsorbates and the
factors affecting the reaction rate. The adsorption data were fitted by kinetic models and the adsorption
mechanism was discussed according to the fitting results. The adsorption kinetics of MB on SLS-C were
studied by using four kinetic equation models to confirm the most effective equation. The consistency
between the experimental results and the theoretical values of the model was assessed on the basis of
the coefficient of determination (R2 value was close to or equal to 1).

The principle of the pseudo-first-order kinetic model is that the reaction rate is proportional to
the number of ions remaining in the solution, assuming that adsorption is controlled by diffusion
steps [41]. It is assumed that the adsorption rate is proportional to the difference between the saturated
concentration and the adsorption amount of SLS-C with time. The integral equation is shown below in
Equation (6).

ln(Qe −Qt) = lnQe − k1t (6)

where k1 is the rate constant of adsorption (min−1), Qe is the quantity of dye adsorbed at equilibrium
(mg·g−1), and Qt is the equilibrium concentration at various times t (in mg·L−1). The rate constant
in this model was determined by the slope of the plot of ln(Qe −Qt) over time (t). The results of R2

calculated were in the range of 0.644–0.974. In addition, the large differences between the value of
Qe,exp and Qe,cal indicated that the pseudo-first order model was not an effective model to explain the
adsorption process.

The pseudo-second-order kinetic model, which can be expressed as the reaction rate being
proportional to the concentrations of the two reactants, assuming the adsorption is controlled by
chemical adsorption steps, can be expressed by Equation (7) [42].

t
Qt

=
1

k2Q2
e
+

t
Qe

(7)

where k2 is the second-order-rate constant (g·mg−1·min−1) that can be determined for different MB
concentrations according to the linear plots of t/Qt versus t, as shown in Figure 9. The calculated
correlation coefficients (R2) were found to be greater than 0.999, and the experimental Qe differing from
the calculated ones are listed in Table 2. Obviously, from the values calculated by pseudo-second-order
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kinetic model, Qe,cal had good agreement with the experimental Qe,exp. This behavior indicated that the
pseudo-second order model was the best model to explain the adsorption process of MB on SLS-C.Water 2020, 12 x; doi: FOR PEER REVIEW 10 of 19 
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Figure 9. (a) Pseudo-second order plots and (b) the adsorption capacity (݁ݍ) for the adsorption of MB 
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Figure 9. (a) Pseudo-second order plots and (b) the adsorption capacity (qe) for the adsorption of MB
on SLS-C at various initial concentrations, pH = 5.0, S/L = 0.15 g·L−1, T = 25 ◦C.

Table 2. Pseudo-First-Order model and Pseudo-Second-Order model form removal of MB by SLS-C.

C0
(mg.L−1)

Qe,cal
(mg.g−1)

Pseudo-First-Order Model Pseudo-Second-Order Model

k1 (min−1) Qe (mg.g−1)
(exp.) R2 k2 (g.mg−1.

min−1)
Qe (mg.g−1)

(exp.) R2

10 64.4 0.0090 4.4 0.644 0.00195 64.1 1
30 173.4 0.0107 40.9 0.966 0.00188 171.1 0.999
50 195.7 0.0069 42.1 0.974 0.00157 190.9 0.998

The intra-particle diffusion model divides the adsorption process into two main steps including
the migration of solute molecules from aqueous solution to the surface of adsorbent particles and the
diffusion of adsorbate molecules into the interior pores of the adsorbent [43].

The adsorption process was studied Weber–Morris intra-particle diffusion model which is
expressed as Equation (8).

Qt = kipt
1
2 + Ci (8)

where kip (mg·g−1·min−1/2) is the rate constant of the intra-particle diffusion model, and Ci is the
constants related to boundary layer thickness expressed in milligrams per gram (mg·g−1), which can
be calculated according to slope and intercept of the plot of Qt versus the square root of time t1/2.

The straight line fitted by the intra-particle model (as shown in Figure S2) without passing through
the origin indicated that the adsorption process was controlled not only by the intra-particle diffusion
but also by other adsorption processes. The constant Ci (57.64, 127.73, 144.74) was found to increase
with the increase of MB dye concentration, which may have been due to the increase of the boundary
layer thickness (as shown in Table 3). The high values of Ci indicated that the external diffusion of MB
molecule on SLS-C was very important in the initial adsorption period. The values of R2 were close to
1 and show a good application of the intra-particle model in the sorption process.
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Table 3. Intra-particle diffusion model and Elovich model from removal of MB by SLS-C.

C0
(mg·L−1)

Intra-Particle Diffusion Model Elovich Model

kip
(mg·g−1·min−1/2)

Ci R2 α (mg·g−1·min−1)β (mg·g−1) R2

10 Kip1 = 3.800
Kip2 = 0.303 57.64 0.985

0.974 2.395 0.436 0.816

30 4.426 127.73 0.957 14.373 0.078 0.997
50 4.542 144.74 0.974 14.197 0.078 0.970

The Elovich model of adsorption process was expressed as Equation (9), which describes
adsorption in a non-ideal state. The adsorption process is divided into the fast adsorption and slow
adsorption process.

Qt =
1
β

lnα β+
1
β

ln t (9)

where α represents the initial adsorption rate (mg·g−1·min−1) and β is the desorption coefficient
(mg·g−1). The graph of Qt versus ln t is a line with a slope of 1/β and an intercept of 1/β ln(α β). The
correlation coefficient (R2) at MB concentrations of 10, 30, and 50 mg·L−1 were identified as being 0.816,
0.997, and 0.970, respectively. The fitting data calculated from Elovich kinetic model showed that
when the initial concentration of MB was 10 mg·L−1, the models described the observations not well.
Nevertheless, that the experimental results could be well described by the Elovich model at the initial
concentration of MB higher than 10 mg·L−1 indicated that the rate-limiting step was the intraparticle
diffusion process but not the only process [22,44].

The results showed that the pseudo-second-order kinetic model can be used to describe the
adsorption of MB on SLS-C and proved that chemical adsorption dominated the adsorption process.
The adsorption process not only included the processes of the liquid film diffusion and the internal
diffusion of micropores, but also the chemical adsorption process with electrons shared and gained or
loss of electrons between cationic dyes and functional groups on the SLS-C surface [30].

3.7.2. Adsorption Isotherm

The adsorption process is divided into two parts, adsorbent adsorption pollutants and pollutants
desorption from the adsorbent. When the rate of the two processes is the same, the adsorption will
enter a dynamic equilibrium state. Adsorption isotherms are used to study the relationship between
the equilibrium adsorption capacity and the equilibrium concentration of pollutants under certain
conditions (temperature and pH remain unchanged). The adsorption isotherms were studied to provide
a basis for revealing adsorption behavior, indicating possible adsorption mechanism, and estimating
adsorption capacity. Three models, the Langmuir model, Freundlich model, and Temkin model,
were used to describe adsorption isothermal behavior.

The Langmuir model assumes that adsorption is localized on a monolayer, and all adsorption
sites on the adsorbent are homogeneous and have the same adsorption capacity [45]. The Langmuir
isotherm equation is Equation (10):

Ce

Qe
=

1
Qmax KL

+
Ce

Qmax
(10)

where Ce is the equilibrium concentration (mg·L−1), Qe is the amount of adsorbed dye at equilibrium
(mg·g−1), Qmax (mg·g−1) is the Langmuir constants that are related to the adsorption capacity, and
KL (L·mg−1) is the adsorption rate. The value of R2 obtained from the linear graph of Ce/Qe versus
Ce was 0.993, which demonstrated that the adsorption process meets the Langmuir isotherm model,
as exhibited in the diagram (Figure 10). The value of Qmax and KL are shown in Table 4.
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Figure 10. (a) Langmuir, (b) Freundlich, and (c) Temkin isotherm plots for adsorption of MB on SLS-
C. 

3.8. Temperature Effect and Thermodynamic Parameters 

The influence of temperature was studied by three MB concentrations (10, 30, and 50 mg.L−1) at 
different temperature values (25, 35, 45, and 55°C) and the results are graphed in Figure 11. The 
higher the temperature, the higher the adsorption ability of MB on SLS-C at all concentrations. This 
indicated that the adsorption was a spontaneous endothermic process. 

The thermal motion, the solubility, and the chemical potential of dye molecules increased with 
the increase of temperature [47]. Moreover, the pore structure of AC was closely related to 
temperature. The pore structure and number of active adsorption sites of AC increased with the 
increase of temperature due to thermal expansion. These reasons led to the increase of adsorption 
capacity of MB on SLS-C with the increase of temperature. 

Figure 10. (a) Langmuir, (b) Freundlich, and (c) Temkin isotherm plots for adsorption of MB on SLS-C.

Table 4. Isotherm parameters of the Langmuir, Freundlich, and Temkin models.

Adsorption Model Isotherm Parameters R2

Langmuir
Qmax = 232.5 mg·g−1

0.999KL = 0.842 L·m-1·g−1

RL= 0.106

Freundlich
K f = 88.235 mg·g−1

0.906
1/n = 0.318

Temkin
B = 38.73 J·mol−1

0.953A = 11.53 L·g−1

b = 63.98 L·g−1

The feasibility of adsorbent adsorption was evaluated by RL. It can be defined by Equation (11) [46]:

RL =
1

1 + KLC0
(11)

where C0 (mg·L−1) is initial dye concentration. The value of RL indicates the type of the isotherm:
irreversible (RL = 0), favorable (0 < RL< 1), linear (RL = 1), or unfavorable (RL > 1). The RL value of MB
adsorption on SLS-C was in the range of 0.661–0.842. It can be testified that the adsorption process
was favorable.
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The Freundlich isotherm model is based on the assumption that multi-layer adsorption processes
occur on heterogeneous surfaces. The Freundlich isotherm linear equation is shown in Equation (12):

ln Qe = lnK f +
1
n

ln Ce (12)

where K f (mg·g−1) is a constant related to the adsorption energy. The value of R2 obtained from the
linear graph of ln Qe versus ln Ce was 0.906. Compared the values of R2 of two isotherms models,
the Langmuir model was more suitable for the experimental equilibrium adsorption data than the
Freundlich model, as shown in Figure 10. The values of 1/n and K f were calculated and listed in
Table 4. The slope (1/n) values reflected adsorption intensity or surface heterogeneity. It is generally
considered as a sign of a good adsorption process when the value of 1/n is in the range of 0.1 to 1.0.
In this experiment, the index value was within the range, indicating that the adsorption process was
favorable. This was in line with the conclusion of the Langmuir model.

The Temkin model considers the interaction between adsorbent and contaminant as a chemical
adsorption process. The Temkin isotherm equation are shown in Equations (13) and (14):

Qe =
RT
b

ln A +
RT
b

ln Ce (13)

B =
RT
b

(14)

where b (mg·L−1) is the Temkin isotherm constant, A (L·g−1) is the Temkin isotherm equilibrium
binding constant, and B is the constant related to the heat of adsorption (J·mol−1). The calculated
values of A, B, and b are shown in Table 4.

The isotherm data were linearized using the Langmuir equation, as shown in Figure 10. The
parameters of Langmuir isotherm are shown in Table 4. The high value of R2 indicated that there was a
good agreement between the model parameters. The theoretical maximum adsorption capacity of MB
on SLS-C, obtained by the Langmuir adsorption isothermal equation fitting, was up to 232.5 mg·g−1,
whereas the theoretical maximum adsorption capacity of Virgin-C was 153.8 mg·g−1. The Freundlich
equation and Temkin equation were also used to fit the same data, as shown in Figure 10. The relevant
coefficients can be calculated from three isotherms, such as KL, Qmax, RL, K f , n, A, B, and b. The values
are listed in Table 4.

The adsorption isotherm analysis results were in good agreement with the Langmuir, Freundlich,
and Temkin models, but the Langmuir model had better consistency. These results indicated that the
MB adsorption sites of the adsorbent were homogeneous, which was consistent with the assumption
of the Langmuir model. For SLS-C, the surfactant molecules covered the AC surface uniformly,
resulting in the homogeneous adsorption sites. Therefore, it can be inferred that the adsorption
mechanism of MB adsorption by SLS-C was the physical and chemical monolayer adsorption.

3.8. Temperature Effect and Thermodynamic Parameters

The influence of temperature was studied by three MB concentrations (10, 30, and 50 mg.L−1) at
different temperature values (25, 35, 45, and 55◦C) and the results are graphed in Figure 11. The higher
the temperature, the higher the adsorption ability of MB on SLS-C at all concentrations. This indicated
that the adsorption was a spontaneous endothermic process.

The thermal motion, the solubility, and the chemical potential of dye molecules increased with the
increase of temperature [47]. Moreover, the pore structure of AC was closely related to temperature. The
pore structure and number of active adsorption sites of AC increased with the increase of temperature
due to thermal expansion. These reasons led to the increase of adsorption capacity of MB on SLS-C
with the increase of temperature.

391



Water 2020, 12, 587

Water 2020, 12 x; doi: FOR PEER REVIEW 14 of 19 

 

20 30 40 50 60
50

60

70

80

90

100

A
ds

or
pt

io
n 

(%
)

T (℃)

 10 mg/L
 30 mg/L
 50 mg/L

 
Figure 11. Influence of temperature on MB removal efficiency by SLS-C (adsorbent dosage S/L = 0.15 
g·L−1, pH = 5.0, contact time = 120 min). 

The temperature effect and sorption mechanism were further discussed in the study of 
adsorption thermodynamics. The thermodynamics of adsorption of SLS-C were analyzed from the 
view of energy. Studying on the driving force of adsorption by the adsorption thermodynamics 
method determined whether the adsorption process was spontaneous or not. The values of 
thermodynamic parameters, such as free energy change (∆G), enthalpy change (∆H), and entropy 
change (∆ܵ), are usually calculated on the basis of the thermodynamic formulas shown in Equations 
(15)–(18) [48]: ∆G	 = 	˗RT lnܭ, (15)

ܭ 	= ܳ	ܥ	, (16)

ln ܭ 	= 	∆ܴܵ − (17) 					ܴܶܪ∆

∆G	 = 	∆H − T∆S			 (18)

where ܭ is the thermodynamic constant, ܴ is the universal gas constant (8.314 J·mol−1·K−1), and T 
is the absolute temperature (ܭ). The ∆G is the Gibbs free energy change (kJ·mol−1), ∆S is the entropy 
change (kJ·mol−1·K−1), and ∆H is the enthalpy change (kJ·mol−1). The slope and intercept of the linear 
graph about ln ܭ versus 1/T, as shown in Figure 12, can be respectively obtained from the values 
of ∆H and ∆ܵ, as listed in Table 5. 

0.00304878 0.003144654 0.003246753 0.003355705
1.5

2.0

2.5

3.0

3.5

4.0

4.5

5.0

5.5

R2=0.9445

R2=0.9754

R2=0.9897

In
K

c

1/T

 10 mg/L
 30 mg/L
 50 mg/L

 
Figure 12. Thermodynamics parameters on the adsorption of MB by SLS-C. 

  

Figure 11. Influence of temperature on MB removal efficiency by SLS-C (adsorbent dosage
S/L = 0.15 g·L−1, pH = 5.0, contact time = 120 min).

The temperature effect and sorption mechanism were further discussed in the study of adsorption
thermodynamics. The thermodynamics of adsorption of SLS-C were analyzed from the view of energy.
Studying on the driving force of adsorption by the adsorption thermodynamics method determined
whether the adsorption process was spontaneous or not. The values of thermodynamic parameters,
such as free energy change (∆G), enthalpy change (∆H), and entropy change (∆S), are usually calculated
on the basis of the thermodynamic formulas shown in Equations (15)–(18) [48]:

∆G = −RT ln KC, (15)

Kc =
Qe

Ce
, (16)

ln KC =
∆S
R
− ∆H

RT
(17)

∆G = ∆H− T∆S (18)

where KC is the thermodynamic constant, R is the universal gas constant (8.314 J·mol−1·K−1), and T is
the absolute temperature (K). The ∆G is the Gibbs free energy change (kJ·mol−1), ∆S is the entropy
change (kJ·mol−1·K−1), and ∆H is the enthalpy change (kJ·mol−1). The slope and intercept of the linear
graph about ln KC versus 1/T, as shown in Figure 12, can be respectively obtained from the values of
∆H and ∆S, as listed in Table 5.
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Table 5. Thermodynamic parameters for removal efficiency of MB on SLS-C.

Thermodynamics

c/mg·L−1 T/K ∆G/kJ·mol−1 ∆S/kJ·mol−1·K−1 ∆H/kJ·mol−1

10

298 −11.78

0.059 5.90
308 −12.38
318 −12.97
328 −13.56

30

298 −8.84

0.064 10.28
308 −9.48
318 −10.12
328 −10.77

50

298 −5.57

0.067 14.46
308 −6.24
318 −6.91
328 −7.58

The negative ∆G values, which can be seen from Table 5, demonstrated the discolored process
of MB on SLS-C in terms of feasibility and spontaneity [49]. The positive ∆H values of 5.90, 10.28,
and 14.46 KJ·mol−1 at different temperatures prove that the adsorption was an endothermic process
at initial dye concentrations of 10 mg·L−1, 30 mg·L−1, 50 mg·L−1, respectively [50]. In the adsorption
of different MB dye concentrations on SLS-C, ∆S values were 0.059, 0.064, and 0.067 kJ·mol−1·K−1,
respectively. The positive values of ∆S indicated that the randomness of the solid/solution interface
increased during the adsorption process [13].

3.9. Effect of Additive Salts

The effects of different salts such as NaCl, KCl, CaCl2, NH4Cl, MgSO4.7H2O, NaNO2, and FeSO4

on adsorption were studied in 100.0 mL MB solution under the different concentration conditions of
10, 30, and 50 mg·L−1. A total of 200.0 mg of additive salt was added into the dye solution, adjusting
the pH value to 5.0 and oscillating for 30 min. The effect of salt species on the adsorption of MB on
SLS-C are listed in Table 6.

Table 6. Effect of salt species on the removal efficiency (%) of MB at 25◦C, t = 30 min.

MB
Concentration

(mg·L−1)

Removal Efficiency (%) in Presence of Salt Species

None NaCl KCl CaCl2 NH4Cl MgSO4 NaNO2 FeSO4

10 94.3 94.6 94.6 94.6 94.6 94.6 94.6 90.4
30 78.1 79.7 77.0 78.3 78.3 73.7 85.3 60.5
50 53.2 55.5 52.7 53.9 53.9 52.0 56.9 44.2

The presence of coexisting ions (Na+, K+, Ca2+, NH4+, Mg2+) had little effect on the adsorption of
MB on SLS-C. When the concentration of MB was 30 mg·L−1, the removal rates of MB in the presence
of coexisting ions were 73.7%-79.7%, which was similar to the removal rates of 78.1% in the absence of
ions. When the dye concentration was 50 mg·L−1, the removal rate of MB in the presence of coexisting
ions (52.0%-55.5%) was similar to that in the absence of ions (53.2%). This result is similar to the
study on effect of the cations (Na+, K+, Ca2+) on adsorption of ammonium on SLS-C by Wooram
Lee [27]. It indicated that the adsorption process was as insensitive to ionic as Na+, K+, Ca2+, NH4+,
and Mg2+ [51].

The adsorption capacity of MB on SLS-C increased slightly when NaCl, CaCl2, or NH4Cl were
present in the solution system. It may have been due to the increase of dimerization reaction of MB in
solution in the presence of forces such as ion dipole, dipole–dipole interaction, and van-der-Waals
force among dye molecules. The result agreed well with the article of Mohamed E. Mahmoud
that additive salts (NaCl, NaAc, KCl, MgSO4, NH4Cl, and CaCl2) improve the removal rate of dye
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by surfactant-modified AC [22]. When the ion (NO2-) was present, it had a greater impact on the
adsorption of MB by SLS-C. When MB concentration was 30 mg·L−1, the removal rate of MB (85.3%) in
the presence of coexisting ions (NO2-) was higher than that in the absence of ions (78.1%). The reason
may be that NO2- has strong oxidation capacity in dilute solutions. Nitrite such as sodium nitrite and
potassium nitrate are widely used in dye production. At a MB concentration of 50 mg·L−1, the removal
rate of MB (44.2%) by SLS-C in the presence of competitive cation (Fe2+) was lower than that in the
absence of ions (53.2%). The rate of adsorption was reduced because the strong reducibility ferrous
ions occupied the adsorption site of MB on SLS-C.

3.10. Decolorization of MB in Real Water Samples by SLS-C

The adsorption rate of MB by SLS-C in three different real water samples of tap water, raw water,
and waste samples are listed in Table 7. The tap water sample was collected from laboratory faucets,
raw water sample was collected from the back of the Pearl River, and waste water sample was collected
from a nameless river in the campus. The parameters of the water samples are shown in Table S1.
A certain amount of MB was added into 100.0 mL water samples and prepared at concentrations of
10.0, 30.0, and 50.0 mg·L−1, respectively. All the samples were adjusted to pH of 5.0 and shaken for
30min in a shaker. Distilled water samples were treated as blank water samples for comparison. The
experimental results expressed that the adsorption rate of MB by SLS-C in real water samples was
slightly improved relative to modeling dye wastewater.

Table 7. Adsorptive removal of MB dye from real water samples’ SLS-C adsorbent.

Water Sample MB Concentration (mg·L−1) Removal (%)

Distilled water
10 94.3
30 78.1
50 53.4

Tap water
10 94.3
30 80.1
50 54.1

Raw water
10 94.3
30 81.0
50 55.3

waste water
10 94.3
30 81.1
50 55.9

4. Conclusions

This study showed that AC modified by anionic surfactants could significantly improve the
adsorption properties of MB on AC. The solution initial pH, adsorbent dosage, contact time, initial MB
concentration, temperature, and additive salts had a great impact on adsorption properties. The high
adsorption capacity of SLS-C can be attributed to the hydrophobic group of the surfactant, which is
expected to bind to the hydrophobic surface of AC. A specific binding site with the anionic functional
group on SLS-C provided an efficient sorption field for the MB target dye cations. The SLS-C has
advantages such as a strong affinity of acid conjugate base, a number of functional groups per unit
mass adsorbent, and good dispersibility. The study of adsorption of dyes in aqueous solutions at pH
values in the range of 1.0–12.0 confirmed that the adsorption rate increased with the increase of pH.
The adsorption rate of MB by SLS-C increased with increased temperature. The adsorption kinetics
conformed to the pseudo-second-order reaction model and the adsorption isotherm conformed to
the Langmuir adsorption isotherm. The negative ∆G values and positive ∆H values proved that
the adsorption process was an endothermic and spontaneous process. The theoretical maximum
adsorption capacity of MB on SLS-C was 232.5 mg·g−1, whereas the theoretical maximum adsorption
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capacity of Virgin-C was 153.8 mg·g−1. The adsorption equilibrium time was about 120 min. The
presence of cations such as Na+, K+, Ca2+, NH4+, and Mg2+ had negligible impact on the adsorption
of MB on SLS-C (< 5%). The adsorption capacity was significantly improved in the presence of NO2−
and decreased in the presence of cation Fe2+. The application of SLS-C in the decolorization of MB in
tap water, raw water, and waste water proved that the existence of ions has little influence in the MB
adsorption in real water samples.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/2/587/s1,
Figure S1: title, Table S1: title, Video S1: title. Figure S1: MB standard curve (at pH of 5). Figure S2: The
intraparticle diffusion model plots for the adsorption of MB on SLS-C (a) at MB concentration of 10 mg/L, and (b)
at MB concentrations of 10, 30, and 50 mg/L. Table S1: The water quality parameters of different water samples.
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